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Abstract 
Understanding the sources and transport of contaminants of emerging concern 
(CECs) is crucial for risk assessment and mitigation. The goal of this research was to 
augment this knowledge by characterizing the spatiotemporal variability of a diverse set 
of CECs in a mixed land-use watershed. The study area (South Zumbro Watershed, 
Minnesota) presented a gradient of land uses that facilitated the investigation of 
agricultural and urban/residential sources and transport of CECs. Concentrations and 
loadings of CECs in water samples were analyzed in light of spatial, temporal, 
hydrologic, and physicochemical variables. Contaminant mass balances were analyzed 
to characterize the proportional sources and instream transport of CECs. Sediment-
water distributions of CECs were assessed in terms of their magnitude, variability, and 
predictability. 
Three distinct CEC groups emerged with respect to sources, transport, and 
seasonal/temporal patterns. The first group (i.e., atrazine, acetochlor, metolachlor, and 
daidzein) was characterized by agricultural/upstream-dominated sources and transport. 
These CECs were input primarily via upstream routes with loadings and concentrations 
that were greatest during high flows. For the second group (i.e., acetaminophen, 
trimethoprim, DEET, caffeine, cotinine, and mecoprop), a mix of wastewater and runoff 
transport was demonstrated by frequent detections in effluent and upstream samples, 
with peak loadings/concentrations associated with high flows and areas of greater 
population density/development. For the third group (i.e., sulfamethoxazole, 
carbamazepine, erythromycin, tylosin, carbaryl, and 4-nonylphenol), the detections, 
concentrations, and loadings were explained by effluent-dominated sources and 
transport. These CECs showed expected trends of stable loading across events, with 
the greatest concentrations and detection frequencies associated with low flows and the 
wastewater treatment plant. 
Average measured sediment-water distributions exceeded equilibrium 
hydrophobic-based predictions for five of seven detected CECs by at least an order of 
magnitude. The consistency and predictability of the measured distributions improved 
with increasing CEC hydrophobicity and persistence. 
Thus, spatiotemporal analysis can be used to characterize and track CEC 
sources and transport, even for ubiquitous CECs. These results augment existing 
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knowledge of CEC sources, fate, and transport by describing dominant sources, 
transport, and temporal patterns for different types of CECs. This will enhance 
monitoring, exposure/risk assessments, and management of CECs in surface water 
ecosystems. 
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CHAPTER 1. Introduction 
This research project focused on contaminants of emerging concern (CEC) in 
surface waters of the South Fork of the Zumbro River watershed in southeastern 
Minnesota. CECs are synthetic or natural, chemical or microbial contaminants that are 
not commonly monitored in the environment nor commonly subject to health-based 
water quality standards, but that have the potential to enter the environment and cause 
known or suspected adverse human or ecological effects [1-2]. Thus, CECs may be 
candidates for future regulation, depending on their environmental occurrence, 
ecotoxicity, potential health effects, and public perception [3].  
Chemicals that have been identified as CECs include natural/synthetic 
hormones, pharmaceuticals and personal care products (PPCP), veterinary medicines, 
industrial/household products, pesticides, and many other chemical and physical agents. 
This equates to tens of thousands of individual chemicals [4]. Major inputs of CECs to 
surface waters stem from the use and disposal of compounds that benefit agriculture, 
industry, health, hygiene, commerce, and residences [5-8]. However, little work has 
characterized the contributions of individual sources to cumulative CEC loads and 
concentrations in surface waters. Thus, the major goal of this project was to augment 
this understanding by characterizing the sources and variability of CECs in surface 
waters in a mixed-use watershed. The objectives were to identify patterns of CEC 
occurrence, concentration, and loading, and to characterize the CEC profiles due to 
different sources and transport mechanisms over time in the study area. To that end, 
land use and seasonal influences were investigated through the spatiotemporal 
variability in concentrations and loadings of CECs in water samples through the two-year 
study. Also, the instream sources and transport of CECs were characterized with 
contaminant mass balances through different seasonal and hydrological conditions. The 
importance and predictability of the sediment phase was investigated for the CECs of 
interest. The results of these investigations will provide valuable information for 
researchers, regulators, and stakeholders engaged in understanding the sources, 
fate/transport, impacts, and environmental management of CECs.  
 Chapter 2 comprises a review of the literature and knowledge gaps related to the 
project goals and objectives. Chapter 3 provides detail on the project materials and 
methods. Each of Chapters 4-6 presents a research article that has been published or 
submitted for publication by a peer-reviewed journal as a part of this project.  
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Chapter 4, titled “Contaminants of Emerging Concern in a Mixed Land Use 
Watershed: A Two Year Study of Fluvial Occurrence and Spatiotemporal Variation”, 
describes the occurrence and spatiotemporal variation of twenty-six CECs in water 
samples. The focus is on the effects of land use, season/hydrology, and CEC type on 
the spatiotemporal patterns of CEC concentrations and loadings.  
Chapter 5, titled “Sediment-Water Distribution of Contaminants of Emerging 
Concern in a Mixed Use Watershed”, describes the occurrence and distribution of fifteen 
CECs in water and sediment samples. The focus is on the predictability of the sediment-
water distributions, and the effects of site, season, and physicochemical parameters on 
the concentrations and sediment-water distributions of the detected CECs.  
Chapter 6, titled “Contaminants of Emerging Concern: Mass Balance and 
Comparison of Wastewater Effluent and Upstream Sources in a Mixed-Use Watershed”, 
describes the application of contaminant mass balances to compare the proportional 
source loading and transport of CECs to an instream site. Results include 
characterizations of the CEC loadings from the Rochester Water Reclamation Plant and 
the upstream areas, the total loading in the watershed in various seasonal and 
hydrological conditions, and the common sources and patterns among CEC types.  
Chapter 7 provides a summary and synthesis of the project. The References 
section presents a complete bibliography. The Appendix includes supporting data, 
tables, and figures.  
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CHAPTER 2. Literature Review 
 
2.1 Introduction 
Numerous reviews have been published on the sources, occurrences, fate, 
transport, and effects of CECs [6-7, 9-29]. Rather than provide an exhaustive review, the 
purpose of the current chapter is to illustrate the knowledge gaps related to the current 
work. First, an overview of relevant types, occurrences, sources, and fate processes of 
the CECs of interest is provided. Then, current knowledge and gaps related to 
spatiotemporal occurrence patterns, source characterizations, and in situ sediment-
water distribution behavior of these CECs in mixed-use freshwater systems are 
discussed.  
 
2.1.1 Overview of types, sources, occurrence, and transport of CECs  
Commonly cited categories of CEC include [2]: 
• Commercial/industrial chemicals (e.g., plasticizers, surfactants, and flame 
retardants) 
• Human/veterinary pharmaceuticals (e.g., antibiotics, synthetic hormones, 
antidepressants, pain relievers, and other prescription/non-prescription 
drugs) 
• Personal care products (e.g., antimicrobials, sunscreens, fragrances, and 
insect repellants) 
• Food components (e.g., caffeine, artificial sweeteners) 
• Pesticides (e.g., herbicides, insecticides, and fungicides) 
• Naturally-occurring plant and animal hormones 
• Legacy contaminants with newly recognized effects (e.g., polycyclic 
aromatic hydrocarbons and chlorinated paraffins) 
• Other endocrine disrupting compounds (EDCs). 
 
Numerous studies have reported CECs in surface waters in the United States 
[30-38] and globally [39-47]. One of the first large-scale U.S. studies targeted 139 
wastewater-impacted streams in 30 states [30]. Organic contaminants were detected at 
80% of these sites. In an early study in Minnesota, CECs were detected in more than 
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90% of samples from 65 sites. Detections included 74 of the 91 targeted compounds, 13 
of which were known EDCs [32]. Also, sediment can be a CEC repository. A Minnesota 
study of almost 400 miles of the Mississippi River detected 24 CECs in at least one 
water sample and 40 CECs in at least one sediment sample. Individual water and 
sediment samples contained up to 8 and 31 CECs, respectively [37].  
The solubilities of many CECs allow aqueous transport. Depending on 
compound-specific physicochemical parameters, CECs may also associate with 
sediments [7, 48] or biota [49-50], or volatilize and undergo atmospheric transport [51-
53]. Contaminants of emerging concern are transported to surface waters from 
agricultural areas [32]; municipal wastewater treatment plant (WWTP) discharges; 
urban/residential runoff and storm sewers [54-56]; industrial wastewater discharges [39, 
57-61]; groundwater polluted with septic system, landfill, or feedlot waste [62-65]; and 
atmospheric deposition and drift [66]. Transport from WWTPs has been by far the most-
studied, with other sources and transport pathways recently receiving greater attention. 
These diverse sources and pathways often result in complex mixtures of tens to 
hundreds of CECs being detected in surface waters in a wide range of settings [17, 25, 
30, 32]. 
Despite numerous studies, significant gaps remain in our knowledge of the fate 
and transport [57, 60-62, 67-68], effects [57, 69-70], and mitigation potential of CECs in 
complex environmental systems [2, 10, 21, 47, 57-58, 60-62, 67-69, 71-74]. The sheer 
number of CECs that have been identified and the complexity of the associated natural 
systems pose serious challenges to addressing these gaps [24, 70, 75]. 
 
2.1.2 Overview of CEC effects  
Several authors have reviewed CEC effects [6-7, 10-12, 18-19, 21, 76-78], which 
include endocrine disruption and associated impacts in aquatic systems [6-7, 79-81] and 
human populations [82], induction of antibiotic resistance [71, 83-87], and direct aquatic 
toxicity [6, 88]. Many CECs are known or suspected EDCs, so named because they 
have the capacity to mimic hormones, block receptors, affect neurotransmitters involved 
with hormone release, or otherwise disrupt endocrine signaling [7, 13, 24, 76]. 
Exposures to ng/L concentrations of EDCs have been linked to abnormal sexual 
development and reproduction in fish, amphibians, reptiles, birds, and mammals [2, 89-
93]. Effects of endocrine disruption in aquatic species include immunosuppression [94], 
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vitellogenin induction and feminization of male fish [92], altered gene expression [95], 
decreased testosterone [96], behavioral changes [97], and population crashes [98]. 
EDCs may cause adverse individual and population effects in humans (e.g., reduced 
sperm counts and increased prevalence of certain cancers) [80, 99-102]. Environmental 
occurrences of antibiotics have been associated with antibiotic resistance in soils and 
manure [84, 103-105], plant growth inhibition [106], and bioaccumulation and sub-acute 
effects in aquatic organisms [107]. 
Some CECs are known pollutants with newly recognized effects. Pesticides have 
demonstrated endocrine activity and other emerging effects in aquatic organisms and 
humans [100, 108-112]. Many CECs are lipophilic/hydrophobic, which can lead to their 
biomagnification. CECs often undergo significant attenuation in surface waters. 
Nevertheless, numerous continuous sources of CECs result in “pseudo-persistence” 
(persistent low-level concentrations that result from equivalent input and attenuation 
rates) [89, 113]. Thus, chronic low-dose exposures of aquatic organisms and humans to 
mixtures of CECs may be expected [89, 114-115].  
 
2.2 Environmental fate processes  
This section presents an overview of relevant fate processes for the CECs of 
interest to this study. The relevance of a particular process depends on the 
environmental context and CEC-specific properties.  
 
2.2.1 Photolysis 
Direct photolysis refers to the photoexcitation and subsequent molecular 
transformation of a molecule by sunlight. Indirect photolysis refers to the molecular 
transformation of a chemical by photoexcited reactive intermediates of co-occurring 
environmental constituents (e.g., dissolved organic matter, nitrate, and nitrite) [9]. 
Environmental factors that affect photolysis rates include latitude, season, time of day, 
cloud cover, shade, water depth, and turbidity [116]. Variable environmental conditions 
result in situation-dependent photolysis rates even for readily photodegradable CECs 
[117-118]. 
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2.2.2 Biodegradation 
Microbes can extract energy from organic chemicals via electron-transfer (redox) 
reactions or via metabolism and carbon assimilation. Biodegradability and 
biodegradation rates depend on compound-specific parameters and concentrations, 
microorganism communities and populations, and environmental factors such as 
temperature, pH, and oxygen and nutrient availability. Biodegradation is unimportant for 
many antibiotics, but can be significant for other CECs in surface waters [113, 119]. In 
general, biodegradation half-lives are longer in fluvial systems than in WWTPs because 
of smaller chemical concentrations, smaller bacterial population densities, and a less 
nutrient-rich growth medium [21, 120]. Thus, CEC loads that persist through a WWTP 
and are discharged in effluent will likely persist downstream for a period of time greater 
than the hydraulic retention time of the WWTP [121]. 
 
2.2.3 Sorption 
Sorption to soils and sediments is one of the most important factors affecting 
CEC fate, transport, and bioavailability in natural systems [7, 122-123]. Generally, 
sediment concentrations of CECs are less likely than aqueous concentrations to show 
short-term variability due to changing temperatures, inputs, dilution, and fate processes 
including photodegradation and biodegradation [7, 9, 28, 124]. Thus, sediment 
contamination may indicate chronic pollution across broad time scales [125]. Sorption of 
hydrophobic organic contaminants (HOC) has been well-characterized, but relatively 
little information is available on sorption of hydrophilic and moderately hydrophobic 
contaminants [126].  
 
2.2.4 Hydrolysis and dilution 
Hydrolysis is the cleavage of a molecule through reaction with water. Generally, if 
an organic chemical is less polar than water, hydrolysis will be insignificant except when 
an acid or base catalyst is present. However, for highly soluble and polar molecules, 
hydrolysis can cause significant attenuation, especially as pH and temperature increase 
[127].  
Aqueous dilution does not involve molecular or phase transformation, but can 
directly affect environmental concentrations. Dilution may also indirectly affect 
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concentrations by affecting concentration-dependent transformation rates (e.g., 
biodegradation) [78]. 
 
2.3 CECs of interest 
This section provides an overview of the types of CECs that are of interest to the 
current study. 
   
2.3.1 Pharmaceuticals and personal care products (PPCPs) 
In general, many PPCPs exhibit at least moderate persistence (>12hr) in aquatic 
systems [117, 119, 124, 128-132], which suggests the need for environmental 
monitoring [124]. Photodegradation and sorption of PPCPs is typically more important 
that biodegradation or hydrolysis in aqueous systems [78, 113, 119, 129, 133-135].  
 
2.3.1.1 Prescription human/veterinary pharmaceuticals 
Over the last decade, several reviews have discussed the occurrence, fate, and 
transport of antibiotics and other human/veterinary pharmaceuticals in agricultural 
settings [28, 136-137], WWTPs [6, 16, 27, 138] and surface waters [7, 21, 73, 139]. Most 
pharmaceuticals administered for therapeutic, subtherapeutic, and other purposes to 
humans and livestock are only partially absorbed in the body. Consequently, large 
fractions of the administered dose are excreted unchanged in the urine and feces [21, 
140] from where they may be transported to surface waters via WWTPs, septic systems, 
or runoff of land-applied manure and other biosolids [14, 84, 141-142]. The livestock 
industry accounts for the majority of total antibiotic use in many countries [15]. The most 
important inputs of veterinary pharmaceuticals to surface waters may occur by 
mobilization from land-applied manure by precipitation and from aquaculture operations 
[10]. Primary sources of human pharmaceuticals to surface waters are thought to be 
WWTPs, septic systems, and land-applied septage [57-58].  
Many antibiotics are used both in medical and veterinary applications, while 
others are restricted to certain species. Pertaining to this study, sulfamethoxazole, 
trimethoprim, and erythromycin are approved for veterinary and human uses in the 
United States. Tylosin and monensin are only approved for veterinary use. Trenbolone is 
a potent synthetic androgen (and EDC) that is used for bovine growth promotion but is 
also used illegally as an anabolic steroid by humans. Trenbolone has been detected in 
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the environment at toxicologically-relevant concentrations [143]. Carbamazepine is a 
human anticonvulsant that is recalcitrant in the environment and is frequently detected in 
wastewater-influenced surface waters [144]. Often, veterinary antibiotics (e.g., tylosin) 
are detected in WWTP effluents [145-147] and human pharmaceuticals are detected in 
runoff from fields where wastewater has been applied [148]. These are a few examples 
of the mixed sources and transport pathways that exist in the environment for many 
CECs [145, 149]. 
In addition to endocrine disruption, potential effects of concern regarding 
antibiotics and other pharmaceuticals include antibiotic resistance, alteration to microbial 
communities, and bioaccumulation and sub-acute effects on aquatic organisms [10]. 
Indeed, elevated microbial resistance to macrolide, sulfonamide, and tetracycline 
antibiotics has been reported in concentrated animal feeding operation (CAFO) lagoons 
[84, 103-105]. These effects may pose health threats to aquatic and terrestrial 
communities and possibly human populations [10, 21, 104, 106, 150].  
 
2.3.1.2 Personal care products 
The umbrella term “personal care products” has been applied to many non-
prescription CECs or their byproducts that are ingested (e.g., artificial sweeteners) or 
topically applied (e.g., fragrances, sunscreens) for heath, cosmetic, hygienic, or dietary 
purposes. Acetaminophen, caffeine, N,N-diethyl-meta-toluamide (DEET), and cotinine (a 
nicotine metabolite) occur at concentrations of nanograms to hundreds of nanograms 
per liter in a wide range of settings [59-60, 62, 151-153]. Caffeine has been reported as 
a potential stressor to algal and mussel populations [154-155] and as a marker of 
domestic wastewater contamination in surface waters [129]. Likewise, microbial or 
invertebrate impacts may be relevant for acetaminophen at environmentally relevant 
concentrations [156]. These PPCPs, like many other CECs, may contribute to 
deleterious effects in aquatic systems in the context of the mixtures in which they 
typically occur, although the concentrations of the individual CECs are not likely to be 
toxic [157-158]. 
  
2.3.2 Phytoestrogens and mycoestrogens 
Phytoestrogens are naturally-occurring plant-derived compounds that are 
structurally or functionally similar to mammalian estrogens and their estrogenic 
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metabolites and have been shown to interfere with endocrine functions [23]. The 
dominant sources of phytoestrogens to surface waters are WWTPs, pulp mills, food 
processing plants, biodiesel plants, and land-applied manure [159-161]. Daidzein and 
genistein are produced by soybeans and other legumes such as clover [45]. 
Formononetin is produced primarily by red clover, but additional sources have also been 
suggested [162]. Equol is a byproduct of mammalian digestion of daidzein [45]. Zeranol 
is a potent mycoestrogen produced by crop fungi and is also used as a bovine growth 
promoter [162]. The low or undetectable concentrations of phyto/mycoestrogens 
reported in many studies suggests that they may not contribute significantly to 
environmental estrogenicity. Nonetheless, in vitro assays have shown that they may 
contribute substantially to estrogenic activity in sites that are more heavily contaminated 
with municipal wastewater or agricultural runoff [163]  
 
2.3.3 Pesticides 
Pesticides (e.g., herbicides, insecticides, and fungicides) are used in a variety of 
settings and are widely detected in the environment [24, 54, 110-111, 164-166]. 
Pesticides of interest to the current study may be subject to surface runoff/overland flow, 
volatilization, atmospheric transport and deposition, and groundwater transport [52, 66, 
167-168], with half-lives in surface water and sediment from weeks to months [165, 169-
174]. Although ecotoxicity varies by the type of compound, many pesticides have been 
associated with endocrine disruption or direct aquatic toxicity [110-111, 175]. Agricultural 
herbicides such as atrazine, acetochlor, and metolachlor are commonly detected in 
surface waters in many regions, including Minnesota [33, 54, 165-166, 176-177]. Runoff 
from residential, commercial, recreational, municipal, and other non-agricultural areas 
may contain significant loads of insecticides (e.g., carbaryl), fungicides (e.g., iprodione), 
and herbicides (e.g., mecoprop) that are used for turf/plant management and pest 
control [178-179]. Insecticides often pose greater threats than herbicides to aquatic life 
in urban areas [110-111]. Aquatic toxicity criteria for pesticides are exceeded in a 
majority of U.S. urban and agricultural streams [110-111].  
  
2.4 Knowledge gaps and research needs  
Despite their intensive use and ubiquitous environmental occurrences, 
knowledge of the sources, temporal variability, fate, transport, effects, and risks of many 
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CECs in the environment remains limited [9-10, 12, 21, 47, 60, 74, 78, 113, 180-181]. 
Environmental systems are complex, with numerous interrelated variables that often 
result in unpredictable behavior and confound the identification of existing patterns and 
drivers. Many field studies have included a limited number of samples and may thus 
provide little information on spatial and temporal variability of CECs and associated risks 
[182-183]. Limited numbers of sampling periods or sample sizes inhibit the identification 
of significant trends [184-185]. Many authors have cited the need for further investigation 
into the sources, occurrence, fate, and transport of CECs [73, 113, 186-188] to better 
understand and predict impacts in aquatic systems and human populations [189]. 
 
2.4.1 Environmental and public health effects of CECs 
There are several lines of evidence that connect to suggest that environmental 
estrogenicity may be affecting human populations [190]: 
• Laboratory studies have identified many EDCs, the exposures to which are 
associated with biological effects that are relevant to humans and wildlife 
• Endocrine disruption due to EDCs has been observed in aquatic and 
terrestrial species and systems 
• There is evidence of increased prevalence of endocrine-related disorders in 
humans. 
Thus, it is inferred that environmental estrogens may be a cause of increased 
incidence of endocrine-related disorders in humans. Nonetheless, significant 
epidemiological gaps exist in the associations of exposure to CECs with human disease 
[2, 190]. Assessments are complicated by several factors, including [2, 190]: 
• Only a small fraction of suspected EDCs have been investigated for effects 
at the organismal level 
• Currently validated and widely used assessments capture only a limited 
range of known  endocrine-related effects 
• Humans and other organisms are typically exposed to mixtures of CECs 
that may exert synergistic or additive effects that may not be evident for the 
isolated CECs at similar concentrations  
• Chronic effects of CECs may occur at far lower concentrations than 
threshold concentrations for acute toxicity 
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• Sensitivity to CEC exposure may vary by species or life stage (e.g., 
humans are more sensitive to EDCs during prenatal and puberty stages)  
• Temporal gaps between exposures and effects of concern can span years 
or generations. 
In general, exposure regimes of CECs in surface waters are poorly understood 
[189]. The existence of many diffuse and/or continual sources suggests that aquatic 
organisms and humans are chronically exposed to low-level mixtures of CECs [89, 114-
115]. Traditional toxicity assessments are often insufficient to adequately characterize 
the effects of some CECs [191]. Nonetheless, the collective laboratory and 
epidemiological evidence suggests that fetal or pubescent exposure to EDCs may be 
associated with several recently observed changes to human populations, including 
early onset of puberty, reduced fertility rates, the increased prevalence of certain 
cancers (e.g., breast, childhood leukemia, prostate), and other physical or 
developmental problems such as ADHD, asthma, obesity, diabetes, or susceptibility to 
infections [190] . 
 
2.4.2 Source characterization and spatial variation 
Most source characterizations of CECs have focused on WWTPs. A multitude of 
CECs are present in WWTP influents as a result of residential, commercial, industrial, 
and medical uses [32]. Many of these CECs are not completely removed by WWTPs 
[27, 81, 181, 192]. Key factors determining WWTP removal efficiencies include WWTP 
processes, in situ conditions, and CEC size, shape, charge, and polarity [27, 81, 138, 
193-196]. Thus, many studies have detected wastewater-associated CECs at greater 
frequencies and concentrations downstream than upstream of WWTPs [151, 177, 181, 
197-198]. Proximity to a WWTP has been identified as the most influential factor on the 
detection frequencies and concentrations of some CECs [30, 60, 166]. Indeed, sewage 
effluents have been observed to be the prime contributor of many EDCs and other CECs 
to surface waters [199-200]. 
The release of CECs in agricultural areas results from activities including 
pesticide applications, livestock rearing, and land spreading of manure, septage, and 
other biosolids [57]. Subsequent CEC transport to surface waters may occur via 
precipitation runoff, tile drainage, volatilization, and other mechanisms [52, 66, 167-168]. 
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The greatest concentrations, loads, and detection frequencies of herbicides are typically 
measured in agricultural areas [54, 175]. However, agricultural herbicides are also 
among the most frequently detected pesticides in urban areas [33, 54, 110-111, 176-
177, 201-202].  
Feedlots are increasingly being recognized as on a par with WWTPs in terms of 
their inputs of estrogens, antibiotics, and other CECs [203]. Indeed, surface water sites 
near CAFOs and aquaculture operations have exhibited greater CEC concentrations 
than nearby reference sites [204-207]. Veterinary use has been identified as the most 
important contributor of some mixed-use antibiotics to surface waters [77]. Nonetheless, 
agricultural sources of CECs (other than pesticides) have been less studied than WWTP 
sources [57, 60-61].  
 
2.4.2.1 Source markers  
Certain CECs have potential utility as markers for tracking contaminant sources 
[208] without the disadvantages common to some microbial markers (e.g., lack of 
specificity or sensitivity, short holding times, or expensive analysis) [209-211]. Ideal 
markers of contaminant sources are source-specific, rapidly/sensitively measurable, 
quantitatively reflective of contamination by the source, and released in detectable 
quantities to the environment [211-212].  
Qualitative source markers can indicate the presence and possibly the 
magnitude of contamination from a given source. Quantitative markers allow source-
specific contaminant or discharge loadings to be calculated based on the marker 
concentration or loading [129, 209, 213]. 
 Hydrophilic markers are useful in tracking water-soluble contaminants in surface 
and groundwater [214]. Hydrophobic markers are useful in detecting particulate 
contamination of surface waters but may be retained in soil, which limits their utility in 
detecting groundwater contamination [211]. 
Conservative markers persist through different processes and compartments and 
can indicate the presence of a given source. However, conservative markers may persist 
through otherwise effective treatment processes. Thus, they may not distinguish 
between untreated and treated wastewater nor reflect pollution with labile contaminants. 
In contrast, labile markers can distinguish between untreated and treated wastewater 
sources. But, because labile markers may be naturally attenuated even in contaminated 
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areas, other more recalcitrant contaminants from the same source remain influential 
[213]. Thus, the simultaneous assessment of conservative and labile tracers provides 
complementary information on the influence of a given source, and the magnitude and 
extent of the associated contamination [208, 212, 215]. 
Carbamazepine, sucralose, and acesulfame have shown utility as conservative 
tracers of residential wastewater [27, 43, 208, 212, 216-219]. Likewise, caffeine and 
ibuprofen have been proposed as labile residential tracers [208, 220]. However, the 
ubiquity of caffeine poses specificity issues [152]. Other CECs that have shown promise 
as quantitative markers in surface waters include synthetic fragrances and antibiotics 
(WWTP effluent markers), total PAHs (urban/suburban runoff markers), ionophore 
antibiotics (CAFO markers), and animal steroids (markers of livestock, wildlife, and 
human waste) [43, 152, 208, 212, 215, 220-222]. Nonetheless, many of these proposed 
markers have shown disadvantages such as seasonal variations in biodegradability, 
photodegradability, varying or limited usage, or a tendency associate with solids [208, 
212]. Additional research on appropriate CAFO markers is especially necessary [104, 
220, 223]. 
 
2.4.2.2 Source comparisons 
Quantitative characterization of CEC sources and transport is important for 
environmental monitoring, risk assessment, and mitigation [61-62, 69, 221, 223]. While 
we understand that myriad sources contribute CECs to surface waters, relatively little 
work has quantified point- and non-point sources of CECs in mixed-use areas [12, 61-
62, 72]. Knowledge of these sources and their relative contributions is necessary for 
developing effective and efficient pollution prevention and mitigation strategies [209].  
Efforts to characterize sources and transport can be complicated by the ubiquity, 
overlapping sources, and myriad transport routes of many CECs [166, 189]. For 
example, biosolids generated by WWTPs are often spread on agricultural fields from 
where CECs may migrate to surface or groundwater. Transport of CECs from 
urban/residential areas to surface waters via septic systems [64, 224-226] and 
stormwater conveyances [227-228] has been reported. Varying local WWTP processes, 
chemical usage, and other parameters linked to fate and transport can increase 
uncertainty.  
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Indeed, several studies have reported poor source differentiation or significant 
but undefined non-WWTP sources [60-62, 69, 151, 177, 198]. For example, 
acetaminophen, caffeine, DEET, and cotinine occur in a wide range of settings and are 
not exclusively associated with WWTPs [59-60, 62, 151-153, 185]. Acetaminophen was 
detected in CAFO effluents [229]. Lack of spatial trends in a mixed-use area was 
explained by diffuse PPCP sources such as septic systems and biosolids runoff [61]. 
Insignificant correlations of PPCP concentrations with flow in an urban watershed were 
explained by mixed sources such as WWTPs, septic systems, and landfills. The WWTP 
accounted for ~2% of the load of many CECs to the watershed [69]. 
Some studies have successfully characterized contaminant sources to surface 
waters via correlation of land use data with instream water chemistry [230-231], by the 
identification of source-specific marker compounds [209, 220], and by statistical 
relationships of land use data with CEC detections, concentrations, or loads in streams. 
For example, a non-parametric analysis showed that concentrations of sulfamethoxazole 
were greater at WWTP-influenced sites while concentrations of tylosin were greater at 
agricultural sites [232]. In another study, agricultural extent was significantly correlated 
with instream concentrations of phytoestrogens, mycotoxins, and pesticides, based on 
land use data developed from satellite imagery [162]. However, most comparisons of 
CEC sources have relied on instream concentrations or detection frequencies. Although 
useful, the information provided by source characterizations based on CEC 
concentrations without corollary loading data is limited [183]. A few studies have 
compared mass fluxes of CECs from different sources [61-62]. 
 
2.4.3 Temporal variation 
Temporal variability of CEC concentrations and loads in surface waters results 
from a number of environmental (e.g., precipitation, discharge, temperature, or turbidity), 
source (e.g., usage patterns, distance from source), and physicochemical factors (e.g., 
potential for sorption or degradation) [41, 60, 181, 189, 233]. Indeed, several studies 
have reported significant temporal variation in CEC concentrations due to these factors 
at a given site [47, 60, 62, 184, 233]. However, compound- and condition-specific 
attenuation rates are sometimes not readily modeled or transferrable [39, 57, 62, 67-68, 
197, 234]. Longitudinal studies have reported instream transport of a wide range of 
persistent and degradable CECs over kilometer-scale distances [187, 197, 235-236]. 
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Continual loading is considered likely even in large streams when multiple sources exist 
[36, 43, 166, 187, 236-237]. 
Increased water concentrations and detection frequencies of agricultural 
herbicides and veterinary pharmaceuticals in spring and summer months were explained 
by increased seasonal usage and transport in precipitation-runoff from agricultural fields 
and CAFOs [61, 181, 233, 238]. Instream concentrations of pesticides are typically 
greatest after early growing season precipitation, and smaller during low flows and other 
times of year [166, 184, 233, 238-239]. 
Concentrations of wastewater-associated CECs have often been reported to 
increase in cold and low-flow conditions [62, 151]. This has been ascribed to smaller 
instream degradation rates and WWTP removal efficiencies during colder periods, 
reduced instream dilution of effluents in low flows, and greater pharmaceutical use in 
winter [47, 60-62, 151, 181, 189, 204, 218, 232].  
However, several studies have reported negative or insignificant correlations of 
concentrations of PPCPs with flow, temperature, or precipitation [60, 62, 69, 151-152]. 
Likewise, inconsistent or insignificant seasonality of instream PPCP profiles has been 
reported [61, 233]. Measured instream half-lives of triclosan varied by a factor of 4-5 
across studies, which was explained by variable photolysis rates due to varying turbidity, 
flow, and depth [240-241]. Increased instream concentrations of caffeine and other 
PPCPs in high-flow spring conditions were explained by reduced WWTP removal 
efficiencies due to reduced temperature and hydraulic retention times [35, 189]. 
Mobilization from land-applied biosolids was suggested as an explanation for greater 
concentrations and loads of some PPCPs in warm, high flow conditions compared to 
cold, low flow conditions [60]. 
 
2.4.4 Sorption to sediments in rivers 
Sorption is a dynamic process that occurs primarily through hydrophobic 
interactions or attractive force and is related to the physicochemical properties of the 
sorbent and the sorbate [242]. Understanding the sediment-water distributions of CECs 
is important as these are directly related to the fate and bioavailability of CECs, the 
sediment’s function as a CEC source or sink [243], the exposures of benthic organisms 
to CECs [78, 244-245], and the development of antimicrobial resistance in sediments 
[137, 236].  
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The octanol-water partition coefficient (Kow) is a common parameter used to 
describe the hydrophobicity of a chemical, and can be measured in the laboratory or 
estimated from chemical structure. Hydrophobicity is largely related to the energy cost of 
cavity formation in water and to van der Waals interactions between sorbent and 
sorbate. Hydrophobic interactions are especially important for non-polar sorbates and 
sorbents with high organic and low mineral content [246]. For neutral HOCs, observed 
empirical relationships between the soil organic carbon-water partition coefficient (Koc) 
and Kow are often able to predict the overall solid-water distribution coefficient (Kd) within 
an order of magnitude [247]. This approach has also been attempted with a wide variety 
of chemical and soil types due to convenience and a lack of common, feasible 
alternatives [247]. However, several factors related to the chemistry of the sediment and 
the sorbate may affect the accuracy of these predictions [242]. Thus, this simple model 
is often inconsistent with the wide range of observed sorption phenomena [248]. Its 
output often represents a conservative or minimum estimate for the sorption of even 
hydrophobic organics [247]. 
Non-hydrophobic interactions between CECs and sediment can significantly 
affect sorption, especially for polar/ionizable compounds (log Kow<3) when soil organic 
content is <2% [242]. Potential interactions include cation exchange, cation bridging, 
hydrogen-bonding, and mineral complexation with aluminosilicates, metal hydroxides, or 
ionizable components of soil organic matter [89, 249-251]. Clay content can be 
predictive of significant mineral contributions to sorption for molecules with polar 
moieties [252]. These “multiple sorptive components” typically show additive effects on 
total sorption [246, 248]. These unaccounted non-hydrophobic interactions often result in 
under-prediction of CEC sorption by Kow-based models [28, 253-257]. 
Many laboratory and the few existing field studies have reported spatiotemporally 
variable sediment-water distributions of polar PPCPs that often deviated from predictions 
by an order of magnitude or more [89, 124, 126, 128, 186, 188, 221, 232, 236, 253, 255-
256, 258-261]. This variation has been ascribed to non-hydrophobic interactions, 
hydrologic factors, chemical usage variations, and phase-dependent susceptibility to fate 
processes [28, 124, 126, 221, 232, 236]. In contrast, distributions of (less polar and more 
hydrophobic) atrazine, carbamazepine, and synthetic hormones were well-predicted by 
the HOC sorption model [124, 256, 259, 262-264].  
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Few studies have analyzed CECs in water and sediment samples from the same 
time and place [48, 188, 221, 232, 236]. Although non-hydrophobic mechanisms can be 
determinative of sorption for many CECs [246, 249, 265], a consistent and broadly 
applicable predictive approach has not been defined [122]. But, models are being 
developed [246, 257, 266]. Further laboratory and field studies are necessary to 
characterize the relative influences of hydrophobic and non-hydrophobic interactions on 
sorption for a range of CECs and instream conditions [246].  
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CHAPTER 3. Study Area and Methods 
 
3.1 Study location – South Fork of the Zumbro River (SFZR)The South Zumbro 
Watershed encompasses 1202 km2 in southern Olmsted and eastern Dodge Counties in 
southeastern Minnesota [267]. The study area (786 km2, Figure 3-1) is drained by the 
South Fork of the Zumbro River (SFZR) and is delineated upstream by the boundaries of 
the South Zumbro Watershed. The downstream boundaries of the study area are 
defined by the subwatershed boundaries that drain to a point approximately 200 m 
downstream from the Rochester Water Reclamation Plant on the SFZR. This discrete 
drainage area is dominated by agriculture in the uplands and the City of Rochester in the 
lowlands. Seven subwatersheds with a gradient of land use allocations come to a 
confluence in the City of Rochester. This subwatershed configuration allowed us to 
compare instream water chemistry based on the particular agricultural and 
urban/residential land uses associated with different sampling sites and the wastewater 
treatment plant (WWTP). 
 
Figure 3-1. Map of the South Fork of the Zumbro River (SFZR) study area. 
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3.1.1 Geography, geology, hydrology, and climate 
This gently rolling area is part of the Rochester Plateau, which is characterized 
by loamy/silty loess in upland areas that overlays coarser glacial till. The Rochester area 
is characterized as a mature landscape dissected by a dendritic drainage network 
flowing to the SFZR. The SFZR is intersected by four first-order and one second-order 
stream in the study area. The surface elevation (above mean sea level) in the study area 
falls from approximately 415 meters in the headlands to 297 meters at the downstream 
boundary. Toward the east, drainage is characterized by sedimentary bedrock and karst 
features. Baseflow is contributed by aquifer-surficial interactions and agricultural drain 
tile. The hydrology of the area is highly modified and reflects rapid urbanization, 
suburban development, and agriculture. There are no natural lakes and over 80% of the 
pre-settlement wetlands have been drained [268]. The area receives approximately 84 
cm of precipitation annually, with a mean temperature of 20.8°C in summer and -7.5°C in 
winter. The study area is in the interior climate region of North America characterized by 
cold winters and mild summers with greatly variable daily and weekly temperature 
extremes. The United States Geological Survey estimates that 25% of the annual 
precipitation infiltrates and recharges the groundwater aquifers [4]. 
 
3.1.2 Land uses 
The SFZR study area is composed of approximately 64% agricultural area, 9.4% 
developed area, 19% grassland, and less than 10% woodland and surface water (Figure 
3-2). Corn and soybeans are the dominant crops. There are 269 registered feedlots in 
the SFZR area that house approximately 212,000 total livestock. The number and types 
of animals in CAFOs varies by subwatershed and includes hogs, poultry, beef/dairy 
cattle, goats/sheep, and mink. In Minnesota, a large proportion of manure is land-applied 
in winter on frozen ground with less than 6% slopes [269]. In the spring (pre-planting) 
and fall (post-harvest), manure is injected or surface-applied. Some manure is spread in 
the summer following the harvest of vegetable crops.  
 The City of Rochester is an Urban Service Area measuring 142 km2 with a total 
population 110,742 (43,226 households) [270] located in the valley at the confluence of 
the subwatersheds of this study. Rochester is home to the Mayo Clinic, a medical center 
that boasts more than 1500 staff, 2100 hospital beds, 300,000 annual patient visits, and 
500,000 annual visitors. Near the downstream boundary of the study area, the 
  20 
Rochester Water Reclamation Plant treats the wastewater of sewered Rochester 
customers with an activated sludge and chlorine disinfection system. The plant 
discharges an average of 49.2 million liters/day of treated effluent from a single outfall 
into the SFZR. Approximately 15,000 residents (5,400 households) use septic systems 
in the unsewered upland agricultural and suburban areas. The entire region relies on 
groundwater for the potable water supply, which is susceptible to contamination due to 
the karst geology. 
 
Figure 3-2. Map of land use allocation in the SFZR study area. Percentages in the key indicate the 
percentage of the total SFZR that is dedicated to that land use. 
 
3.1.3 Sampling locations 
To identify potential sampling sites, McGhie Betts, Inc. (Rochester) conducted a 
preliminary watershed analysis to estimate the land allocations and stream 
characteristics of the subwatersheds in the study area. Ten candidate sites were initially 
identified. From these, four primary sites (Figure 4-1) were selected to represent a range 
of land uses based on the percentages allocated to agricultural, urban/sewered, and 
suburban/septic system areas (Table A-1). Other factors considered in the decision-
making included perennial stream flows and the presence of USGS or Minnesota 
DNR/MPCA stream monitoring network stations near the sites. Also, samples were 
occasionally collected from a fifth instream location 250 m upstream from the WWTP 
and from an effluent sampling point with the WWTP. 
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3.2  CECs of interest  
CECs of interest to this study were selected based on reported occurrences, fate 
and transport, environmental effects, and associations with specific land uses. The 
primary goal was to select CECs that may serve to indicate the influences of cropland, 
different types of livestock, WWTP effluent, septic systems, and urban/residential runoff. 
Based on these priorities, twenty-six CECs were selected and analyzed in samples in 
this study (Table A-2).  
   
3.3   Field methods 
  
3.3.1 Sample types, schedule, and collection 
Grab and automated surface water samples, passive water samples, and 
sediment samples were collected from the four primary sites in the SFZR watershed and 
analyzed for selected CECs. Multiple sample types were analyzed (a) to increase our 
ability to detect CECs that may not have been present in a single sample type, (b) to 
compare the utility of the sampling methods, and (c) to assess in situ sediment 
distributions of these CECs.  
Samples were collected during five seasonal periods in both 2011 and 2012 and 
reflected a variety of seasons, flows, and terrestrial activities. Spring (March) sampling 
corresponded with snowmelt runoff. Early summer (May-June) sampling corresponded 
with the first predicted rainfall (>3cm) after >90% of cropland was planted [271]. Late 
summer (August-September), fall (October-November), and winter (January-February) 
sampling was conducted during low flows without predicted precipitation or snowmelt. 
Also, fall sampling was completed within a week of when 90% of corn had been 
harvested and land-spreading of manure was expected [271]. During low flows, it was 
expected that greater influences of WWTP and septic systems would be evident. During 
high flows, it was expected that the influences of urban or agricultural runoff and land-
applied manure or biosolids would be evident. During most of the 2012 sampling events, 
grab water samples were collected from the fifth upstream site and from the effluent 
sampling location. 
A sampling period consisted of either a single grab sampling event or a two-week 
deployment in which automated, passive, and grab samples were collected at each site. 
In winter and spring sampling periods, a single grab sample was collected from each site 
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due to equipment and safety constraints. In all other early summer, late summer, and fall 
periods, the two-week deployment strategy was employed. 
3.3.1.1 Grab water samples 
Grab water samples for CEC analyses were collected by submerging a cleaned 
container directly into the stream. A stainless steel keg or a four-liter amber glass bottle 
was used for collecting grab water samples at instream sites. Effluent samples were 
collected from within the WWTP in one-liter amber glass bottles. Grab water samples 
were collected on days 8 and 14 of the two-week deployment periods. Grab samples 
were also collected on one day in winter and spring in each year. Samples were sealed 
with Teflon-lined or stainless steel lids at the site, the security and accuracy of their 
labels was confirmed, and they were placed on ice in coolers for transport to the sample 
storage facility. High-density polyethylene containers were used to collect water samples 
for analysis of total suspended solids, nutrients, and other major ions and elements. 
 
3.3.1.2 Grab sediment samples 
Grab sediment samples were collected using a stainless steel scoop. Whenever 
possible, sediment was collected from multiple depositional areas across the width of the 
stream. In some cases, the depth of the stream or the presence of bedrock or riprap on 
the streambed limited the area from which sediments were collected. In these instances, 
sediment was collected from multiple areas, but these were grouped closer to the stream 
bank or were spread out along the length of the stream. Sediment was collected from 
the top 5cm of the streambed and deposited into a clean one-quart mason jar. Two of 
these sediment composite samples were collected at along with each grab water 
sample. All samples were sealed, their labels were secured and verified, and they were 
placed on ice in coolers for transport to the storage facility. 
 
3.3.1.3 Automated samplers 
Automated samplers (Teledyne-ISCO, Lincoln, NE) are capable of drawing a 
specific volume of water that can be paced by parameters such as time or streamflow 
when used with peripheral equipment. Automated water samples were collected through 
a Teflon-lined suction head and sampling hoses. Suction heads were secured four to six 
inches above the streambed with stainless steel posts or concrete blocks and wire. Ice 
was maintained in the samplers for the duration of the sampler deployments. Full sample 
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bottles were collected every two to three days from the samplers during sampling 
events. Following collection, samples were sealed with Teflon-lined lids, their labels 
were secured, and they were placed on ice in coolers for transport to the storage facility. 
For this project, a time-based sampling protocol was established. Time-
composited samples represent instream conditions as integrated over time. In this case, 
the automated sampling protocol specified that 170 mL of water was collected every 7 
hours for the duration of each two-week deployment. The sample bottles had a 350 mL 
capacity. Thus, two 170 mL samples were collected in each bottle over 14 hours. The 
two-week deployment periods were each represented by 24 bottles. An equal portion 
from each of the first 12 bottles was composited to represent a “week 1” composite. 
Likewise, a “week 2” composite was generated from the last 12 bottles. Additional 
composite samples representing fractions of weeks (3.5 or 2.3 days) were generated 
when sample volumes allowed. 
 Some automated sampling errors occurred to instances of improper pump 
calibration, freezing of sample lines, power loss, damaged sample bottles, chewed 
sample lines (by wildlife), and other sampler malfunction. In these cases, the remaining 
bottles from the time period were used to generate the composite, if possible. For 
example, if one bottle was lost, then a weekly composite was generated from the 11 
remaining bottles. In some cases, several sample bottles were missing and thus a given 
composite was not generated or included in the dataset. Each missing sample and 
adjustment to the compositing procedure was recorded in the sample processing log 
book.  
 
3.3.1.4 Passive water samples 
For this study, Polar Organic Contaminant Integrative Samplers (POCIS) 
samplers were used both to broaden the dataset and to assess their utility for routine 
CEC monitoring programs. These samplers have the potential for long-term deployment 
and low detection limits for many CECs [272]. In this project, a cage containing six 
POCIS samplers was deployed at each site during each two-week deployment. Three 
POCIS samplers were retrieved from each site after the first week. The remaining three 
POCIS samplers were retrieved at the end of the second week. The purpose of this 
strategy was to (a) distinguish week one from week two, and (b) to provide a safeguard 
in the event that one deployment duration was optimal in terms of contaminant uptake 
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rates or sampler durability. Following collection, samplers were wrapped in methanol-
rinsed and dried aluminum foil, and placed in plastic bags on ice in coolers for transport 
to the storage facility.  
Each POCIS sampler consisted of two semi-permeable membranes surrounding 
0.200 g of Oasis HLB sorbent (Waters, Milford, MA). The membranes were sealed at the 
edges by two stainless steel rings fastened with stainless steel nuts and bolts. The 
POCIS sampler allowed water and dissolved contaminants to pass through the 
membranes and interact with the interior Oasis HLB sorbent. Following sampler 
collection, the POCIS were transported back to the laboratory and the sorbent was 
removed. The CECs that associated with the Oasis HLB sorbent during sampling were 
then eluted with solvents with procedures similar to those of the laboratory solid-phase 
extraction (SPE) methods used in this study. Time-integrated concentrations of CECs of 
interest were calculated based on the length of sampler deployment, the measured 
concentration of each CEC per mass of Oasis HLB sorbent, and published uptake rates 
for each CEC in POCIS samplers [272].  
 
3.3.2 In situ data collection  
In situ monitoring probes (YSI, Yellow Springs, OH, and Hach Hydrolab, 
Loveland, CO) were deployed at all stream sites to measure pH, temperature, dissolved 
oxygen, and conductivity. At Willow Creek, a Doppler-based velocity probe connected to 
a data logger (Teledyne-ISCO, Lincoln, NE) measured the flow velocity, which was 
multiplied by the cross-sectional area of the stream to yield instream discharge. These 
measurements were collected every 15 minutes during deployment. The instruments 
were cleaned, calibrated, and tested prior to each deployment according to the 
manufacturers’ specifications. At the other stream sites, flow data were acquired from 
nearby USGS and Minnesota DNR/MPCA stream monitoring stations from agency web 
portals.  
 
3.3.3 Additional field equipment and incidentals 
Methanol (HPLC-grade), ultrapure water, Kim-wipes, nitrile gloves, coolers, and 
ice were transported to each field site. Deep-cycle marine batteries were used to power 
each automated sampler and probe setup. Samplers were chained and padlocked to 
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fences or other features. An all-terrain cart was used to transport equipment, coolers, 
and stainless steel kegs between the field vehicle and the riparian sampling locations. 
 
3.3.4 Sampling equipment cleaning  
A pre-deployment cleaning protocol was applied to all sampling containers and 
equipment. These items were sequentially washed with phosphorus-free soap and tap 
water, rinsed with tap water, rinsed with distilled water, triple rinsed with ultrapure water, 
allowed to dry, rinsed with methanol, allowed to dry, and heated to 400 °C for 3 hours. 
Items that were cleaned in this manner included all field and laboratory glassware, 
stainless steel POCIS rings, and other metallic items. For materials not amenable to 
being heated (e.g., Teflon-lined lids), the cleaning procedure was completed through the 
methanol rinse and drying steps. High-density polyethylene containers that were used to 
collect samples for TSS, nutrient, ion, and elemental analyses were washed with 
phosphorus-free soap and tap water, soaked for 2h in a 0.1 N HCl an acid bath, then 
rinsed once with distilled water and three times with ultrapure water. In addition to the 
pre-deployment cleaning procedures, all sampling equipment that was transported 
between sites was sequentially rinsed at each site with methanol, ultrapure water, and 
instream water from the site of interest prior to sample collection. 
 
3.3.5 Sample handling, transport, and storage  
Sterile gloves were worn by project personnel during all equipment deployment 
and sample collection of handling activities. This included cleaning and setup of 
sampling equipment, handling of sample containers prior to, during, following sample 
collection, and during all phases of sample processing and extraction. Staff followed 
procedures designed to maintain sample integrity, such as omitting the use and 
presence of tobacco, pharmaceuticals, personal care products, and caffeine before and 
during laboratory and field activities.  
 Following collection, samples were placed in coolers with ice at each site and 
transported to the storage location. Water samples for CEC analysis were stored in 
refrigerators at 4 °C. Grab water samples were processed within 72 hours of collection. 
Automated water samples were processed within 72 hours of collection of the last 
sample needed to generate the relevant composite sample. Sediment and POCIS 
samples were stored in sealed containers in freezers until processing. Water samples for 
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TSS analysis were kept at room temperature or frozen until analysis. Water samples for 
nutrient/ionic/elemental analysis were frozen until analysis.  
 
3.3.6 Field quality assurance/quality control data collection  
Field blanks were created, processed, and analyzed alongside actual samples in 
order to assess sample contamination that might occur during collection and transport. 
Field blanks consisted of ultrapure water that was transported from the laboratory in a 
glass container that had been cleaned and stored with the typical equipment cleaning 
procedures of this study. The container was opened at a sampling site, and the water 
was poured from one container to another cleaned container. Automated sampler blanks 
were collected on three occasions by rinsing and purging the automated sampler and its 
tubing with ultrapure water and then drawing ultrapure water into the sampler through 
the suction head to collect the blank sample. The containers containing blank samples 
were handled, stored, processed, and analyzed with procedures identical to grab water 
samples. Duplicate grab samples of water and sediment were collected, processed, and 
analyzed at a rate of one duplicate for every ten samples. All POCIS samples were 
collected, processed, and analyzed in triplicate for all sites and events.  
 
3.4 Laboratory and analytical methods 
 
3.4.1 Laboratory chemical standards and materials.  
HPLC-grade solvents, formic acid, metazachlor (used as a surrogate standard), 
and CEC standards were purchased from Fisher Scientific (Waltham, MA) and Sigma 
Aldrich (St. Louis, MO). Additional internal standards (deuterated atrazine and 
deuterated mecoprop) and surrogate standards (deuterated ibuprofen and deuterated 
cotinine) were purchased from CDN Isotopes (Pointe-Claire, QC, Canada). Individual 
stock solutions (5-50 mg/L) were prepared in acetonitrile (ACN). These were mixed to 
create a stock solution of all CECs that was diluted to create a 6-point working standard 
curve. Ultrapure water was produced by a Milli-Q Advantage A10 system (EMD 
Millipore, Inc., Billerica, MA). 
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3.4.2 Water sample processing 
Water samples (2 L grab, 1 L composite) were homogenized by inversion and 
shaking, filtered through 0.7 μm glass-fiber filters, spiked with a surrogate standard 
(metazachlor), and processed via SPE using an Autotrace 280 (Dionex, Sunnyvale, CA) 
equipped with Oasis HLB cartridges (6 cm3, with 500 mg HLB sorbent) (Waters, Milford, 
MA).  
For SPE, the Oasis HLB cartridges were sequentially conditioned with 3.0 mL of 
ACN/0.1% formic acid, 3.0 mL of ACN, and 3.0 mL of ultrapure water at a flow rate of 
5.0 mL/minute. The filtered, weighed sample was then loaded onto an SPE cartridge at 
5.0 mL/minute. The cartridge was then dried with nitrogen gas for 15 minutes. The 
cartridge was sequentially eluted with 6.0 mL each of ACN and ACN/0.1% formic acid at 
a flow rate of 5.0 mL/minute. The eluate was collected in a glass culture tube to which 
400µL of ultrapure water was added. This extract was then evaporated under nitrogen to 
400 +/- 10 µL. Following evaporation, the sample was reconstituted to 1.5mL with ACN 
and ultrapure water (1:1), transferred to an amber liquid chromatography vial, and stored 
at -18°C until analysis. All sample masses were recorded to 0.00x g prior to filtration, 
post-filtration, post-SPE, post-evaporation, post-reconstitution, and again during storage. 
 
3.4.3 POCIS sample processing 
In the laboratory, POCIS samplers were gently rinsed with ultrapure water to 
remove debris and dismantled. Then, the Oasis HLB sorbent was rinsed from the semi-
permeable membranes with 6mL of ACN directly into an SPE cartridge equipped with a 
Teflon frit and a small amount of clean, ACN-rinsed and dried glass wool. The SPE 
cartridges containing the Oasis HLB sampling medium were placed on a vacuum SPE 
manifold with the syringes closed to soak the Oasis HLB sorbent in ACN for five 
minutes. The syringes were then opened and the solvent was eluted under vacuum into 
glass culture tubes. The syringes were then closed and 3 mL of acidified ACN (pH 3 with 
formic acid) was added to the SPE cartridge. After soaking again for five minutes, the 
syringes were opened and the acidified solvent was eluted under vacuum into the same 
glass culture tube as the initial eluate for that sample. The combined eluates were then 
spiked with metazachlor and evaporated under a gentle stream of nitrogen. All 
subsequent steps for processing, storage, and analysis of POCIS samples were 
identical to those of the water samples as described above. Following elution, the Oasis 
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HLB sorbent from each POCIS sampler was dried in the SPE cartridges under vacuum, 
and its dried mass was recorded. 
 
3.4.4 Sediment sample processing 
Sediment samples were thawed and homogenized by mixing the sample with a 
stainless steel scoop on methanol-rinsed and dried aluminum foil. Sediment samples 
were passed through a 2mm sieve to remove larger grains and debris. A subsample was 
then transferred to a 60 mL glass jar. The jars were placed with loosely sealed lids into a 
freeze-dryer until they were sufficiently dry, as indicated by a lack of condensate 
accumulation in the collection area of the freeze-dryer. The freeze-dried sediments were 
then homogenized, and a 10 g (dry weight) subsample was transferred to an accelerated 
solvent extraction (ASE) cylinder. The remaining freeze-dried samples were sealed and 
stored in a freezer as duplicates. Surrogate standards of metazachlor, deuterated 
ibuprofen, and deuterated cotinine were added to the subsample in the ASE cylinders 
and allowed to equilibrate overnight. Then, extraction of the samples was completed with 
a Dionex ASE 350 (Dionex, Sunnyvale, CA).  
An optimization assessment was conducted to determine the ASE solvents, ASE 
settings, and clean-up steps for sediment processing. Based on ranked and absolute 
recoveries for all CECs, it was determined that the optimal ASE solvent was a 3:1 
mixture of ACN and ultrapure water. The ASE parameters were as follows: 100 °C, 1600 
psi, 3 static cycles of 5 minutes each, 100% purge volume, and 120s purge time. The 
ASE extracts (45-60 mL) were evaporated under nitrogen until the remaining solvent 
was <1% ACN (i.e., >99% ultrapure water) and were then diluted with 140 mL ultrapure 
water. The extracts were then cleaned and concentrated using SPE with Oasis HLB 
cartridges via the same procedures as applied to the water samples. The subsequent 
elution, processing, storage, and analysis procedures were performed according to the 
methods applied for the water samples. 
 
3.4.5 Liquid chromatography tandem mass spectrometry (LC-MS/MS) 
All liquid chromatography tandem mass spectrometry (LC-MS/MS) was 
conducted by Brian Barber (University of Minnesota, Department of Soil, Water, and 
Climate). Concentrations of the CECs were quantified on a Shimadzu (Kyoto, Japan) 
high performance liquid chromatograph (HPLC), with an Agilent (Santa Clara, CA) C8 
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2.1 x 150mm x 5μm film thickness Zorbax column and an Agilent Eclipse Plus C8 2.1 x 
12.5mm x 5μm film thickness narrow bore guard column used for analyte separation. 
The HPLC was coupled to an Applied Biosystems (Carlsbad, CA) API 3200 triple 
quadrupole mass spectrometer using turbo spray in scheduled multiple reaction 
monitoring mode either positive or negative mode for compound identification. The 
column was maintained at 40° C. The mobile phase was a gradient of 80% water (0.1% 
formic acid) and 20% ACN (0.1% formic acid) to 80% ACN at 15 min, held at 80% ACN 
to 20 min, to 90% ACN at 24 min, with column re-equilibration to 20% ACN from 24 to 30 
min. A flow rate of 0.2 mL/min was used for all runs. The sample injection volume was 
50μL. Samples were maintained at 15 °C in the auto sampler to minimize 
decomposition. Tuning parameters were optimized for each analyte by direct infusion 
and are presented Table A-3. 
 
3.4.6 Nutrient, major ion, and elemental analysis 
During each grab sampling event, a separate grab sample was collected and 
submitted to the University of Minnesota Soil Testing Research Analytical Laboratory 
(St. Paul, MN) for analysis of total organic carbon, metals, nutrients, and other major 
ions. 
 
3.5 Data quality assurance/quality control (QA/QC) 
Laboratory, procedural, and matrix spikes, blanks, and duplicates were used to 
calculate analytical recoveries and precision, to assess losses due to sample 
processing, assess matrix effects, and to ensure that laboratory methods did not result in 
a loss of sample integrity. Laboratory spikes and blanks were included in all analytical 
runs. Procedural blanks were generated from ultrapure water and were analyzed at a 
rate of 1 for every 10 environmental samples. Procedural water blanks were typically 
subjected to each processing step starting with glass-fiber filtration through LC-MS/MS 
analysis. Procedural spikes consisting of ultrapure water spiked with CECs of interest 
were subjected to processing and analysis to quantify the effects of each processing 
step on the recoveries of individual CECs. Procedural sediment blanks and spikes were 
generated by heating Ottawa sand to 400 °C for 3 hours, allowing the sand to cool, and 
then spiking it with surrogate standards and (for procedural spikes) standards of CECs 
of interest. Sediment blanks and spikes were then processed with ASE and subsequent 
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procedures as described for environmental sediment samples. Matrix spikes of sediment 
and water were generated by duplicating extracted environmental samples, spiking one 
of the duplicates, analyzing both duplicates, and then subtracting the difference of the 
CEC masses measured in the spiked and unspiked duplicates to determine the spiked 
mass recovery. Duplicate analysis of water and sediment samples was conducted for 
10% of all samples to assess analytical precision. 
Concentrations of CECs in water and sediment samples were quantified using 
external calibration. The external calibration method accounts for CEC-specific recovery 
because the calibration curves are based on the analytical response of each CEC in 
laboratory spikes. Thus, additional correction against recovery of a given CEC in 
laboratory spikes was not necessary. Measurement precision of replicate analyses of 
environmental samples and spiked environmental samples was acceptable (RSDs and 
RPDs <25% for detected CECs). Linear regression coefficients of determination (r2) 
were greater than 0.98 for all detected analyte calibration curves. Any anomalous 
surrogate or internal standard responses were investigated for possible sampling or 
measurement error.  
The QA/QC policy was to flag and review data if a CEC was quantified above the 
MRL in a laboratory or procedural blank at a concentration greater than 20% of that for 
an environmental sample from the same dataset. If a CEC was quantified in a laboratory 
or procedural blank at a concentration greater than 50% of that for an environmental 
sample from the same dataset, the environmental sample datum would be reported as 
non-detected. No CEC detected in environmental water samples was quantified in 
equivalent procedural blanks above the MRL. Caffeine and trimethoprim were each 
detected in one field water blank above the MRL (4.1 ng/L and 2.8 ng/L, respectively). 
These concentrations were less than those quantified in environmental samples from the 
same event, and environmental data were not censored against these field blank 
detections. The calculated value of caffeine was censored (reported as non-detect) in 
one sediment sample due to the quantification of caffeine in a procedural sediment blank 
at a value within 50% of the environmental sample. 
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CHAPTER 4. Contaminants of Emerging Concern in a Mixed Land Use Watershed: 
A Two Year Study of Fluvial Occurrence and Spatiotemporal Variation 
 
Abstract 
The occurrence and spatiotemporal variation of twenty-six contaminants of 
emerging concern (CECs) were evaluated in water samples collected over two years in 
the Zumbro River watershed, Minnesota, U.S.A. Selected CECs included 
pharmaceuticals and personal care products (PPCPs), pesticides, veterinary 
pharmaceuticals, phytoestrogens, and commercial/industrial compounds. Detection 
frequencies of atrazine, metolachlor, acetaminophen, caffeine, DEET, and trimethoprim 
were greater than 70%. Concentrations and loadings of agricultural herbicides were 
greatest during early summer periods of increased use and precipitation, with 
concentrations typically greatest at sites upstream from the wastewater treatment plant 
(WWTP). Spatiotemporal patterns of concentration and loading of five PPCPs 
(acetaminophen, trimethoprim, DEET, caffeine, and cotinine) and an urban/residential 
herbicide (mecoprop) suggested a mix of wastewater and runoff transport that varied 
among CECs and season. The remaining PPCPs showed expected trends of stable 
year-round loading with the greatest concentrations during low-flow seasons and 
downstream of the WWTP. Spatiotemporal patterns for carbamazepine and 4-
nonylphenol suggested smaller upstream sources along with the dominant WWTP 
source. Surface water studies of CECs often focus on areas near WWTPs. In this study, 
however, several CECs often characterized as effluent-associated occurred frequently 
upstream from the WWTP. Our results indicate that CEC monitoring studies should 
incorporate spatiotemporality of concentrations and loadings, especially when 
investigating CECs that may have mixed sources or transport. This knowledge can 
augment CEC monitoring programs to result in more accurate source and occurrence 
characterizations, and will ultimately enhance environmental decision-making. 
 
4.1 Introduction 
Over the past two decades, enhanced awareness of ecotoxicological issues and 
the refinement of analytical techniques have resulted in the identification and 
assessment of numerous contaminants of emerging concern (CEC) in freshwater 
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ecosystems. These CECs include, but are not limited to, natural and synthetic 
hormones, veterinary pharmaceuticals, pesticides, human pharmaceuticals and personal 
care products (PPCP), and other industrial/commercial compounds [6, 8]. Numerous 
agricultural, residential, commercial, and industrial sources contribute CECs to surface 
waters [8, 10, 166]. CECs are detected throughout the environment and biota worldwide, 
even in remote, “pristine” areas and in treated drinking water [144]. Several authors have 
reviewed potential CEC effects [6, 10, 19], which include endocrine disruption and 
associated biological fitness issues in aquatic systems [6] and human populations [82], 
induction of antibiotic resistance [10], and direct aquatic toxicity [6]. 
Despite recent advances, knowledge regarding the sources, fate, transport, and 
effects of many CECs in the environment is still limited [10, 47, 60, 70, 185, 197]. 
Concentrations differences among sites have been linked to varying land uses and the 
influences of wastewater treatment plants (WWTP) [8, 60, 69, 101, 166, 185, 198]. 
Longitudinal studies have reported instream transport of a wide range of persistent and 
labile CECs over kilometer-scale distances [197, 236]. Similarly, several studies have 
reported significant temporal trends in CEC concentrations at individual sites [47, 60, 62, 
184, 189, 233]. Reports have explained increased concentrations of PPCPs in cold or 
low-flow conditions by reduced degradation, dilution, and/or increased use of certain 
compounds (e.g., antibiotics) at these times [61-62, 151]. Other researchers have 
explained elevated concentrations of some PPCPs in high-flow spring conditions by 
lower temperatures and hydraulic retention times that reduced removal efficiencies and 
increased inputs from WWTPs [189]. Finally, increased concentrations and detection 
frequencies of agricultural herbicides and veterinary pharmaceuticals in spring and 
summer have been explained by increased usage and runoff transport [61, 233, 238]. 
Overall, variation of CECs is dependent on physicochemical, societal, and/or 
environmental variables such as temperature, sunlight, precipitation, chemical use, 
source proximity, flow, dissolved oxygen, specific conductance, pH, solubility, sorption, 
photodegradability, biodegradability, and wastewater treatment processes [60, 185, 189, 
233]. Environmental systems are complex, and these processes are not easily modeled 
or extrapolated from one site to another [39, 57, 62, 67-68, 197, 234]. Limited sampling 
periods or sample sizes also inhibit the identification of significant trends [183-185]. 
Thus, seasonality and associations of CEC concentrations with flow or temperature are 
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often unclear, insignificant, or inconsistent within or between study areas [60-62, 69, 
151, 233]. 
A greater understanding of spatiotemporal patterns in CEC concentration and 
loading is therefore clearly important for characterizing CEC sources, fate/transport, and 
ultimately, risk [61, 185]. The objectives of this inland, freshwater study were to assess 
these patterns and their drivers for a diverse set of CECs in rivers of a mixed-use 
watershed. Samples were collected during all seasons for two years to facilitate trend 
detection. It was hypothesized that a range of spatiotemporal patterns of CEC 
occurrence, concentration, and loading would be evident due to environmental factors, 
compound characteristics, and land use. We expected that some CECs would be 
transported mainly from upstream areas during high flows (e.g., agricultural herbicides) 
or from the WWTP (e.g., some prescription pharmaceuticals), while we expected that 
others (e.g., mixed-use or ubiquitous PPCPs) would show mixed patterns that have 
heretofore been vaguely defined. Understanding these spatiotemporal patterns can aid 
the development of appropriate sampling regimes and knowledge of occurrences, 
sources, and risks of CECs. 
 
4.2 Methods 
4.2.1 Study area and CECs of interest 
The study area (approximately 786 km2) is part of the Zumbro River watershed 
(southeastern Minnesota, U.S.A.), and contains a gradient of land uses across its 
subwatersheds that provides a unique opportunity to study CEC sources. The City of 
Rochester lies in the downstream portion of the watershed. Rochester’s WWTP serves 
approximately 110,000 residents and other commercial/industrial customers, including a 
medical complex that provides more than 2,100 beds and 225,000 annual outpatient 
visits. In the adjacent suburban and agricultural areas, approximately 15,000 people use 
onsite septic systems. Approximately 64% of the study area is agricultural and is 
comprised mainly of corn/soybean crops and an estimated 212,000 livestock. 
Land use and hydrologic information was provided by McGhie Betts, Inc. 
(Rochester, MN) (detailed in Karpuzcu et al. [273]). Four sampling sites (Figure 4-1) 
were selected and categorized by land use allocations (Table A-1) for data analysis. 
Sites with >50% agricultural area were considered agricultural, sites with >5% developed 
area were considered to have significant urban/suburban/residential influences, and 
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sites meeting both of these criteria were considered mixed-use [101]. By this strategy, 
Willow Creek and SFZR-US2 sites were agricultural, while Bear Creek and SFZR-DS 
were mixed-use sites. Human population densities were 4-5 times greater at Bear Creek 
and SFZR-DS than at Willow Creek and SFZR-US2. Bear Creek had the greatest 
density of septic systems among the study sites. SFZR-DS was the only WWTP-
influenced site, and was approximately 250 m downstream of the WWTP outfall. In 
2012, a fifth site (SFZR-US1), approximately 300 m upstream from the WWTP, was 
sampled to provide additional resolution between the WWTP and upstream areas for 
comparing CEC sources/transport at the downstream site (SFZR-DS). 
Twenty-six urban/residential, agricultural, and mixed use CECs (Table A-2) were 
selected based on previous freshwater occurrences [8, 165], chemical usage patterns 
[165], potential effects [6, 10, 19], and associated land uses [8]. 
 
4.2.2 Sample collection, processing, and analysis 
Grab water samples were collected during five seasonal periods in both 2011 
and 2012 and reflected a variety of seasons, flows, and terrestrial activities. Spring 
(March) sampling corresponded with snowmelt runoff. Early summer (May-June) 
sampling corresponded with the first predicted rainfall (>3cm) after >90% of cropland 
was planted [271]. Late summer (August-September), fall (October-November), and 
winter (January-February) sampling occurred during low flows without predicted 
precipitation or snowmelt. Also, fall sampling occurred within a week of when 90% of 
corn was harvested and land-spreading of manure was expected [271]. 
Samples (2-L) were collected and refrigerated at 4°C until processing, which was 
initiated within 72 hours. Equipment cleaning and sample collection, handling, 
processing, and analysis were as previously described [273-274]. Briefly, water samples 
were filtered through 0.7 µm glass-fiber filters, spiked with a surrogate standard 
(metazachlor), and processed via solid phase extraction using Oasis HLB cartridges 
(Waters, Milford, MA, USA). Eluates were evaporated under nitrogen, reconstituted to 
1:1 (v/v) acetonitrile/ultrapure water, and analyzed with high performance liquid 
chromatography tandem-mass spectrometry. Additional information regarding chemical 
standards, equipment, sampling, processing, extraction, and analysis is presented in the 
Tables A-2 and A-3. 
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4.2.2.1 Data quality assurance/quality control  
Field and laboratory quality assurance/quality control (QA/QC) and external 
calibration procedures are described in [274]. QA/QC results are presented in Table A-3. 
The range of mean analytical recoveries for individual CEC was 53%-161% in laboratory 
spikes, 48%-149% in matrix water samples spiked before injection, and 35%-131% in 
matrix water samples spiked before SPE. For individual detected CECs, mean relative 
percent differences of (RPD) of duplicate analyses of environmental water samples 
ranged from 2.8%-25% (n=12) and for spiked water samples, relative standard 
deviations (RSD) ranged from 0.9-%-19% (n=4). Method reporting limits (MRL) were 
determined using U.S. EPA methods [275]. These MRLs were compared with results of 
a USGS method [276] and the minimum CEC mass that produced a signal-to-noise ratio 
of at least nine to ensure consistency across numerous analytical runs.  
Laboratory blanks were included in all analytical runs. Procedural and field 
blanks were each generated and analyzed at a rate of 1 for every 10 environmental 
samples. The QA/QC policy was to flag and review data if a CEC was quantified above 
the MRL in a laboratory or procedural blank at a concentration greater than 20% of that 
for an environmental sample from the same dataset. If a CEC was quantified in a 
laboratory or procedural blank at a concentration greater than 50% of that for an 
environmental sample from the same dataset, the environmental sample datum would 
be reported as non-detected. No CEC detected in environmental samples was quantified 
in procedural blanks above the MRL. Caffeine and trimethoprim were each detected in 
one field blank above the MRL (4.1 ng/L and 2.8 ng/L, respectively). These 
concentrations were less than those quantified in environmental samples from the same 
event, and environmental data were not censored against these field blank detections. 
 
4.2.2.2 Analytical method considerations 
Concentrations of CECs in water samples were quantified using external 
calibration. The external calibration method accounted for CEC-specific recovery 
because the calibration curves are based on the analytical response of each CEC in 
laboratory spikes. Thus, additional correction against recovery of a given CEC in 
laboratory spikes was not necessary. Measurement precision of replicate analyses of 
environmental samples and spiked environmental samples was acceptable (RSDs and 
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RPDs <25% for detected CECs). Linear regression coefficients of determination (r2) 
were greater than 0.98 for all detected analyte calibration curves.  
Correction for surrogate recoveries can account for sample-specific issues that 
may arise during sample processing and analysis. While it is preferable to use the 
internal standard calibration approach and correct for surrogate standard recoveries in 
most instances, it was not feasible to include the number of standards that would be 
required to represent each of these CECs for these procedures. However, any 
anomalous surrogate or internal standard responses were investigated for possible 
sampling or measurement error.  
The difference in recoveries between ultrapure water and matrix water spikes 
indicated that recoveries of most studied CECs were within an acceptable and expected 
range for a multi-residue method for diverse CECs (Table A-2). For most CECs in this 
study, corrected concentrations would be equal to or greater than the uncorrected 
concentrations, because recoveries were somewhat lower in matrix water than ultrapure 
water. Generally, the potential differences between calculated and actual concentration 
were equivalent to what is normally anticipated for measurement of organic compounds 
at part-per-trillion concentrations. For a given CEC, correction for matrix effects would 
apply the same correction factor to each calculated concentration. Although the range of 
detected concentrations could be affected, the differences in proportion and rank 
between among data points for a given CEC would not. The statistical methods used in 
this study compared the ranks of concentrations or loadings across seasons and sites 
for a given CEC. Thus, matrix correction would not affect the statistical outcomes. Given 
these alternatives, it was decided that a conservative approach would be to report the 
uncorrected concentrations. Because matrix correction was not conducted, the 
calculated CEC concentrations should be considered in light of the differences between 
recovery in ultrapure water and matrix water. 
 
4.2.3 Statistical analysis 
Statistical analysis was conducted using SPSS (IBM, Armonk, NY, USA) and 
Stata (StataCorp LP, College Station, TX, USA). Concentration and mass loading data 
were rounded to two significant digits prior to ranking and statistical analysis to reflect 
the calculated analytical precision. Categorical statistical analysis was utilized due to the 
number of sites (n=4). Multi-way analysis of variance (ANOVA) on ranks is a 
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nonparametric statistical method suitable for assessing the variation of a numerical 
dependent variable due to categorical independent variables when data are censored or 
do not meet the assumptions of parametric methods [277]. The main effects and 
interaction of season and site on the concentration and loading of each CEC were 
assessed with two-way ANOVA on the censored/ranked data (with α=0.05). When main 
effects were significant, the Protected Least Significant Difference procedure was used 
assess significant differences between individual seasons and sites. Significant 
interactions were included in the final ANOVA models and investigated with interaction 
plots. The influence of numerical independent variables was assessed using 
Spearman’s rank-order correlation. 
 
4.3 Result and discussion  
 
4.3.1 CEC detection frequencies and concentrations 
In total, CEC data for 68 grab water samples were analyzed for spatiotemporal 
patterns in this study. Concentrations of CECs measured in each grab sample and 
associated flow data are presented in Table A-4. Summary concentration data and 
detection frequencies of CECs are presented in Figure 4-2. 
Generally, agricultural herbicides and non-prescription PPCPs were more 
commonly detected than prescription/veterinary pharmaceuticals, phytoestrogens, and 
mixed-use pesticides. The six most commonly detected CECs (detected in over 70% of 
grab samples) were the agricultural herbicides atrazine and metolachlor, the non-
prescription PPCPs caffeine, acetaminophen, and DEET, and the prescription/veterinary 
pharmaceutical trimethoprim. Four CECs were detected in 35%-50% of samples 
(acetochlor, mecoprop, carbamazepine, and daidzein), four were detected in 20%-30% 
of samples (4-nonylphenol, cotinine, sulfamethoxazole, and erythromycin), and two were 
detected in 10%-20% of samples (tylosin and carbaryl). The remaining ten CECs 
(chlorpyrifos, formononetin, genistein, ibuprofen, iprodione, monensin, oxytetracycline, 
trenbolone, virginiamycin, and zeranol) were not detected in any sample. Some of the 
non-detected CECs showed greater analytical variability or weaker instrumental 
responses than the other CECs, which resulted in greater MRLs that may have affected 
their detection (e.g., chlorpyrifos, monensin). For others, occurrence was not expected to 
be as widespread (e.g., formononetin, virginiamycin). These issues were also evident for 
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some of the detected CECs. For example, 4-nonylphenol and erythromycin had higher 
MRLs (range of 102 ng/L) than most other detected CECs (range of 10-1 ng/L). Thus, the 
reduced detection frequencies of 4-nonylphenol and erythromycin compared to, e.g., 
caffeine, in this study could be due to their greater MRLs and do not necessarily indicate 
reduced environmental occurrence. The different MRLs should be considered when 
comparing the detection frequencies of different CECs. 
4-Nonylphenol (commercial/industrial compound), erythromycin and 
sulfamethoxazole (prescription/veterinary pharmaceuticals) were not among the most 
frequently detected CECs, but were measured at maximum concentrations (103-104 
ng/L) that were generally 1-2 orders of magnitude greater than other detected CECs. 
Atrazine, metolachlor, trimethoprim, caffeine, and DEET were frequently detected with 
median concentrations of 5-50 ng/L. Their maximum concentrations, and those of 
acetochlor and carbamazepine, were 110-440 ng/L. The remaining six detected CECs 
had median and maximum concentrations of <MRL-5 ng/L and 3-30 ng/L, respectively. 
Typically, the concentration range of a given CEC spanned about two orders of 
magnitude throughout the study. 
 
4.3.2 Spatial and temporal patterns 
Box plots, detection frequencies, and results of statistical comparisons are 
presented for site and seasonal concentrations (Figures 4-3 and 4-4) and loadings 
(Figures 4-5 and 4-6) of CECs. The five most-detected CECs (atrazine, metolachlor, 
acetaminophen, caffeine, and DEET) showed spatial and temporal ubiquity (>70% 
detection frequency for each site and seasonal period). When grouping all studied CECs 
(including CECs not detected in any sample), SFZR-DS had the greatest mean detection 
frequency (49%), followed by Bear Creek (29%), SFZR-US2 (24%), and Willow Creek 
(22%). 
There was significant seasonality in concentration and/or loading of trimethoprim, 
acetaminophen, DEET, daidzein, and 4-nonylphenol, in addition to that expected for the 
herbicides. Also, concentrations of all but two CECs (atrazine and daidzein) showed 
significant spatial variation. Interactions of site and season on concentration were 
evident for trimethoprim, acetochlor, and carbaryl (Figure A-1). 
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4.3.2.1 Wastewater-dominated CECs 
4-Nonylphenol, carbaryl, and most of the prescription pharmaceuticals showed 
spatial and seasonal patterns that together demonstrate the dominance of wastewater 
inputs on their instream profiles, discussed in the following sections. 
 
4.3.2.1.1 Spatial patterns – wastewater-dominated CECs 
The greatest concentrations and loadings of all PPCPs and 4-nonylphenol 
occurred at SFZR-DS (p<0.05, Figures 4-3 and 4-5). Several of these CECs were 
detected almost exclusively at SFZR-DS (4-nonylphenol, erythromycin, 
sulfamethoxazole, tylosin, and carbaryl). This may be due to the WWTP influence but 
could also reflect additional upstream sources, given the location of SFZR-DS at the 
mouth of the study area (Figure 4-1). Water samples collected at SFZR-US1 (350 m 
upstream from the WWTP) allowed us to distinguish these influences. 
Sulfamethoxazole, erythromycin, and tylosin were each detected in more than 70% of 
SFZR-DS samples, no SFZR-US1 samples, and only a single sample from any other 
upstream site (Table A-4). Thus, WWTP effluent is the dominant source of these 
antibiotics to SFZR-DS. Likewise, most of the 4-nonylphenol and carbaryl detections 
were at SFZR-DS (respective detection frequencies were 88% and 29% at SFZR-DS). 
Meanwhile, they were infrequently detected upstream (8% and 4%, respectively, of 51 
total samples from upstream sites). Carbamazepine was frequently detected at SFZR-
DS and Bear Creek, although the concentrations were much greater at SFZR-DS. This 
suggests that additional smaller upstream sources such as septic systems or land-
applied biosolids were more influential for carbamazepine than for the other effluent-
dominated CECs discussed in this section. 
 
4.3.2.1.2 Temporal patterns – wastewater-dominated CECs 
Concentrations of wastewater-derived CECs (e.g., prescription pharmaceuticals 
and 4-nonylphenol) were expected to increase in low-flow seasons due to increased 
pharmaceutical use, reduced instream flows, and/or reduced degradation rates. No 
prescription pharmaceuticals, however, showed seasonality in concentration (p> 0.20 for 
each, Figure 4-4). Trends of smaller concentrations of carbamazepine during spring and 
early summer are consistent with predicted dilution. 
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Tylosin (a veterinary antibiotic) was expected to associate with agricultural runoff 
and perhaps pet waste. Nonetheless, 93% of tylosin detections were at SFZR-DS and 
the greatest seasonal detection frequency was in fall. Indeed, tylosin has been detected 
in WWTP influents and effluents in the United States [145] and elsewhere [146-147], 
which suggests the influences of veterinary clinics, pet owners, or runoff and infiltration 
from CAFOs on the WWTP [145].   
4-nonylphenol had significantly increased concentrations and loading in spring 
and late summer, with concentrations also increased in fall (Figures 4-4 and 4-6). 
Although typically wastewater-associated, 4-nonylphenol is also used in pesticide 
formulations and may be found in agricultural areas [278]. This may explain its 
occasional detections and high concentrations at agricultural sites and during spring 
sampling. The seasonality in 4-nonylphenol concentration and loading could have 
resulted from occasional runoff transport related to agricultural use or from 
biotransformation of nonylphenol ethoxylates to nonylphenol in WWTPs, which should 
occur more rapidly in warmer seasons [26].  
Carbaryl is an insecticide approved for some indoor and outdoor mixed-use 
settings in the U.S. Its infrequent detection and low concentrations in this study agreed 
with expectations based on its smaller annual usage and more limited geographic 
application compared to the studied agricultural herbicides [279]. Carbaryl appeared to 
show trends of greater concentration and loading in early summer and at SFZR-DS 
(Figures 4-3 to 4-6), as demonstrated by the significant interaction (<0.001) between site 
and season. The interaction plot (Figure A-1) shows that the greatest carbaryl 
concentrations occurred at SFZR-DS in early summer and winter followed by Bear 
Creek in spring and fall. This suggests the influence of urban/residential sources that 
may stem from effluent and other seasonally variable transport routes. 
 
4.3.2.2 Mixed-transport CECs 
In contrast to the CECs discussed in Section 3.2.1, spatiotemporal concentration 
and loading profiles of acetaminophen, DEET, caffeine, cotinine, trimethoprim (PPCPs) 
and mecoprop (urban/residential herbicide) suggest the influence of runoff/stormwater or 
septic system inputs in addition to wastewater effluent inputs. These CECs were 
frequently detected at upstream sites and (except caffeine) showed temporal patterns of 
greater concentration and loading in high-flow periods (Figures 4-4 and 4-6). Also, their 
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concentrations and loading were greatest at SFZR-DS, but the differences between 
SFZR-DS and the other sites were not as extreme as were those of the effluent-
dominated CECs discussed in section 3.2.1 (Figures 4-3 and 4-5).  
 
4.3.2.2.1 Spatial patterns - mixed-transport CECs 
Acetaminophen, caffeine, and DEET were each detected in more than 80% of 
samples from each site. Trimethoprim was detected in more than 50% of samples from 
each site. The median concentrations of each of these CECs varied by less than a factor 
of five across sites (Figure 4-3), and median loadings at SFZR-US2 and Bear Creek 
were within an order of magnitude of those at SFZR-DS (Figure 4-5). Likewise, cotinine 
concentrations were greatest at SFZR-DS, but cotinine was also detected in 18% of 
samples at Bear Creek as opposed to 6% of samples at Willow Creek and SFZR-US2. 
These diffuse spatial patterns suggest non-WWTP sources and pathways such as septic 
systems or runoff of land-applied biosolids or manure in addition to a wastewater source.  
Similarly, mecoprop concentrations were highest at SFZR-DS and second-
highest at Bear Creek compared to the agricultural sites (Figure 4-3). The U.S. EPA 
estimated that >97% of annual mecoprop use in the U.S. is on residential lawns [280]. 
This agrees with the expected transport of this herbicide in runoff or stormwater from 
urban/residential areas. 
 
4.3.2.2.2 Temporal patterns – mixed-transport CECs 
The ubiquity and pseudo-persistence of acetaminophen, caffeine, and DEET was 
demonstrated by high detection frequencies (>65%) in all seasons in this study. 
However, like the agricultural herbicides, acetaminophen and DEET also appear 
influenced by runoff in this study (i.e., greater concentrations and loadings in spring 
and/or early summer, Figures 4-4 and 4-6). Acetaminophen concentrations and loadings 
were greatest in spring and early summer (p<0.001), and acetaminophen concentrations 
were correlated with flow (ρ=0.380, p=0.001). Although DEET showed insignificant 
concentration seasonality, upward trends were evident in early and late summer when 
usage was expected to be greatest. DEET loadings showed a corresponding early 
summer peak (p=0.002). Mecoprop showed its greatest concentrations and loadings in 
early summer (p<0.01, Figures 4-4 and 4-6), consistent with its outdoor applications. 
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Trimethoprim concentrations were greatest in late summer and fall compared to 
all other seasons, but the greatest individual concentrations occurred in early summer 
(Figure 4-4). Interactions of site and season (Figure A-1) indicated that concentrations at 
upstream sites were greatest in late summer and fall, while at SFZR-DS they were 
greatest in early summer and winter. The greater concentrations at upstream sites in late 
summer and fall could be due to terrestrial sources such as manure or land-applied 
biosolids, while the concentration patterns at SFZR-DS could be due to variable WWTP 
or upstream inputs. Likewise, loadings of trimethoprim were greater in early summer, 
late summer, and fall compared to winter and spring (p=0.001, Figure 4-6). 
 
4.3.2.3 Runoff-dominated CECs 
Agricultural herbicides, veterinary pharmaceuticals, and phytoestrogens were 
expected to show greater occurrences, concentrations, and loadings from agricultural 
sites and during periods of increased application and precipitation. Patterns of the 
agricultural herbicides generally corresponded to expectations, as discussed in the 
following sections. 
 
4.3.2.3.1 Spatial patterns – runoff-dominated CECs 
Runoff influences were expected to be evident in greater concentrations and 
loadings of agricultural CECs at agricultural sites compared to mixed-use sites. Spatial 
patterns of the herbicides supported this expectation, although the associations were not 
as obvious as those of urban/residential or mixed-use CECs and the mixed-use sites. 
Concentrations of all agricultural herbicides varied spatially (p<0.05, Figure 4-3). 
Atrazine concentrations were greater at (agricultural) SFZR-US2 than SFZR-DS 
(p=0.007), but metolachlor concentrations were greatest at (mixed-use) Bear Creek 
(p<0.001). Concentrations of acetochlor were elevated at Bear Creek and SFZR-DS 
compared to Willow Creek, but not compared to SFZR-US2 (Figure 4-3). Also, detection 
frequencies and median loadings of the agricultural herbicides showed smaller ranges 
across sites than did many of the urban/residential or mixed-use CECs (Figures 4-3 and 
4-5). These patterns accord with the >50% agricultural area at each site and 
demonstrate the influence of upstream sources of these CECs in the watershed. 
Daidzein was also regular in its spatial distribution (35%-42% detection among sites and 
insignificant concentration and loading variation). This agrees with associations of 
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phytoestrogens with agricultural and industrial-commercial activities (e.g., food 
processing) [281]. 
 
4.3.2.3.2 Temporal patterns – runoff-dominated CECs 
Concentrations and loadings of acetochlor, atrazine, and metolachlor varied 
seasonally (p<0.05, Figures 4-4 and 4-6), peaking in early summer. These patterns 
agree with the expectation that these agricultural herbicides would be transported in 
precipitation runoff following pre-emergent crop applications. Daidzein showed a 
seasonal pattern somewhat similar to the agricultural herbicides, with its greatest 
concentrations in spring, early summer, and winter (Figures 4-4 and 4-6). 
In early summer, acetochlor concentrations, loadings, and detection frequencies 
were much greater than in late summer and fall when it was infrequently detected 
(Figures 4-4 and 4-6). In contrast, atrazine and metolachlor were frequently detected in 
all seasons at median concentrations and loadings within an order of magnitude of the 
early summer peaks. This could be due to the lower persistence of acetochlor compared 
to atrazine and metolachlor [169, 171]. Acetochlor is also approved for some post-
harvest applications in Minnesota. Concentrations and loadings of acetochlor were 
greater in winter and spring compared to late summer, which may be due to transport in 
snowmelt runoff associated with post-harvest applications or atmospheric deposition 
[282].  
 
4.3.3 Research synopsis 
Atrazine, acetochlor, and metolachlor are commonly detected in many areas at 
concentrations similar to this study [165-166]. The greatest agricultural herbicide 
concentrations in streams are typically reported when precipitation follows their 
application during the growing season [166, 184, 233, 238-239]. Similar to this study, 
concentrations of agricultural herbicides are often an order of magnitude greater than 
many PPCPs [233]. Certain PPCPs (e.g., some antibiotics, carbamazepine) and 4-
nonylphenol, however, frequently exceed herbicide concentrations, occurring at up to 
several µg/L near WWTPs [47], as observed in this study. Although erythromycin and 
sulfamethoxazole are approved for human and veterinary use, our results agree with 
reports that WWTP effluents are a greater source of these antibiotics to surface waters 
[144, 283]. The greater instream persistence of trimethoprim compared to (typically co-
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prescribed) sulfamethoxazole may result in longer-range trimethoprim transport [41]. In 
this study, the greater persistence of carbamazepine  [284] and trimethoprim [41] is 
evident in their more frequent detection across sites and seasons compared to 
sulfamethoxazole and erythromycin.  
In the current study, all PPCPs were detected most frequently and with the 
greatest concentrations and loadings downstream from the WWTP. Some PPCPs (e.g., 
acetaminophen, trimethoprim, caffeine, DEET) were also influenced by upstream 
sources. Caffeine, acetaminophen, and DEET have been detected ubiquitously in 
surface water, independently of WWTP influences [60, 62, 151-152]. Lack of spatial 
trends in one U.S. study was explained by diffuse PPCP sources such as septic systems 
and land-applied biosolids [61]. Insignificant correlations of PPCP concentrations with 
flow were explained by mixed sources, with WWTPs accounting for only ~2% of the 
annual load of many CECs in an urban watershed [69]. Other studies, however, have 
identified WWTP proximity as the primary influence on detection frequencies and 
concentrations of prescription pharmaceuticals [8, 60, 166, 185].  
Seasonality and associations of PPCP concentrations with flow or temperature 
are often unclear, insignificant, or inconsistent within or between study areas [60-62, 69, 
151, 233]. For example, variations of acetaminophen, carbamazepine, DEET, and 
caffeine concentrations due to precipitation were statistically insignificant [60, 152]. In a 
year-round study, however, caffeine and sulfamethoxazole concentrations increased in 
spring [189]. DEET concentrations have been variously reported to increase in the 
summer when usage is greater [61] and to show a lack of seasonality similar to 
wastewater-derived PPCPs such as caffeine and cotinine [235]. In contrast, many 
reports confirm predictions that PPCP concentrations would be enhanced during dry or 
cold seasons due to reduced dilution and/or degradation [47, 60, 62, 151]. 
Carbamazepine has shown stable instream and effluent concentrations and loads with 
little year-round variation due to seasonality or fate processes [185, 189, 219]. 
The CEC groups that were identified by spatiotemporal analysis in this study 
agreed with a principal component analysis completed in this area in which occurrences 
of some CECs were well-explained by effluent-sources (e.g., sulfamethoxazole, 
carbamazepine) or agricultural sources (e.g., atrazine, acetochlor), while others showed 
mixed patterns (e.g., acetaminophen, caffeine) [273]. 
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4.3.4 Implications for CEC monitoring 
It is necessary to characterize the spatiotemporal variability of different CECs to 
understand their sources and impacts and to inform monitoring and mitigation efforts. 
Otherwise, incorrect patterns may be identified. The importance of using appropriate 
sampling regimes to assess diverse CECs is highlighted by the different spatiotemporal 
patterns of CEC loadings and concentrations observed in this study. Several CECs 
identified as having mixed sources or transport routes did not correspond to typically 
understood patterns of effluent-dominated or runoff-dominated CECs. 
The limited seasonality of many of the effluent-dominated CECs in this study may 
reflect consistent seasonal use and inputs to surface waters. On the other hand, it may 
also suggest the need for alternative sampling regimes to detect trends. Detection 
frequencies of most of the prescription/veterinary pharmaceuticals were among the 
lowest of studied CECs, which may have affected trend analysis. Also, most of their 
detections were at SFZR-DS. If WWTP effluent was indeed their primary source, then 
the proximity of SFZR-DS (approximately 200 m downstream) to the WWTP outfall 
would have allowed a short time for instream attenuation before sample collection. This 
may have reduced the influence of seasonally variable fate processes on their 
concentrations and loading compared to what might have been observed further 
downstream.  
4-Nonylphenol did show seasonality in loading and concentration. Likewise, the 
greatest detection frequencies and median concentrations of the other effluent-
dominated CECs typically occurred during low-flow seasons. This may reflect the 
influence of concentration-dilution processes, seasonal variation in WWTP removal 
efficiencies, or, less likely, instream fate processes. 
Our results indicate that seasonal concentration and loading assessments of 
CECs should be incorporated into monitoring, especially for runoff-associated pesticides 
and mixed-transport PPCPs such as acetaminophen, DEET, and trimethoprim. Likewise, 
although seasonality was not as evident for other prescription and non-prescription 
PPCPs, we observed evidence of concentration-dilution effects and (for specific CECs 
such as carbamazepine and 4-nonylphenol) additional upstream sources. Loadings and 
concentrations of many of the mixed-transport CECs were within an order of magnitude 
at upstream sites compared to the WWTP site. This suggests that pollution prevention 
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efforts that target these sources in addition to WWTPs may be needed if mitigation of 
these CECs is desired.     
Periods of increased loads or concentrations may result in increased 
environmental or ecological health risks. For CEC programs assessing peak 
concentrations or loading, runoff-associated CECs should be monitored during high-flow 
periods when the greatest concentrations and loadings will occur. However, 
concentrations of effluent-associated CECs are likely to be reduced at these times. They 
should be measured during low flows if instream exposures are of concern. Monitoring at 
watershed collection points is suitable to survey the loading and concentrations of 
effluent- and mixed-transport CECs. Upstream monitoring is advisable if concentrations 
of runoff-associated CECs are of interest, or if downstream surveys suggest that 
upstream sources of mixed or urban/residential CECs may be influential in addition to 
WWTPs. 
The flow monitoring data and grab sampling methods utilized in this study are 
commonly available to water monitoring programs. The source and transport 
comparisons were strengthened by robust CEC, drainage area, land use, and 
streamflow data. These types of data should be employed in concert with concentration 
data to characterize CEC sources and transport and to measure the effectiveness of 
mitigation efforts. Loading and temporal analysis can assist in identifying the influential 
sources, pathways, and periods on instream CEC profiles. 
This study focused on hydrophilic or moderately hydrophobic CECs (generally 
with log Kow<4). Several of these CECs were frequently detected in sediments in this 
area [274]. Therefore, sediment monitoring may be considered alongside water 
monitoring if mass balances, sediment as a source/sink, or risk to benthic organisms are 
of interest. Similarly, for CECs with higher log Kow values, alternate or additional matrices 
(e.g., sediments, organisms, terrestrial matrices) should be considered for occurrence, 
fate, and risk assessments.  
Many surface water studies of CECs have focused on areas near WWTPs. 
However, many urban/residential and mixed-use CECs occurred frequently at sites not 
influenced by a WWTP at concentrations that varied with land use. Incorporating this 
understanding of CEC occurrence variability into monitoring programs can result in more 
accurate source and transport characterization to inform environmental decision-making. 
  47 
 
 
Figure 4-1. Map of the SFZR study area. Labels indicate sampling site locations. Streams that influence 
each sampling site are color coded – Willow Creek = Green, Bear Creek = Orange + Green, SFZR-US2 = 
Blue, and SFZR-DS = All colored streams. The city of Rochester is indicated by the green shaded area. The 
SFZR flow is generally northward from the southwest. Willow Creek flows into Bear Creek, which flows into 
the SFZR just downstream of SFZR-US2, which then flows toward the SFZR-DS site. 
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Figure 4-2. Box plots of CEC concentrations in 68 water samples collected from four sites in 2011-2012. Detection frequencies are shown in parentheses in 
x-axis labels. Boxes represent the interquartile ranges (IQR) of concentration data for each CEC. Median concentrations are represented by the black lines inside 
each box. Whiskers extend to the minimum and maximum values, up to 1.5 times the IRQ from each box. Circles indicate values beyond that range. Values below 
the method reporting limit (MRL, indicated by dotted red lines) were coded with a value equal to the MRL for the graphical representation. 
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Figure 4-3. Box plots of CEC concentrations (ng/L) by site in 68 water samples. The site legend is at the bottom of the chart. Boxes represent the interquartile 
ranges (IQR) of concentration data for each CEC by site. Median concentrations are represented by the black lines inside each box. Whiskers extend to the 
minimum and maximum values, up to 1.5 times the IRQ from each box. Circles indicate values beyond that range. The method reporting limit (MRL) for each CEC 
is indicated by the red line in each plot. Detection frequencies for each site are indicated by the numbers along the y-axis of each plot. Data below the MRL were 
given a value equal to the MRL for graphical representation and ranked ANOVA. CECs with significant spatial differences in concentrations (α=0.05) are indicated 
with an asterisk (*) next to the CEC name. For a given CEC, sampling sites that share a common letter on the y-axis did not have significantly different 
concentrations. Sites that do not share a common letter on the y-axis had significantly different concentration for that CEC. Letters earlier in the alphabetical 
sequence indicate greater concentrations. Using atrazine as an example, SFZR-US2 is coded with an ‘A’ on the y-axis, indicating a significantly greater atrazine 
concentration at SFZR-US2 than at SFZR-DS (coded with a ‘B’). Willow Creek and Bear Creek are coded with ‘AB’, indicating that they are not different from any 
of the sites (because all sites are coded with either an ‘A’ or ‘B’ for atrazine). An octothorp symbol (#) next to the chemical name indicates that there was one large 
detected concentration that was omitted for display purposes. These data are presented in the Table A-4.  
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Figure 4-4. Box plots of CEC concentrations (ng/L) by season in 68 water samples. The seasonal legend is at the bottom of the chart. Boxes represent the 
interquartile ranges (IQR) of concentration data for each CEC by season. Median concentrations are represented by the black lines inside each box. Whiskers 
extend to the minimum and maximum values, up to 1.5 times the IRQ from each box. Circles indicate values beyond that range. The method reporting limit (MRL) 
for each CEC is indicated by the red line in each plot. Detection frequencies for each season are indicated by the numbers along the y-axis of each plot. Data 
below the MRL were given a value equal to the MRL for graphical representation and ranked ANOVA. CECs with significant seasonal differences in concentrations 
(α=0.05) are indicated with an asterisk (*) next to the CEC name. For a given CEC, seasons that share a common letter on the y-axis did not have significantly 
different concentrations. Seasons that do not share a common letter on the y-axis had significantly different concentration for that CEC. Letters earlier in the 
alphabetical sequence indicate greater concentrations. Using atrazine as an example, the greatest concentrations occurred in early summer, which is indicated by 
an ‘A’ in the left-most column. All other seasons are coded with a ‘B’’, which indicates that they had smaller concentrations than early summer (i.e., they do not 
share a letter with early summer) but did not differ from each other (i.e., they share a common letter (‘B’)). An octothorp symbol (#) next to the chemical name 
indicates that there was one large detected concentration that was omitted for display purposes. These data are presented in the Table A-4. 
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Figure 4-5. Box plots of CEC loadings (g/d) by site in 68 water samples. CECs are grouped in each panel according to the groupings identified in the study. 
An asterisk (*) beside the CEC label on the x-axis denotes a significant effect of season on the loading variation for that CEC (α=0.05). Data below the method 
reporting limit were given a value of zero for the graphical representation and ranked ANOVA. Boxes represent the interquartile ranges (IQR) of loading data for 
each CEC by site. Median loadings are represented by the black lines inside each box. Whiskers extend to the minimum and maximum values, up to 1.5 times the 
IRQ from each box. Circles indicate values beyond that range. For a given CEC, sites that share a common letter on the y-axis did not have significantly different 
loadings. Sites that do not share a common letter on the y-axis had significantly different loadings for that CEC. Letters earlier in the alphabetical sequence 
indicate greater loadings.
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Figure 4-6. Box plots of CEC loadings (g/d) by season in 68 water samples. CECs are grouped in each panel according to the groupings identified in the 
study. An asterisk (*) beside the CEC label on the x-axis denotes a significant effect of season on the loading variation for that CEC (α=0.05). Data below the 
method reporting limit were given a value of zero for the graphical representation and ranked ANOVA. Boxes represent the interquartile ranges (IQR) of loading 
data for each CEC by season. Median loadings are represented by the black lines inside each box. Whiskers extend to the minimum and maximum values, up to 
1.5 times the IRQ from each box. Circles indicate values beyond that range. For a given CEC, seasons that share a common letter on the y-axis did not have 
significantly different loadings. Seasons that do not share a common letter on the y-axis had significantly different loadings for that CEC. Letters earlier in the 
alphabetical sequence indicate greater loadings.
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CHAPTER 5. Sediment-Water Distribution of Contaminants of Emerging Concern 
in a Mixed Use Watershed 
 
Abstract 
This study evaluated the occurrence and distribution of 15 contaminants of 
emerging concern (CEC) in stream water and sediments in the Zumbro River watershed 
in Minnesota and compared these with sub-watershed land uses. Sixty pairs of sediment 
and water samples were collected across all seasons from four stream sites over two 
years and analyzed for selected personal care products, pesticides, human and 
veterinary medications, and phytoestrogens. Spatial and temporal analyses indicate that 
pharmaceuticals and personal care products (urban/residential CECs) are significantly 
elevated in water and/or sediment at sites with greater population density (>100 
people/km2) and percentage of developed land use (>8% of subwatershed area) than 
those with less population density and land area under development. Significant spatial 
variations of agricultural pesticides in water and sediment were detectable, even though 
all sites had a high percentage of agricultural land use. Seasonality in CEC 
concentration was observed in water but not in sediment, although sediment 
concentrations of three CECs did vary between years. Average measured non-
equilibrium distribution coefficients exceeded equilibrium hydrophobic partitioning-based 
predictions for 5 of the 7 detected CECs by at least an order of magnitude. Agreement of 
measured and predicted distribution coefficients improved with increasing hydrophobicity 
and instream persistence. The more polar and degradable CECs showed greater 
variability in measured distributions across different sampling events. Our results confirm 
that CECs are present in urban and agricultural stream sediments, including those CECs 
that would typically be thought of as non-sorptive based on their log Kow values. These 
results and the observed patterns of sediment and water distribution augment existing 
information to improve prediction of CEC fate and transport, leading to more accurate 
assessments of exposure and risk to surface water ecosystems. 
 
5.1 Introduction 
Contaminants of emerging concern (CECs) are widely found in the environment 
and include natural/synthetic hormones, pharmaceuticals and personal care products 
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(PPCP), veterinary medicines, industrial/household products, pesticides, and other 
chemical and physical agents [7-8]. CECs are not commonly subject to environmental 
monitoring or regulations, but they have potential adverse effects on human and 
ecosystem health [3], which include endocrine disruption in aquatic systems [7] and 
human populations [82], induction of antibiotic resistance [78], and direct aquatic toxicity 
[88]. Numerous sources of CECs to surface water ecosystems include concentrated 
animal feeding operations (CAFOs) [28], row crops [110], lawns and golf courses [110], 
industry [8], roads [285], landfills [286], land-applied sludge or biosolids [254], and 
wastewater treatment system effluent [250, 286]. National and international reviews of 
CEC occurrence in surface waters are available [7, 286] with far fewer reports of CECs 
in river sediments [37, 232, 259, 287]. 
Sorption is a dynamic process that occurs primarily through hydrophobic 
interactions or attractive force and is related to the physicochemical properties of the 
sediment and the sorbate [242]. Observed empirical relationships between the soil 
organic carbon-water partition coefficient (Koc) and the octanol-water partition coefficient 
(Kow) for neutral hydrophobic organic contaminants (HOCs) are often able to predict the 
overall solid-water distribution coefficient (Kd) within an order of magnitude [247]. 
Although HOC sorption has been studied extensively, relatively little information is 
available on sorption of hydrophilic and moderately hydrophobic contaminants, including 
many CECs [126]. Sorption of polar/ionizable compounds is influenced strongly by non-
hydrophobic interactions when relevant mineral or soil organic matter components are 
present [28, 126, 246, 257, 261, 288]. For these compounds, Kd is often poorly predicted 
by Kow and Koc relationships, with non-hydrophobic interactions driving sorption for 
compounds with relevant functionalities (e.g., amine, carboxylic acid, or hydroxyl 
groups). Models are being developed for sorption of such compounds [246, 257, 266]. 
Few studies have analyzed CECs in water and sediment samples collected at 
the same time and place [48, 188, 221, 232, 236]. Measured instream Kd values for low-
Kow antibiotics and natural hormones exceeded Kow-based predictions by at least an 
order of magnitude [232, 236, 259]. In contrast, hydrophobic synthetic hormones (log 
Kow>4) agreed more closely with predictions [259]. Similarly, the distributions of neutral 
CECs with log Kow>2 (e.g., carbamazepine [124, 255] and atrazine [264]) have been 
well-predicted by Kow-Koc relationships. Wide “within-compound” spatial and temporal 
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variations in Kd, often up to three orders of magnitude, have been observed for individual 
CECs across field sampling events [186, 221]. It has been suggested that this variation 
is due to non-hydrophobic interactions, hydrologic factors, chemical usage variations, 
and variable attenuation rates between aqueous and sediment-bound fractions [28, 124, 
126, 221, 232, 236]. Laboratory studies have corroborated both the within-compound 
variations and the deviation from Kow-based predictions (up to 4 orders of magnitude) for 
many low-Kow CECs [124, 256, 258]. Nevertheless, most field studies of sediment-water 
distribution of CECs have analyzed only a few pairs of samples or sampling periods. 
Thus, there is little available information on the spatial-temporal variation of sediment 
concentrations and sediment-water distributions in the environment. 
The objectives of this study were to assess the occurrence, distribution, and 
spatial-temporal variation of CECs measured in stream water and sediments of a mixed-
use watershed and to evaluate the use of equilibrium partition coefficients to predict non-
equilibrium sediment-water distribution of CECs in streams. Understanding CEC 
sediment-water distributions and variation is important because these processes 
influence the fate and bioavailability of CECs, thus affecting the sediment’s function as a 
CEC source or sink [287]. In addition, CEC presence in the sediment will influence 
benthic organisms’ exposures to CECs as well as the development of antimicrobial 
resistance [78]. The results of this study will ultimately enhance future CEC research, 
predictive methods, and effective targeting of monitoring, management, and mitigation 
solutions.  
 
5.2 Methods 
 
5.2.1 Study area and CECs of interest 
The South Fork of the Zumbro River (SFZR) watershed (Figure 5-1) in 
southeastern Minnesota contains a gradient of land uses across its subwatersheds. This 
provides a unique opportunity to study CECs from both agricultural and urban sources. 
Four sampling sites in four subwatersheds were chosen to reflect different types and 
extents of land uses, different human and animal populations, and use of septic systems 
versus a city sanitary sewer system (Table A-1). 
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A detailed land use and hydrologic characterization was conducted by McGhie 
Betts, Inc. (Rochester, MN) (discussed in Karpuzcu et al. [273]). Pertinent information is 
presented in Table A-1, and was used to categorize sites as being primarily agricultural 
or urban/residential for categorical data analysis and interpretation. 
 Fifteen CECs were selected based on surface water occurrences reported in the 
literature [8], chemical usage patterns [32, 37, 78, 165, 289], potential effects [78, 141], 
and land-use associations [8, 37]. The suite includes three agricultural herbicides, one 
veterinary antibiotic, five urban/residential PPCPs, and six mixed use compounds 
(pesticides, phytoestrogens, and antibiotics) (Table A-2). 
 
5.2.2 Sample collection, processing, and analysis 
Sampling periods (four in 2011 and five in 2012) were chosen to reflect a variety 
of seasonal, flow, and land use conditions. In the late summer (August-September), fall 
(October-November), and winter (January-February) periods, low flows were expected to 
result in enhanced CEC signals associated with sanitary sewers and with reduced 
contributions from runoff. During spring melt (March), CECs associated with land-applied 
manure and other terrestrial components were expected to be transported with snowmelt 
runoff. During early summer (May-June), runoff of row crop herbicides was expected to 
be associated with precipitation events. 
Two sampling days occurred one week apart for all sites in early summer, late 
summer, and fall periods. Prior to use, all field, laboratory, and storage equipment was 
cleaned with CEC-free soap and distilled water, triple rinsed with ultrapure water, 
methanol-rinsed, and (for glassware and metals) heated to 400 °C for 3 hours. Sediment 
samples were collected from the top 5cm of multiple areas across the width of the 
stream using a stainless steel scoop. Samples were deposited into cleaned 1-L glass 
jars. Jars were sealed with Teflon-lined lids and transported on ice to the storage facility, 
where they were frozen (-18°C) until processing. Water samples were collected a few 
minutes prior to sediment samples by submerging a clean amber glass or stainless steel 
container into the stream to a depth of 10-20cm. Water samples were sealed with 
Teflon-lined or stainless steel lids and transported on ice to the laboratory. Water 
samples were refrigerated at 4°C until processing, which was initiated with 72 hours of 
collection. Corollary physical and chemical data were acquired using in situ sondes (YSI 
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Inc, Yellow Springs, OH, USA; Hach Hydromet, Loveland, CO, USA), YSI flowmeters, 
and existing USGS monitoring stations.  
Water samples (2 L) were filtered through 0.7µm glass-fiber filters, spiked with a 
surrogate standard (metazachlor, which is not approved for use in the U.S.A.), and 
processed via solid phase extraction (SPE) using an Autotrace 280 (Dionex, Sunnyvale, 
CA, USA) equipped with Oasis HLB cartridges (6cc, with 500mg HLB sorbent) (Waters, 
Milford, MA, USA). Extraction solvents were acetonitrile and acetonitrile/0.1% formic 
acid. Complete SPE parameters are presented in Chapter 3, Section 4. The eluate was 
collected in glass culture tubes and evaporated under nitrogen to near-dryness. 
Following evaporation, the sample was reconstituted to 1.5mL with acetonitrile and 
ultrapure water (1:1), transferred to amber liquid chromatography vials, and stored at -
18°C until analysis. 
Sediment samples (10g dry weight) were processed by: (a) sieving the wet 
sediment through a 2mm sieve, (b) homogenizing, (c) freeze-drying, (d) adding 
surrogate standards, (e) allowing overnight equilibration, (f) extracting using a Dionex 
ASE 350 (Dionex, Sunnyvale, CA, USA) with 33-mL ASE cells, and (g) evaporation, 
cleanup, and subsequent processing as described in Chapter 3. 
Concentrations of the CECs were quantified on a Shimadzu (Kyoto, Japan) high 
performance liquid chromatograph coupled to an Applied Biosystems (Carlsbad, CA, 
USA) API 3200 triple quadrupole mass spectrometer using electrospray ionization in 
scheduled multiple reaction monitoring mode in either positive or negative mode. Tuning 
parameters were optimized for each analyte by direct infusion and are detailed along 
with other parameters in Table A-3. 
Two sediment samples from each site were analyzed for total organic carbon 
(TOC), composition, and major elements and ions at the University of Minnesota Soil 
Testing Research Analytical Laboratory (St. Paul, MN, USA). 
 
5.2.3 Modeling and statistical analysis 
The KocWIN application in EPI Suite [290] was used to generate predicted log 
Koc values (using the Kow and Molecular Connectivity Index approaches). Sediment-
water distributions from previous field studies and laboratory partitioning data for the 
CECs were collected from available publications (citations listed in Table A-11). 
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Statistical analysis was conducted using Stata (StataCorp LP, College Station, TX, 
USA), and SPSS (IBM, Armonk, NY, USA). Box-Cox assessments and transformations 
were used to satisfy assumptions of normality and constant variance. Categorical 
analysis was the primary focus of statistical analysis due to the small number of sites 
(n=4). Two-way Analysis of Variance (ANOVA) and the Protected Least Significant 
Difference multiple comparison procedure was used to determine the significance and 
magnitude of between-group variation for the investigated factors using both 
censored/ranked and uncensored/transformed datasets (with α=0.05). Spearman’s rank 
correlation analysis was used to assess the influence of numerical independent 
variables and corroborate the categorical analysis and interpretation. 
 
5.2.4 Data quality assurance/quality control and presentation 
Method reporting limits (MRL) were established using published U.S. EPA 
methods [275]. These were compared with USGS methods [276] and the minimum CEC 
mass that consistently produced a signal-to-noise ratio of at least nine in order to ensure 
consistency across numerous analytical runs. Calibration curves were generated using 
six standard levels across three orders of magnitude of analyte concentration. R-
squared values were greater than 0.98 for all detected analyte calibration curves. 
Each analytical run included laboratory spikes to assess analytical accuracy and 
precision and laboratory blanks to assess contamination and instrument carryover. 
Laboratory spikes were ultrapure water/HPLC-grade acetonitrile (1:1) samples that were 
spiked with compounds of interest directly into the liquid chromatography vials before 
injection into the liquid chromatograph. Laboratory blanks were identical to laboratory 
spikes except that they were not spiked with compounds of interest. Procedural spikes 
and blanks were created and subjected to the various extraction steps in order to assess 
contamination or loss of recovery resulting from sample processing. Field blanks were 
included to assess potential contamination resulting from sample collection, handling, 
and storage. Spiked environmental samples were used to assess matrix interference. If 
a laboratory blank response was more than 20% of that in an associated environmental 
sample, data were flagged and reviewed. If a laboratory blank response was above 50% 
of that in an associated environmental sample, the data was reported as “non-detect”. 
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This occurred once for caffeine in a single sediment sample. No other blank responses 
were above 20% of the MRL of any detected CEC. 
Analytical recoveries for all detected CECs were between 64-170% in laboratory 
spikes, 48-150% in matrix water samples spiked before injection, 60-110% in sediment 
samples spiked prior to SPE cleanup, and 21-103% in sediment samples spiked prior to 
ASE. For individual detected CECs, relative standard deviations (RSDs) ranged from 
4.5-17% for repeated analyses of environmental sediment samples (n=3) and from 5.2-
9.8% for replicate spiked sediment samples (n=3). Quality assurance/quality control 
results are presented in Table A-2. 
 
5.2.5 Analytical method considerations 
Samples were quantified using the external calibration approach (quantification 
of unknown CEC concentrations in environmental samples by comparison with 
calibration curves that are generated from analysis of laboratory standards of known 
concentration). It was not possible to use the internal standard calibration approach due 
to the diversity of compounds included in this study. It was not feasible to include the 
number of standards that would be required to confidently represent each of these CECs 
for internal standard calibration and correction against surrogate standard recoveries. 
Comparison of recoveries from ultrapure water, matrix water, and matrix 
sediment samples that were spiked with CECs of interest indicated that recoveries of 
most CECs were acceptable and within a range that might be expected for a multi-
residue method for diverse CECs (Table A-2). Measurement precision as indicated by 
relative standard deviations (RSD) of replicate analyses of the same unspiked 
environmental samples and spiked environmental samples was also considered 
acceptable (RSD<20% in most instances). Coefficients of determination (r2) of linear 
regressions of external calibration curves were consistently greater than 0.992 for all 
CECs.  
We did not correct data for matrix effects or surrogate recovery. Some losses of 
recovery are expected to occur due to matrix effects and sample processing, and will 
vary for different CECs. Correction for these losses would tend to increase the reported 
concentrations of CECs in environmental samples. Thus, not correcting for matrix effects 
is a conservative approach. In reality, the actual environmental concentrations may be 
 64 
 
greater than those reported herein. Also, correction for matrix effects will not affect the 
spatiotemporal comparison of water or sediment samples when comparing the same 
CEC; each CEC would receive the same correction in a given matrix such that different 
samples would maintain approximately the same proportionality. In developing the Kd-obs, 
reduced recovery due to matrix effects would be likely to affect sediment values more 
than water values, which would result in actual Kd-obs values that may be greater than 
those reported herein.  
Correction for surrogate recoveries can account for sample-specific issues that 
may arise during sample processing and analysis. While it is preferable to correct for 
surrogate losses in most instances, the number of surrogate samples that would be 
required in this study in order to properly conduct this procedure precluded the use of 
surrogate corrections. However, any anomalous surrogate and internal standard 
responses were examined for possible sampling or measurement error. 
 
5.3 Results and discussion 
 
5.3.1 Detection and concentrations of CECs in sediment and water 
In total, 60 paired sets of water and sediment samples were analyzed for CECs 
(15 pairs from each of 4 sites). Eight of the fifteen investigated CECs were detected in at 
least one sediment sample, and thirteen CECs were detected in at least one water 
sample (Table A-8). All of the CECs found in sediment were also found in water, but not 
necessarily in the same sample pair. Individual sediment samples contained between 
two and six CECs, with an average of four CECs per sample (Table A-8). Metolachlor 
was only detected in one sediment sample and is not discussed further. All sample data 
are presented in Table A-8, including basic sediment and water characteristics (Table A-
9). 
 
5.3.2 Seasonal and spatial differences in CECs present in sediment versus 
water 
Figures 5-2 (A,B) and 5-3 (A,B) express mean CEC concentrations by season 
and site, respectively, in sediment and water. The ANOVA and pairwise comparison 
results are provided in Table A-5. 
 65 
 
No CECs exhibited seasonality in sediment (Figure 5-2A), but several CECs 
exhibited seasonality in water (denoted with an asterisk (*) in Figure 5-2B). Elevated 
water concentrations occurred in summer periods for four CECs (p<0.05), including 
caffeine, acetaminophen, and the agricultural herbicides acetochlor and atrazine. 
Daidzein exhibited its highest water concentrations in spring. The seasonality in water as 
compared to sediment is likely explained by water concentrations responding more 
rapidly to changes in aqueous inputs and instream flows, as well as to seasonal fate-
related parameters such as sunlight and temperature variation, than do sediment 
concentrations [125]. In fact, dissolved and sorbed CEC fractions are affected differently 
by common transformation/transport processes including photodegradation [7], 
biodegradation [141], concentration/dilution, and temporal input variations. 
Concentrations of some CECs in sediment did occasionally exhibit variations of an order 
of magnitude or more in between weekly sampling events. These tended to follow 
precipitation events in early and late summer when instream flows exhibited large 
variations. This correlation of sediment concentrations with hydrologic flow may be due 
to deposition of fresh sediments having differing concentrations of CECs than existing 
sediments, or due to resuspension and mixing of sediments with different 
concentrations. 
 None of the CECs exhibited significant annual variation in water concentrations. 
Sediment CEC concentrations did exhibit changes on this longer, annual time scale 
(Table A-7), as has been previously observed [125]. Acetaminophen, caffeine, and 
acetochlor varied annually in sediment, and all exhibited higher concentrations in 2012 
than 2011. These yearly trends and high detection frequencies may be reflective of 
increasing inputs, ongoing accumulation of these CECs in sediment, or other factors. For 
instance, total flow at the study sites was smaller in 2012 than 2011. This would increase 
the effective exposure time of sediments to aqueous CEC concentrations, resulting in 
higher sediment concentrations. Additionally, annual sales of acetochlor in Minnesota 
increased from 2009-2011, and were (in millions of pounds): 2.63 (2009), 3.35 (2010), 
and 3.98 (2011); 2012 sales data were not available at the time of writing [279]. 
Increased pesticide application may therefore also explain the increased concentrations 
of acetochlor and other CECs in sediments between years. Longer-term studies would 
be required to confirm annual patterns. 
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Location (site) affected similar numbers of CECs in water and sediment, but with 
divergent patterns between phases. Sites with elevated CEC concentrations in sediment 
generally did not exhibit elevated concentrations in water, and vice versa; nevertheless, 
patterns of CEC detection with respect to location could be discerned. Land use 
associations of PPCPs were stronger compared to agricultural pesticides (Table A-7). 
For example, the site downstream from the WWTP (SFZR-WWTP) exhibited significantly 
elevated concentrations of all PPCPs (acetaminophen, caffeine, carbamazepine, DEET) 
in water (Figure 5-3A), and of carbamazepine in sediment (Figure 5-3B). Bear Creek 
was associated with the highest human population density amongst sites, and exhibited 
elevated sediment concentrations of acetaminophen and caffeine. Indeed, even with 
only four sites for analysis, sediment concentrations of caffeine were positively 
correlated with population density (Spearman’s rank correlation coefficient (ρ) = 0.297, 
p=0.021) and percentage of residential land use (ρ =0.319, p=0.013). Other location-
based influences on CEC detection appeared to be hydrological or morphological in 
nature. For example, Bear Creek exhibited a uniquely shallow (~30cm) and wide (~15m) 
morphology, with a primarily bedrock streambed and frequent low-level turbulence. 
These characteristics affect sediment deposition and CEC concentrations. Sediment 
deposition appeared to occur only along the stream bank and in isolated ridges and 
clefts of the streambed. Complete light penetration of the water column at Bear Creek, 
particularly in the summer, helps explain the lack of correspondingly elevated water 
concentrations of caffeine and acetaminophen, both of which are photodegradable [119, 
131].  
Although less clear and consistent, spatial variations of agricultural CECs were 
evident in this study. These more ambiguous occurrence patterns of agricultural versus 
urban/residential CECs reflect a more consistent allocation of agricultural land use 
among sites, in contrast to the greater spread in urban/residential land use allocation 
among sites (Table A-1). Acetochlor concentrations were elevated in water and 
sediments at Bear Creek, a site with 52.3% agricultural land use (along with its 
aforementioned high human population density). Atrazine concentrations were elevated 
in sediments at Willow Creek (a site with 53.2% agricultural land use and the lowest 
human population density among study sites). Atrazine showed marginally significant 
spatial variation in water concentrations (p=0.083), which speaks to diffuse sources such 
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as atmospheric deposition in addition to agricultural runoff. Acetochlor and atrazine are 
used on the same crops, with acetochlor use increasing and atrazine use decreasing in 
Minnesota. The lack of covariance of these CECs across sites could be due to varying 
usage among farmers in the subwatersheds or to differences in their relative persistence 
and transport. The elevation of atrazine concentrations in Willow Creek sediments but 
not in water compared to other sites may reflect a historical input and record in sediment 
in this subwatershed that is less evident in water concentrations with atrazine’s recent 
sales decline. Karpuzcu et al. [273] used a multivariate technique (principal component 
analysis (PCA)) with an expanded set of water samples collected from this study area to 
discern patterns among groups of CECs that are not as apparent when investigating 
individual CECs. Atrazine, acetochlor, and metolachlor were strongly associated with a 
principal component that was attributed to agricultural land uses. The results of 
Karpuzcu et al. [273] thus reinforce our observation that occurrence patterns of 
agricultural CECs in this mixed use area are evidence of a gradient of seasonal 
agricultural land use influences, and associated inputs to streams. This also highlights 
the importance of robust statistical and sampling methodologies to discern such 
patterns, especially in watersheds such as the SFZR where all studied sites are 
associated with more than 50% agricultural land use.  
 
5.3.3 Sediment-water distributions (Kd-obs) 
An observed sediment-water distribution coefficient, Kd-obs, was calculated each 
time that a CEC was detected in sediment and water samples from the same sampling 
event (Figure 5-4, Tables A-6 and A-7). In Figure 5-4, two trends are apparent: (1) most 
of the CEC Kd-obs values are above the Kow-based line, and (2) Kd-obs values generally 
span orders of magnitude for a given CEC.  
The Kd-obs values are not assumed to be true equilibrium partitioning coefficients, 
for flowing systems cannot be assumed to be at equilibrium. However, understanding 
sediment-water distribution behavior is desirable for chemical fate, ecotoxicological, and 
risk assessment considerations. Models relating Kow to Koc are well-established, use 
readily available information, and perform reasonably well for HOCs [247]. This 
approach has been attempted with a wide variety of chemical and soil types due to 
convenience and a lack of common, feasible alternatives [247]. Other than temporal and 
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spatial influences, as discussed above, several factors related to sediment chemistry or 
to the chemistry of the sorbing compounds themselves affect the accuracy of these 
predictions [242]. Indeed, numerous field and laboratory CEC studies have reported Kd-
obs values that deviate widely from equilibrium predictions and each other, often by an 
order of magnitude or more [124, 126, 188, 232, 236, 255-256, 258-259, 261]. 
Therefore, it is useful to assess for which compounds sorption is governed primarily by 
hydrophobic partitioning, by polar-ionic interactions with mineral components, or by a 
mix of influences, and under what conditions [246].  
Figure 5-4 and Table A-6 indicate that Kd-obs approaches Kow-based predictions 
with increasing Kow. The observed deviations of Kd-obs may be due to seasonally and/or 
spatially influenced variations as discussed above, the fact that the system is not truly at 
equilibrium, or non-hydrophobic interactions between CECs and sediment. In this 
research, in all instances when the Kd-obs values of a given CEC exhibited significant 
seasonal or spatial variation, so too did its water concentration (Table A-7). Moreover, in 
only two cases did water concentration exhibit significant variation without corresponding 
Kd-obs variation. Sediment concentration variations did not exhibit similar association with 
Kd-obs variation. Thus, variation of Kd-obs is partially driven by variations in instream water 
concentration for these CECs, which supports the assumption that the system is not at 
equilibrium. This could explain some of the discrepancies between laboratory and field 
results for these and other organic compounds. 
Non-hydrophobic interactions between CECs and sediment exert significant 
effects on sorption behavior. It is known that sorbate polarity, ionizability, and pKa 
strongly influence sorption. Potential interactions include cation exchange, cation 
bridging, hydrogen-bonding, and mineral complexation [89, 250]. Amines have been 
noted to consistently exceed estimated Kd’s by an order of magnitude due to cation 
exchange [242]. Hydroxyl, carboxylic acid, and other N- and O- containing functionalities 
exert similar effects through cation bridging, anion exchange, and mineral complexation. 
Most CECs in the current study exhibit at least one such functionality and the majority of 
PPCPs are polar and hydrophilic, with low Kow [7]. Thus, predictions based solely on Kow 
are unlikely to accurately predict CEC sorption due to unaccounted non-hydrophobic 
interactions [28, 254-257]. In addition, a high clay content (e.g., clay to organic carbon 
ratio > 30) indicates that significant mineral contributions to sorption are likely, especially 
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for molecules with polar functional groups [252]. For pesticides, a clay to organic matter 
ratio as low as 15 was found to result in significant mineral contributions to sorption 
[291], an order of magnitude above organic carbon-based predictions [292]. The 
average clay to organic carbon ratio in the current study was 39, again suggesting the 
importance of non-hydrophobic interactions. 
Considering a few specific compounds in light of their physicochemical properties 
and spatiotemporal variability provides further insight into when the use of equilibrium 
partition coefficients might be useful to estimate non-equilibrium sediment-water 
distribution in streams, as well as potential sources of Kd-obs variability. For example, 
acetaminophen and caffeine log Kd-obs values deviated farthest from equilibrium-based 
log Kd predictions (by 3-6 orders of magnitude). This parallels previous literature reports 
that suggested the deviation is explained by non-hydrophobic mechanisms [89, 124, 
256]. These CECs are polar and hydrophilic as demonstrated by their high solubilities, 
log Kow less than one, and amine/amide functional groups. Photolytic and overall 
instream half-lives for these hydrophilic CECs are on the order of a few days [119, 124, 
129-130]. These CECs may not desorb or degrade as quickly in sediment compared to 
water (due to reduced exposure to sunlight or bioavailablity for microbial degradation, for 
example), resulting in increased Kd-obs. Additionally, fluctuations in CEC inputs would 
result in water concentrations that change more rapidly than sorption-desorption 
processes. This is seen in the seasonality in water concentration for several CECs, 
whereas no such seasonality was evident in sediment concentrations. 
For daidzein, DEET, and acetochlor (log Kow>2), Kd-obs values diverge from 
predictions by 1-3 orders of magnitude, in agreement with some previous literature 
reports (Figure 5-4). These CECs are moderately hydrophobic and weakly polar as 
exhibited by log Kow range of 2-3 and solubilities of 200-600 mg/L. The instream half-
lives of these moderately hydrophobic CECs, including photolytic half-lives, are reported 
to be on the order of hours-to-weeks [45, 131-132, 173, 281]. Thus, in comparison with 
acetaminophen and caffeine, the more moderate aqueous attenuation rates and 
increased hydrophobicity of these CECs may explain the somewhat better agreement of 
their Kd-obs with equilibrium predictions.  
For the more hydrophobic CECs atrazine and carbamazepine, sediment-water 
distributions were generally well-predicted by Kow and had the lowest magnitude and 
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variability of Kd-obs among the CECs in this study. These results agree with previous 
literature reports (Figure 5-4). These CECs are neutral at the pHs of this study [293-
294], are the least soluble among detected CECs (Table A-2) [290], and have log Kow>2. 
Carbamazepine’s sorption is dominated by organic carbon-partitioning [293] and well-
predicted by Kow [255]. Although atrazine sorbs to both organic carbon and clay fractions 
[294], organic carbon partitioning dominates total sorption at the clay to organic carbon 
ratios observed in this study [295]. Photolytic and overall aqueous environmental half-
lives are on the order of months or greater for these hydrophobic CECs [119, 124, 169]. 
The increased hydrophobicity and much greater aqueous persistence of atrazine and 
carbamazepine likely explains why their Kd-obs values exhibited reduced variability and 
better agreement with equilibrium predictions than did the other CECs in this study. 
Based on these observations, it is suggested that polarity and degradability in the 
water column influence the consistency of Kd-obs and its predictability by Kow. Atrazine 
and carbamazepine had the best–predicted and least variable Kd-obs values. Compared 
to the other CECs, they are also more persistent and less soluble, with sorption 
dominated by hydrophobic mechanisms. The CECs that have been observed to 
participate in non-hydrophobic interactions and generally have higher rates of 
degradation (acetaminophen, acetochlor, caffeine, daidzein and DEET) are those that 
exhibited greater deviations of log Kd-obs from Kow-based predictions, often by orders of 
magnitude. Indeed, as the degradability and spatial-temporal variability in both phases 
increased, a greater spread in the Kd-obs values was observed. Likewise, when the 
polarity or hydrophilicity of a compound increased, a lower correlation of Kd-obs to Kow was 
observed.  
 
5.3.4 Implications for CEC monitoring 
This study addresses the importance of the sediment phase for the reported 
CECs. These results provide information that aids in the consideration and development 
of sediment monitoring activities. This study indicates that CECs are present in 
sediments, even those traditionally thought of as non-sorptive. Generally, Kow 
underestimated sorption of these CECs to sediments. The absence of seasonality in 
CEC sediment concentrations indicates that selection of sampling time may not be 
crucial when planning sediment monitoring, although increases of CEC concentration in 
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the sediment from 2011 to 2012 for several CECs suggests that external source 
functions must also be considered. It also suggests that sediment might provide a more 
stable marker of CEC sources and land use influences with fewer samples than would 
be required to ascertain similar differences amongst water samples. However, it may be 
desirable to consider finer-scale runoff events when planning monitoring activities, as 
these may affect sediment CEC concentrations by temporarily affecting sediment 
deposition and resuspension. Sediment CEC concentrations were linked with land use, 
with PPCPs showing strong associations with more urban/residential sites. Occurrence 
profiles of agricultural CECs are consistent with the prevalence of upstream agricultural 
land use at the study sites and exhibited temporal increases in water concentrations 
during seasons of increased usage and runoff. 
Traditional predictive parameters like Kow often fail to accurately estimate CEC 
distributions in sediment in the field or laboratory. Non-hydrophobic interactions are 
commonly identified as factors contributing to underestimation of sediment distributions. 
Our results indicate that spatial and temporal variability in the water column are 
significant drivers of variability in Kd-obs. A “one-size-fits-all” approach to CEC monitoring 
may be unlikely to adequately capture the variability of different classes of CECs, 
especially if only a few grab samples are collected, which may lead to incorrect 
interpretations. Aqueous persistence and other temporal factors of individual CECs 
should be considered when designing field studies to properly characterize CEC 
sources, fate, transport, and risk. 
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Figure 5-1. Map of SFZR study area. Labels indicate sampling site locations. Streams that influence each 
sampling site are color coded – Willow Creek = Green, Bear Creek = Orange + Green, SFZR-Golf Course = 
Blue, and SFZR-WWTP = All colored streams. The City of Rochester is indicated by the green shaded area. 
The SFZR flow is generally northward, such that Willow Creek flows into Bear Creek, which flows into the 
SFZR just downstream of SFZR-Golf Course, which then flows toward the SFZR-WWTP site. 
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Figure 5-2 (A,B). Seasonal mean CEC concentrations in (a) sediment (ng/kg dry weight) and (b) water (ng/L). A (x10) notation indicates that the displayed 
concentration is ten times greater than actual concentration. Asterisks (*) indicate significant seasonality for that CEC. Error bars represent standard error of the 
mean. If no error bar is present, this is due to lack of sufficient number of detections during that season to calculate standard error. Seasonal detection frequencies 
are presented in Table A-10. Acetaminophen (ACM), acetochlor (ACC), atrazine (ATR), caffeine (CAF), carbamazepine (CBZ), daidzein (DAID). 
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Figure 5-3 (A,B). Mean concentrations of CECs by site in (a) sediment (ng/kg dry weight) and (b) water (ng/L). A (x10) notation indicates that the displayed 
concentration is ten times greater than actual concentration. Asterisks (*) indicate significant variation across sites for that CEC. Error bars represent standard 
error of the mean. If no error bar is present, this is due to lack of sufficient number of detections at that site to calculate standard error. Detection frequencies by 
site are presented in Table A-10. Acetaminophen (ACM), acetochlor (ACC), atrazine (ATR), caffeine (CAF), carbamazepine (CBZ), Daidzein (DAID), South Fork of 
the Zumbro River (SFZR). 
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Figure 5-4. Plot of calculated log Kd-obs vs. literature log Kow for CECs detected in water and sediment across the study sites. Results from the current 
study are provided, along with batch equilibrium and field studies results reported in the literature, predicted values (based on EpiSuite’s MCI and Kow methods), 
and a Kow-Koc relationship observed by Karickhoff [288] (converted to Kd, and represented by the black line) for comparison. All numerical data and associated 
citations are presented in Tables A-8 and A-11. ACM = acetaminophen, CAF = caffeine, CBZ = carbamazepine, ACC = acetochlor, ATR = atrazine, DAID = 
Daidzein. Kow was used rather than Koc because the range of sediment TOC was low and similar across sites.
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CHAPTER 6. Contaminants of Emerging Concern: Mass Balance and Comparison 
of Wastewater Effluent and Upstream Sources in a Mixed-Use Watershed 
 
Abstract 
Understanding the sources, transport, and spatiotemporal variability of 
contaminants of emerging concern (CECs) is important for understanding risks and 
developing monitoring and mitigation strategies. This study compared CEC loading and 
transport from a wastewater treatment plant and upstream areas in a mixed-use 
watershed in Minnesota, USA, under different seasonal and hydrological conditions. 
Mass balances were used to characterize the sources, loadings, and variability of 
sixteen CECs. Three distinct CEC groups emerged with respect to their total loading and 
source proportionality. Agricultural herbicides and daidzein inputs were primarily via 
upstream routes and their loadings and concentrations were greatest during high flows. 
Trimethoprim, mecoprop, non-prescription pharmaceuticals, and personal care products 
entered the system via balanced/mixed pathways with peak loadings and concentrations 
in high flows. Carbaryl, 4-nonylphenol, and the remaining prescription pharmaceuticals 
entered the system via wastewater treatment plant effluent. Loadings of the effluent-
dominated pharmaceuticals were relatively stable across sampling events. Mass 
balance analysis based on multiple sampling events and sites facilitated CEC source 
comparison and may therefore prove to be a powerful tool for exploring mitigation 
strategies. 
 
6.1 Introduction 
Chemicals classified as contaminants of emerging concern (CECs) have been 
found in most environmental compartments, including polar ice caps, groundwater, 
treated drinking water, soil, the atmosphere, precipitation, animal tissues, breast milk, 
and the blood and urine of infants [24, 58, 101, 197]. This is problematic because CECs 
have been linked with numerous effects in biological systems [58], including endocrine 
[24], reproductive [58, 93], neurologic [24], and carcinogenic [24, 58] effects. Despite 
numerous studies on CECs, significant gaps remain in our knowledge of their fate and 
transport [57, 60-62, 67-68], effects [57, 69], and mitigation potential in complex 
environmental systems [58]. The sheer number of chemicals that have been identified as 
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CECs or as potential endocrine-active compounds, and the fact that many of them exert 
effects through similar mechanisms, poses serious challenges to addressing these gaps 
[24, 75]. 
Major sources of CECs to surface waters include municipal wastewater treatment 
plants (WWTPs), industrial and commercial facilities, croplands, concentrated animal 
feeding operations (CAFOs), urban exterior landscapes, landfills, and septic systems 
[39, 57-61]. Transport to surface waters occurs via point and nonpoint mechanisms 
including pipe discharges, surface runoff, atmospheric deposition, and groundwater 
baseflow [62]. Instream transport and attenuation of CECs has been studied with 
longitudinal techniques such as Lagrangian sampling and conservative tracer methods 
[67, 234]. Results often indicate the potential for long-range transport. Nevertheless, fate 
and transport depend on the CEC and local environmental characteristics. Thus, these 
processes are not easily modeled or extrapolated from one site to another [39, 57, 62, 
67-68, 197, 234]. 
WWTP discharges often account for significant portions of discharge in rivers 
downstream of urban and mixed-use areas [67, 197] and act as point sources of CEC 
fractions that are not removed in the treatment plant [47]. Thus, wastewater-associated 
CECs are often reported at greater frequencies and concentrations downstream than 
upstream of WWTPs and in low-flow versus high-flow conditions [151, 177, 197]. Other 
studies, however, report poor source differentiation, variable associations with flow rates, 
and/or significant non-WWTP sources of CECs [60-62, 69, 151, 177]. Although 
sometimes unexpected, these patterns may be explained by ubiquitous mixed sources 
that create a myriad of transport routes for CECs.  
Indeed, transport of CECs to surface waters can occur via a number of additional 
routes. In urban or mixed-use surface waters, occurrences of CECs have been linked to 
stormwater-runoff conveyances, leaking sewer pipes, managed aquifer recharge, and 
septic systems [101, 197, 296-297]. Agricultural activities such as pesticide applications, 
livestock rearing, and land spreading of manure, sewage, and other biosolids may 
contribute CECs to agricultural landscapes [57, 298]. Transport to surface waters then 
occurs via runoff, tile drainage, volatilization, baseflow, and other routes [14, 298]. 
Livestock operations account for the majority of antibiotic use in many countries [15]. 
The majorities of manure and other wastewater-derived solids are land-applied, and high 
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concentrations of antibiotics have been reported in these matrices [15, 137]. Thus, runoff 
of CECs associated with land-applied manure and biosolids has been proposed to 
explain some unexpectedly greater concentrations and loads of PPCPs in high-flow 
versus low-flow conditions in agricultural areas [60]. Inputs from croplands and CAFOs 
remain less-studied than WWTPs [57, 60-61]. 
Given the large number of compounds identified as CECs and their varied 
transport routes into surface waters, it is important to provide quantitative 
characterization and differentiation of these sources. Risk assessment and mitigation 
depend on understanding both the adverse effects of CECs and their spatiotemporal 
occurrence patterns. Spatiotemporal occurrence patterns depend on sources, fate, and 
transport. Retrofitting WWTPs and other pollution prevention strategies (e.g., reduced 
veterinary pharmaceutical use, changes to pesticide practice, consumer product 
changes) currently being considered to reduce CEC exposure risk may entail 
considerable expense [61-62, 69]. Thus, an understanding of proportional source 
contributions to CEC loads is critical to ensure that these efforts are applied wisely and 
effectively. 
Despite the need to characterize CEC sources, transport, and 
seasonal/hydrologic variability, relatively few studies have compared mass loadings from 
different sources under a range of conditions [61-62]. The objectives of the current field-
based study were to use a mass balance approach to compare CECs loads, sources, 
and transport in a mixed-use watershed for different types of CECs under different 
seasonal and hydrologic conditions. We assessed the loadings of twenty-six CECs at 
downstream and upstream sites and in WWTP effluent across seven sampling events in 
the South Fork of the Zumbro River in Rochester, MN, U.S.A. CECs were expected to 
occur ubiquitously, and we anticipated that groupings would be evident based on CEC 
behavior, typical use, land uses, and seasonal-hydrologic variations in the study area. 
This comparative characterization of CEC sources, loads, and transport increases our 
ability to conduct risk assessments, predict areas of impact, identify aquatic stressors, 
and mitigate CEC exposure. 
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6.2 Materials and methods 
 
6.2.1 Study area and CECs of interest 
The study area is part of the Zumbro River Watershed (Figure 6-1), in 
southeastern Minnesota, and encompasses an area of approximately 786 km2 that 
includes the City of Rochester. The South Fork of the Zumbro River (SFZR) is a second-
order stream that is intersected by only a few other streams in this well-defined, mid-
sized, mixed-use, and gently rolling drainage area. Baseflow is contributed by aquifer-
surficial interactions and agricultural drain tile. This area is part of the Rochester Plateau, 
which is characterized by glacial till and loess in the western portion that thins toward the 
east where some bedrock-controlled and karst features occur. The area receives 
approximately 84 cm of precipitation annually, with a mean temperature of 20.8°C in 
summer and -7.5 °C in winter. Near the mouth of this drainage area, the Rochester 
Water Reclamation Plant uses an activated sludge and chlorine disinfection system to 
treat the wastewater of approximately 110,000 residents and other commercial/industrial 
entities, including a world-renowned medical complex with more than 2,000 beds and 
225,000 annual outpatient visits. An estimated 15,000 residents use septic systems in 
unsewered areas. Agriculture accounts for approximately 64% of the study area. Corn 
and soybeans are the dominant crops. Approximately 212,000 livestock exist on 269 
feedlots in the study area 
Water samples were collected from four stream sites and from a treated effluent 
sampling location inside the WWTP. A detailed land use analysis conducted by McGhie 
Betts, Inc. (Rochester, MN, USA) was previously described [273]. Sites were 
categorized based on land use characteristics (Table A-1). Sites with >50% associated 
agricultural area were categorized as having agricultural influences, sites with >5% 
associated residential/urban area were categorized as having residential/urban 
influences, and sites meeting both of these criteria were categorized as having mixed 
uses [101]. Thus, SFZR-US2 was agricultural and Bear Creek, SFZR-US1, and SFZR-
DS were mixed-use sites. SFZR-US1 and SFZR-DS have similar drainage areas but 
were just upstream and downstream of the WWTP discharge, respectively.  
Twenty-six CECs were selected for analysis as previously described [273, 299]. 
These include CECs used primarily in agriculture (herbicides and veterinary 
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pharmaceuticals), urban/residential applications (PPCPs and industrial/commercial 
ingredients), and mixed settings (pesticides, phytoestrogens, and pharmaceuticals). 
CEC characteristics are described in Table A-2. 
 
6.2.2 Sample collection, processing, and analysis 
Grab water samples (2-L) were collected from all sites on seven days from March 
to October 2012 to represent different seasonal and hydrologic conditions. Effluent, 
upstream, and downstream samples were collected as part of a broader sampling 
campaign previously described [273-274, 299]. Quantitative precipitation forecasts [300], 
USGS streamflow data, and USDA crop reports [271] were used to target a snowmelt 
event (March), the first predicted precipitation event at which at least 90% of corn 
cropland had been planted (May), late summer baseflow conditions (September), and 
post-harvest fall conditions (October) for sampling. Equipment, equipment cleaning, 
chemical standards, and sample collection, handling, processing, and analytical 
methods were performed as previously described [273-274]. Flow data were obtained 
from USGS monitoring stations and WWTP records. 
 
6.2.3 Data quality assurance/quality control, mass balance, and statistical 
analysis 
Method reporting limits (MRL, Table A-2) were determined using U.S. EPA 
methods [275]. Quantification of CECs concentrations and other data quality 
assurance/quality control procedures were completed as previously described [274, 299] 
and are summarized in the Table A-2. 
Mass balances were used to determine if the CEC loadings measured at SFZR-
DS were sufficiently accounted for by those measured at the WWTP effluent and SFZR-
US1 sites. The loading through a stream cross-section was modeled as a plug-flow 
reactor in which the loading into the cross-section equaled the loading out of the cross-
section plus or minus mass transformation processes. Uncertainty in chemical mass 
balances of this type may be introduced by heterogeneous instream conditions and fine-
scale temporal variation of CEC concentrations or flow measurements [67]. To complete 
the mass balance for each CEC and sampling event, the observed instantaneous 
loading (g/d) at SFZR-DS was calculated and compared to the predicted loading at 
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SFZR-DS as calculated by: Loading(SFZR-DS, Pred) = Loading(SFZR-US1) + Loading(Effluent), 
where Loading(i) = Concentration(i) * Discharge(i).  
To validate the mass balances, the relationship between predicted and observed 
loading at SFZR-DS was analyzed by a linear regression that included all CECs and 
events. Wilcoxon Signed Rank tests were used to compare the agreement of all pairs of 
observed and predicted loadings at SFZR-DS for each CEC (with α= 0.05). Loadings to 
SFZR-DS from the individual upstream sites and WWTP effluent were compared with 
one-way analysis of variance (ANOVA) on ranks and the Protected Least Significant 
Difference multiple comparison procedure (α=0.05). Data below the MRL were given the 
lowest rank in the dataset for the respective CEC. Statistical analysis was conducted 
using SPSS (IBM) and Stata (StataCorp). 
 
6.3 Results and discussion 
Sixteen of the twenty-six studied CECs were detected in water samples. 
Summary and individual CEC concentration data are presented in the Figure 6-6 and 
Table A-12. The most frequently detected CECs in this study (>50% detection 
frequency) were the herbicides atrazine, acetochlor, metolachlor, and mecoprop and the 
PPCPs caffeine, DEET, acetaminophen, trimethoprim, and carbamazepine. 4-
Nonylphenol and the prescription drugs erythromycin, sulfamethoxazole, and 
carbamazepine were detected at the greatest concentrations (median >100 ng/L). The 
MRLs varied by CEC, which should be considered when comparing the detection 
frequencies among CECs in this study 
 
6.3.1 Mass balances 
The agreement of observed and predicted loading was evident in the strong and 
nearly 1:1 relationship (r2 = 0.881, p<0.01) of a scatterplot (Figure 6-2A) of these data for 
all CECs and sampling events. Comparing instream flows (Figure 6-5) with the 
regression in Figure 6-2A, it was apparent that the greatest discrepancies between 
observed and predicted loadings occurred at times of greater flow. When high-flow 
(March and May) and low-flow (September and October) events were separated, even 
better agreement of observed and predicted loadings was evident for low flow periods 
(r2=0.988, p<0.01, Figure 6-2B). 
 82 
 
Despite the good agreement between all predicted and observed CEC loadings, 
loading predictions were not significantly accurate in the case of 5 individual CECs, 
according to the Wilcoxon Signed-Rank test. These included the three agricultural 
herbicides and two of the prescription/veterinary antibiotics (sulfamethoxazole and 
tylosin). During high flows, uncertainty in the loading calculations could have been 
introduced by flow variations, concentration variations (e.g., due to rapid 
concentration/dilution), or influences of runoff, storm sewers, or ephemeral streams. 
These variations would have affected the differences between predicted and observed 
loadings of these 5 CECs more than others because they had greater spatial differences 
in concentrations that would magnify any flow-based variability. The agricultural 
herbicides were detected more frequently and at much greater concentrations in 
upstream samples than in effluent samples. Conversely, sulfamethoxazole and tylosin 
were detected more frequently and at much greater concentrations in effluent and at 
SFZR-DS than upstream (data and statistical results in Tables A-12 and A-13 
 Considering this analysis, the observed and predicted CEC loadings were in 
good agreement. Comparison of the calculated loadings among different sites was 
therefore a reasonable first-order estimate of the actual proportional loading from 
different sources in this area.  
 
6.3.2 CEC groups with similar sources and spatiotemporal loading patterns 
The effects of dilution were obvious where the WWTP joins the SFZR. Some 
CECs occurred at greater concentrations at SFZR-US1 and were diluted by effluent 
(e.g., atrazine, acetochlor, and caffeine), whereas others occurred at greater 
concentrations in the effluent and were diluted by upstream flows (e.g., 4-nonylphenol, 
erythromycin, and carbamazepine). For almost all detected CECs, the median 
concentrations at SFZR-DS were between those in effluent and SFZR-US1 (Figure 6-6). 
Three distinct CEC groupings (upstream-dominated, mixed, or WWTP-
dominated) were evident in the concentrations (Figure 6-6) and loadings (Figures 6-3 
and 6-4) of CECs by site. For this loading analysis, Bear Creek and SFZR-US2 data 
were utilized because they represent distinct upstream subwatersheds that together 
comprise 78% of the study area. Figure 6-4 compares the loading at the downstream 
site (SFZR-DS) to the aggregated loadings from effluent and upstream sites for each 
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event and detected CEC. Clearly, flow or other temporal dynamics affected not only the 
total loadings but also the dominant sources/transport of certain CECs in the watershed. 
At SFZR-DS, the greatest loadings of all but one CEC (4-nonylphenol) occurred in high-
flow periods (May or March) compared to low-flow periods (September-October). Also, 
most CECs showed notable differences between SFZR-DS loading and the aggregated 
loading from other sites for one or more high flow (May/March) events. Subtler effects of 
flow variation appear to depend on which dominant transport group the CEC fell into. 
 
6.3.2.1 Upstream-dominated sources and transport 
As expected, upstream sources dominated for the agricultural herbicides and 
daidzein (a phytoestrogen). Atrazine, acetochlor, and metolachlor were among the most 
frequently detected CECs at all stream sites, with much greater concentrations and 
loadings upstream than in effluent (Figures 6-3 and 6-6). Atrazine was detected in all 
effluent samples but always at smaller concentrations than at every instream site. 
Acetochlor was detected in two effluent samples, while metolachlor was not detected in 
effluents. Daidzein was detected less frequently than the herbicides at all sites and was 
not detected in effluents. More than 95% of the total loading of each of these CECs was 
contributed by the aggregated (SFZR-US2 + Bear Creek) upstream areas (p<0.05, 
Table A-13). 
Spatiotemporally, the loadings of these CECs were greatest from upstream areas 
and during high flows (Figure 6-4). Increased loadings of all agricultural herbicides at all 
instream sites on May 10th likely resulted from the temporal proximity of their application 
to 4cm precipitation on May 4th-6th (Figure 6-6). Increased loadings were evident to a 
lesser degree on May 3rd and 17th, which also showed higher flows and corresponded 
with seasonal application periods of these herbicides in Minnesota [301]. In low-flow 
periods, total loadings of these runoff-associated CECs were greatly reduced. 
At SFZR-US2 on October 29th, a hydrograph peak associated with post-harvest 
precipitation (Figure 6-5) affected the concentration and loading of atrazine but not the 
other herbicides (Figure 6-4). Atrazine did not show this pattern at other sites on 
October 29th or at any site for the other September/October sampling events. Fall 
applications of atrazine to croplands are not approved in Minnesota [301]. Nonetheless, 
atrazine has been detected year-round in Minnesota precipitation [168] and is 
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considered to be more persistent and mobile than acetochlor or metolachlor [169, 171]. 
October precipitation must have mobilized terrestrial fractions persisting from earlier in 
the growing season or resulted in wet deposition, explaining this peak. 
 
6.3.2.2 Balanced/mixed sources and transport 
Balanced/mixed sources and transport were evident for mecoprop and several of 
the PPCPs (caffeine, acetaminophen, cotinine, DEET, and trimethoprim). Indeed, their 
loadings were more balanced between upstream sites and effluent than were those of 
the other studied CECs (Figure 6-3). Except for caffeine, their mean concentrations in 
effluent were equal to or greater than at SFZR-US1, but within an order of magnitude 
(Figure 6-6, Table A-13). 
Spatiotemporal loading patterns also indicated mixed sources and transport 
routes (i.e., runoff and effluent) of these CECs (Figure 6-4). Runoff influences were 
demonstrated by greater total loading and greater contributions from upstream areas 
during high flows. Effluent influences were demonstrated by a greater proportion of 
effluent loading to total loading during low flows, and smaller changes to total loading 
between high and low flows, compared to the upstream-dominated CECs. Effluent 
loadings of most of these CECs increased during high flows and remained influential 
even as their upstream loadings increased. The peak loadings of these CECs in May 
and March thus appear to result from a combination of greater effluent and greater 
upstream loadings at these times. 
Among these CECs, caffeine showed the greatest proportional upstream 
influences. Mean concentrations of caffeine were greater at upstream sites than in 
effluent (Figure 6-6), and 75% of its mean total loading was due to transport from 
aggregated upstream areas (Figure 6-3, p=0.001). When comparing individual sites, the 
loadings of caffeine from Bear Creek, SFZR-US2, and effluent were not significantly 
different (p=0.481). The total loading of caffeine was dominated by upstream sources 
during low flow periods, with upstream and effluent sources showing balance during high 
flows (Figure 6-4). Caffeine showed pronounced differences between SFZR-DS loading 
and aggregated loading from the effluent and upstream sites for several high flow events 
(Figure 6-4). This patterns was evident to a lesser degree for some other CECs (e.g., 
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cotinine and carbamazepine) and may suggest additional unmeasured instream sources 
at these times. 
Effluent loadings of acetaminophen, trimethoprim, and mecoprop were not 
significantly different than aggregated loadings from upstream sites (p= 0.687, p=0.247, 
and p=0.059, respectively) when considering all events (Figure 6-3). When comparing 
effluent to the individual sites, loadings of acetaminophen and mecoprop in effluent were 
greater than at either SFZR-US2 (p=0.020 and p= 0.002, respectively) or Bear Creek 
(p=0.027 and p=0.028, respectively). Loading of trimethoprim in effluent was greater 
than at Bear Creek (p=0.004) but not SFZR-US2 (p=0.108). Effluent loadings of cotinine 
and DEET were significantly greater (p=0.015 and p=0.004, respectively) than loadings 
from aggregated and individual upstream sites.  
In contrast caffeine, the total loading of acetaminophen and other mixed-source 
CECs was effluent-dominated in low flow periods (Figure 6-4). During high flows, 
however, total loadings of acetaminophen were much greater and upstream sources 
dominated. Mecoprop, trimethoprim, and DEET also showed these patterns of increased 
upstream and total loading in high flows, but their upstream loadings did not typically 
exceed effluent loadings. 
Mecoprop concentrations and loadings showed a pulse at all instream sites in 
October events that were associated with precipitation (Figure 6-6). Also, mecoprop was 
the only CEC that showed significantly greater loading (p=0.023) at SFZR-US1 
compared to the aggregated loading from the further upstream sites (Bear Creek and 
SFZR-US2). Together, these patterns suggest urban inputs via storm sewers or direct 
runoff of this primarily residential herbicide in Rochester [280]. 
Interestingly, the greatest effluent concentrations of all of these “mixed-source” 
CECs occurred during (high-flow) May events (Table A-12). Effluent concentrations of 
caffeine in high flow were almost double those in the low flow periods. This pattern also 
held true for atrazine but for none of the WWTP-dominated CECs. WWTP influent flow 
rates in early May were the highest that had yet occurred in 2012. The greater effluent 
concentrations of the mixed-source CECs and atrazine could have resulted from 
reduced WWTP removal efficiencies (due to reduced hydraulic retention time or 
temperature) or increased loadings to the WWTP from additional terrestrial sources such 
as leaky sewers during high flow periods. The latter would explain why the effluent 
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concentrations of the mixed-source CECs and atrazine increased during high flows while 
those of effluent-dominated CECs did not. 
 
 6.3.2.3 WWTP-dominated sources and transport 
 Indoor urban use and subsequent effluent transport was evidently the primary 
source of the remaining prescription pharmaceuticals (sulfamethoxazole, erythromycin, 
carbamazepine, and tylosin), surfactant metabolite (4-nonylphenol), and mixed-use 
insecticide (carbaryl) to the watershed. Loadings (Figure 6-3) and concentrations (Figure 
6-6) of these CECs were at least an order of magnitude greater in effluent than from 
upstream sites (p<0.05, Table A-13). At the downstream site (SFZR-DS), the loadings of 
4-nonylphenol, sulfamethoxazole, erythromycin, and carbamazepine were among the 
greatest of the detected CECs (Figure 6-4). These CECs were detected in all effluent 
and SFZR-DS samples, while upstream detections were infrequent and at much smaller 
concentrations (Figure 6-6, Table A-12). Likewise, carbaryl was only detected in three 
instream samples (all at SFZR-DS), which coincided with effluent detections on two 
occasions. Although tylosin only has veterinary applications, it has been detected in 
WWTP influents and effluents in the United States [145] and elsewhere [146-147]. Thus, 
tylosin detections in WWTP effluent in this study suggest wastewater inputs from 
veterinary clinics or pet owners, or infiltration of CAFO runoff or wastewater to the 
municipal sewer system [145]. 
Compared to the upstream-dominated and mixed-source groups, the proportional 
loading and pathways of the WWTP-dominated CECs to the watershed were not as 
affected by high-flow events. Like the other groups, the total loadings of WWTP-
dominated CECs were generally greatest in higher-flow (May or March) events. 
Nonetheless, their total instream loadings were overwhelmingly dominated by effluent in 
all flow conditions. Effluent loadings of erythromycin and tylosin were relatively 
consistent across sampling events, with ranges that varied by less than a factor of two. 
Effluent loadings of 4-nonylphenol and carbamazepine were greatest in 
September/October when those of most other CECs were smallest. For 4-nonylphenol, 
greater hydraulic retention times and temperatures in the WWTP may have served to 
enhance microbial transformation of nonylphenol ethoxylates to 4-nonylphenol at these 
times [62].  
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6.3.3 Research implications 
Two related SFZR studies analyzed larger sample sets, focused on CEC 
concentrations, and did not include WWTP effluents or mass balance assessments [273, 
299]. In those studies, the concentrations of agricultural herbicides were explained by 
agricultural runoff sources. Clustering of some prescription and non-prescription PPCP 
concentrations (e.g., carbamazepine and cotinine) was explained by urban wastewater 
sources. A final cluster, of other non-prescription PPCP and mixed-use CEC 
concentrations (e.g., acetaminophen and trimethoprim) was observed and attributed to a 
mixture of urban/wastewater and runoff sources. In the current study, the analysis of 
effluent samples and instream mass balances confirms similar groupings of CECs by 
source/transport. The current study also provides a better understanding of the 
proportional loading from the WWTP and upstream drainage areas to the total 
downstream load of CECs. 
Agricultural herbicides have been commonly observed to have diffuse sources 
and greater concentrations or loads in agricultural areas during growing seasons and 
other periods of application and runoff [166, 168]. As anticipated, the current study also 
showed that transport of agricultural herbicides was clearly dominated by upstream 
sources. The much smaller loadings observed in September/October in this study 
accord with the expected low flows and concentrations at that time. 
The WWTP exerted a year-round influence on the CECs at SFZR-DS, but the 
magnitude and relative influence of the effluent loading on downstream loadings varied 
temporally and by CEC type. Non-prescription PPCPs frequently occur in a wide range 
of settings influenced by runoff or other diffuse sources as well as WWTPs [32, 59-62, 
151, 153, 197, 273-274, 299, 302]. In this study, the mixed sources and transport of 
these CECs were illustrated by additional non-WWTP loading from upstream sources in 
high-flow periods when effluent comprised a smaller portion of downstream flow. This 
has been observed elsewhere [60]. Similarly, two studies of WWTP effluents and 
upstream/downstream sites in multiple streams (including the SFZR) reported influential 
upstream sources of many CECs (e.g., acetaminophen and caffeine) [32, 59]. The 
loading of these widely used CECs in upstream areas may have resulted from their 
greater usage and mobility compared to prescription pharmaceuticals. Acetaminophen, 
caffeine, and cotinine have smaller Kow and much greater solubilities than most of the 
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studied prescription pharmaceuticals (Table A-2). This may therefore lead to enhanced 
transport from diffuse sources such as septic systems and land-applied manure, sludge, 
or biosolids.  
Prescription PPCPs often exhibit enhanced concentrations at WWTP-influenced 
sites [32, 153, 197] and in low-flow periods. The latter is often explained by 
concentration-dilution effects [47, 151, 166]. Human-use pharmaceuticals were 
anticipated to enter this watershed primarily via the WWTP and secondarily via septic 
systems, runoff of land-applied biosolids, or other sources. Mixed-use and veterinary 
pharmaceuticals were expected to occur due to transport from agricultural fields, the 
WWTP, or other secondary sources. Trimethoprim and tylosin showed some temporal 
patterns that suggest veterinary sources (e.g., greater concentrations and loadings 
during high flows). Except for trimethoprim, however, the detection frequencies and/or 
concentrations of all prescription pharmaceuticals were far greater downstream than 
upstream of the WWTP. Loading analysis confirmed that effluent transport dominated 
their loading to the watershed. Thus, while non-WWTP sources of antibiotics may exist 
in the watershed, except for trimethoprim, they did not significantly influence the study 
sites. Trimethoprim is more persistent than the commonly co-prescribed 
sulfamethoxazole, which may explain its greater instream detection frequencies and 
transport [41]. Further study with additional sites could determine whether antibiotic 
ratios vary with downstream distance from the WWTP in this watershed. 
 
6.3.4 Recommendations for monitoring and risk assessment  
Many CEC monitoring studies have been conducted in surface waters [14-15, 
57-58], but quantitative temporal and statistical comparisons of CEC loadings and 
transport from different sources are relatively rare [60, 62, 68-69]. The methods of 
sampling and analysis used in this study allowed the differentiation of myriad sources of 
CECs in a complex system and therefore should be transferrable to other monitoring 
efforts for proportional source assessments. For risk assessments and programs 
targeting peak CEC concentrations or loadings, upstream-dominated CECs should be 
monitored during high-flow events and seasons because the increased concentrations 
that occur at these times will also represent the greatest loadings. Also, monitoring in 
upstream areas is advisable for risk assessments of agriculturally-associated CECs, as 
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the potential for dilution by WWTP effluents exists. WWTP-dominated CECs should be 
measured in low-flow periods if instream exposures are of concern; relatively consistent 
loading can be expected year-round. Monitoring at watershed collection points below 
WWTPs is suitable for screening assessments of WWTP-dominated and mixed-
transport CECs. If mass balance assessments, temporal sampling, or other monitoring 
suggests upstream sources of mixed-transport CECs, then upstream and seasonal 
monitoring in light of land use data may help track their sources. 
This study demonstrated that the majority of loadings and concentrations of 
several CECs that are typically identified as effluent-associated were indeed transported 
via the WWTP (e.g., 4-nonylphenol, carbamazepine, and sulfamethoxazole). These 
included the CECs that had the greatest downstream concentrations and loadings of 
studied CECs. Thus, source controls or additional WWTP-based treatment may be 
recommended. Further study would be necessary to ascertain whether these CECs 
remain proportionally elevated compared to other CECs further downstream. Likewise, 
concentrations and loadings of agricultural herbicides were predominantly a result of 
higher-flow periods when usage is greater. Significant upstream and flow-based 
influences were also evident for some PPCPs (e.g., trimethoprim, DEET, and caffeine). 
For these CECs, mixed sources and transport suggest that WWTP retrofits alone may 
not sufficiently reduce their loads. There is evidence that some agricultural and 
stormwater best management practices may prevent mobilization and promote 
attenuation of certain CECs through filtration, sorption, and biodegradation [303]. These 
practices may be useful in concert with increasingly proposed CEC source reductions 
and WWTP-based mitigation strategies, especially in mixed-use areas where additional 
sources, high-flow events, and runoff components are likely to be important. 
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Figure 6-1. Map of the SFZR study area. Labels indicate sampling site locations. Streams that influence 
each sampling site are color coded – Bear Creek = Orange + Green, SFZR-US2 = Blue, and SFZR-DS and 
SFZR-US1 = All colored streams. The SFZR generally flows northeast, joins with Bear Creek just 
downstream from SFZR-US2, and then flows toward SFZR-US1 and SFZR-DS. The city of Rochester is 
indicated by the green shaded area. WWTP = wastewater treatment plant 
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Figure 6-2 (A,B). Scatterplots of predicted versus observed loading of individual CECs at SFZR-DS for (A) all events and (B) low flow events only. 
Predicted loading was calculated as the sum of loadings from the wastewater treatment plant and upstream (SFZR-US1) samples. 
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Figure 6-3. Comparison of mean CEC loadings from upstream sites and the downstream site. The graph displays the mean loadings (g/d) of CECs 
measured at the downstream site (SFZR-DS) versus additive loadings (stacked bars) measured in the effluent and upstream sites across all events. A (10) in the 
x-axis label of a given CEC indicates that its actual concentrations were 10 times greater than the displayed concentrations for that CEC (rescaled for display 
purposes). Error bars indicate standard error of the mean. SFZR = South Fork of the Zumbro River. 
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Figure 6-4. Comparison of CEC loadings from upstream sites and the downstream site over time. 
The graphs displays the loadings (g/d) of contaminants of emerging concern (CEC) at the downstream site 
(SFZR-DS) versus additive loadings (stacked bars) from effluent and upstream sites (Bear Creek and SFZR-
US2) by site for each event. The stacked bar in each cluster shows the loadings from wastewater treatment 
plant effluent and upstream sites. The second (purple) bar in each cluster represents the loading at SFZR-
DS. SFZR = South Fork of the Zumbro River. 
 
 
 
 
 
 
 94 
 
 
Figure 6-5. Instream flow and precipitation, March-November 2012. The graph displays the flow rates 
(primary y-axis) at stream sites and from the Rochester Water Reclamation Plant and precipitation 
(secondary, inverted y-axis) in Rochester during the 2012 sampling events. Sampling events are indicated 
with pink asterisks (*) in the figure. SFZR = South Fork of the Zumbro River. Flow and precipitation data 
were obtained from the USGS National Streamflow Information Program, the Minnesota Department of 
Natural Resources/Minnesota Pollution Control Agency Cooperative Stream Gaging Program, and the 
Rochester Water Reclamation Plant staff, and the Minnesota Climatology Working Group. 
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Figure 6-6. Box plots of concentrations of contaminants of emerging concern (CEC) measured in 35 water samples collected from four instream sites 
and wastewater treatment plant effluent in the SFZR study area. Boxes represent the interquartile ranges (IQR) of concentration data for each CEC by site. 
Medians concentrations are represented by the black lines inside each box. Whiskers extend to the minimum and maximum values, up to 1.5 times the IRQ from 
each box. Circles indicate values beyond that range. Data below the method reporting limit were ranked lowest in the statistical analysis and given a value of zero 
for the graphical representation. Compounds with an asterisk (*) in their x-axis label showed significant differences in concentration across sites by analysis of 
variance on ranks (data and p-values in Table A-12 and A-13).
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CHAPTER 7. Project Synthesis 
 
7.1 Introduction 
 Understanding the spatiotemporal occurrence patterns of contaminants of 
emerging concern (CECs) is crucial for assessing the sources, context, and impacts of 
CECs [47, 61, 197]. Tens of thousands of organic chemicals have been identified as 
CECs, which is considered a conservative estimate [70]. This multitude of compounds is 
associated with numerous and sometimes overlapping sources and transport routes, 
and a wide range of physicochemical properties and associated fates. Despite numerous 
studies, significant gaps remain in our knowledge of CEC sources, occurrence, fate, and 
transport in complex environmental systems [24, 57, 60-62, 67-68, 70, 75, 185].  
This study characterized the sources, transport, seasonality, and sediment-water 
distributions of a diverse set of CECs in a mixed-use watershed. Concentrations and 
loadings of CECs in water and sediment samples were analyzed in light of spatial/land 
use, seasonal, hydrologic, and physicochemical variables. Data analysis was completed 
with a range of statistical and graphical methods. Distinct groups of CECs that exhibited 
similar instream profiles and sources were identified based on statistical linkages, 
proportional source loading, spatiotemporal patterns in water concentrations and 
loading, and sediment-water distributions. 
 
7.2 Findings 
 Three distinct CEC groups emerged with respect to their patterns of detection, 
concentration, and loading via the different sample sets, research questions, and 
methods of analysis of this study. These overarching patterns underscored the results of 
the individual chapters. The CECs within each group demonstrated similar sources, 
seasonality, transport, and variability thereof. Effluent-dominated sources and transport 
explained the detections, concentrations, and loadings of one group (i.e., 
sulfamethoxazole, carbamazepine, erythromycin, tylosin, carbaryl, and 4-nonylphenol). 
Agricultural/upstream-dominated sources and transport explained those of a second 
group (i.e., atrazine, acetochlor, metolachlor, and daidzein). The third group showed 
mixed sources and transport that varied somewhat by the typical use and properties of 
the CEC (i.e., acetaminophen, caffeine, trimethoprim, DEET, cotinine, and mecoprop). 
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The effects of site, season, and other hydrologic parameters (i.e., flow and precipitation) 
on occurrence, concentration, and loading were evident for many CECs in water and 
provided resolution among the groups of CECs.  
Agricultural CECs showed similar within-group behavior, and greater 
concentrations and loadings from agricultural sites and during periods of herbicide 
application and high flows. More than 90% of the downstream loading of the each of the 
CECs in this group was due to upstream sites compared to effluent.  
The effluent-dominated CECs showed the almost singular influence of the 
WWTP on their instream profiles. Spatially, the concentrations and loadings of each of 
these CECs in WWTP effluent were at least an order of magnitude greater than from any 
of the upstream sites (including the Bear Creek site, which had similar population density 
and percentage of developed land but was upstream from the WWTP discharge). 
Likewise, temporal patterns of the effluent-dominated group were demonstrated by 
similar/greater concentrations in low flows compared to high flows, and consistent 
loadings across seasons and flows in comparison with other CECs.  
The mixed-sources/transport group showed concentrations and loadings that 
were significantly greater at the mixed-use sites (SFZR-DS and Bear Creek) compared 
with the agricultural sites, but were also more spatially balanced than the other groups. 
The proportional loadings of this group did not differ by more than an order of magnitude 
between effluent and combined upstream sites, in contrast with the agricultural and 
effluent-dominated groups. Also, the temporal patterns of this group indicated mixed 
sources and transport. For example, effluent inputs were continually evident, but 
concentrations and loadings from upstream sites increased during high flows, which 
demonstrated the influence of runoff or other upstream transport. Thus, the results of the 
spatiotemporal analysis for this group suggest mixed sources and pathways such as 
septic systems, stormwater, or runoff of land-applied biosolids in addition to the WWTP.  
 This study indicates that CECs are present in urban and agricultural sediments, 
even those CECs traditionally thought of as non-sorptive. As in water, the effects of land 
use on sediment concentrations were evident. Acetaminophen, caffeine, 
carbamazepine, and DEET concentrations in sediment concentrations were greatest at 
mixed-use sites (Bear Creek and/or SFZR-DS). For acetochlor, the greatest sediment 
concentrations, water concentrations, and aqueous loadings were evident at Bear 
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Creek, which has 52% agricultural area. Sediment concentrations of atrazine were 
greatest at an agricultural site (Willow Creek). Seasonal patterns of CEC concentrations 
were not evident in sediment, but some CECs showed changes in sediment 
concentrations between years. This agrees with the characterization of the sediment 
phase as an integrative marker of contamination. The more polar and labile CECs (e.g., 
caffeine, acetaminophen, DEET, and acetochlor) showed significant variability in their 
observed sediment-water distribution coefficients across sites and seasons, which was 
mainly due to variability in water concentrations. These CECs were also distributed to 
sediment in much higher proportions than would be predicted based on their 
hydrophobic activities alone. In contrast, the sediment-water distributions of the less 
polar and more persistent CECs (e.g., atrazine and carbamazepine) were less 
spatiotemporally variable and were well-predicted by octanol-water partition coefficients 
derived in laboratory studies.  
 
7.3 Implications for research  
 The capacities to characterize and track contaminant sources are crucial to our 
abilities to identify and mitigate pollution [220]. Recent studies have identified numerous 
patterns and determinants of CEC occurrences in urban, agricultural, and mixed-use 
areas. Nonetheless, the sources and transport of CECs are not fully characterized or 
consistently predictable in freshwater systems. This is understandable considering the 
multitude and diversity of CECs that have been identified and the complexity of natural 
systems. Source characterizations and comparisons were recently identified by MPCA 
staff as priority research topics regarding CEC occurrences that remain to be addressed 
[304]. 
Further CEC source and transport characterization studies are thus warranted. 
The design elements that were included in this study (e.g., multiple sites, discrete 
drainage areas, discharge measurements, land use data, and multiple events and 
sample types) should be applied in studies in other watersheds to verify and refine the 
observed spatiotemporal and source characterizations. Linkages between sources and 
instream occurrences should be investigated by directly sampling sources, other off-
stream matrices (e.g., land-applied biosolids, manure lagoon slurries, urban runoff, 
agricultural tile drainage, and septic systems), and receiving matrices (e.g., river water, 
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river sediment, and fish tissues). Agricultural and urban stormwater BMPs should be 
assessed for their performance at preventing CEC transport to receiving waters. Mass 
balances that include additional flow pathways and matrices would serve to refine CEC 
source characterizations. For example, the inclusion of WWTP influent samples could be 
used to assess per-capita outputs and WWTP removal efficiencies for various CECs, 
and thus provide additional context for the influence of the WWTP on instream loading. 
Proportional source assessments that include population data could determine whether 
the per-capita loading of CECs to receiving waters is affected by the transport route 
(e.g., WWTP discharge or other urban/residential transport). Analysis of additional sites 
would indicate if proportional source loadings of CECs remain similar at locations further 
downstream from the WWTP, along with the relative influences of fate processes for 
different CECs. Correlation of CEC concentrations and loadings with effect screening 
data (e.g., genomic or metabolomic parameters) would be valuable for linking specific 
CECs and sources to effects. 
 
7.4 Implications for monitoring and risk assessment 
The importance of appropriate study designs to assess diverse CECs was 
highlighted by the variety of spatiotemporal patterns of CEC loadings and concentrations 
evident in this research. This study demonstrated the value of appropriate data reduction 
and statistical analysis for identifying patterns in a robust field dataset. The results 
provided new understanding of how certain types of CECs behave in this mixed land-use 
system.  
The mass balance approach utilized in this study showed that proportional 
source loading of CECs can be quantified when discharge and land use data sufficiently 
represent the watershed of interest. Mass balances and spatiotemporal analysis 
confirmed the typically reported dominance of the WWTP on the instream profiles of 
several CECs (e.g., 4-nonylphenol and carbamazepine). Moreover, the downstream 
concentrations and loadings of these CECs were among the greatest of all studied 
CECs. Also, some veterinary and mixed-use antibiotics (e.g., sulfamethoxazole, 
erythromycin, and tylosin) that have been previously detected in agricultural or other 
non-WWTP-associated areas were WWTP-dominated in this study. In contrast, several 
PPCPs (e.g., caffeine, acetaminophen, DEET, and trimethoprim) that have been 
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reported elsewhere as wastewater-dominated showed additional influential sources in 
this study.  
Aqueous persistence influenced CEC profiles in water and sediment and should 
be considered when designing field studies to properly characterize CEC sources, fate, 
transport, and risk. Some more persistent CECs showed greater detection frequencies 
across seasons or sites than more labile CECs of the same category. For example, 
atrazine is more persistent than acetochlor and was more frequently detected in all 
seasons and sites. The same was true for trimethoprim in relation to sulfamethoxazole. 
In contrast, caffeine is readily degradable but was nonetheless ubiquitous in this study. 
Moreover, caffeine and acetaminophen were detected in more than 80% of water and 
90% of sediment samples. This suggests continual, long-term, and diffuse inputs that 
lead to pseudo-persistence of these CECs in both phases. If long-term sources and 
occurrences of CECs are of interest, monitoring of the sediment matrix will be beneficial. 
Sediment may provide a more stable marker of CEC sources and land use influences 
with fewer samples than would be required to ascertain similar differences with water 
samples. However, lack of detection in the sediment phase is not necessarily predictive 
of lack of detection in the water phase. 
A “one-size-fits-all” approach to CEC monitoring may be unlikely to adequately 
capture the variability of different classes of CECs, especially if only a few grab samples 
are collected. Our results indicate that CEC monitoring studies should measure 
concentrations and loading and incorporate seasonal/hydrologic variability, especially 
when assessing CECs that have runoff-associated or mixed sources and transport. The 
inclusion of a range of seasonal conditions was important in understanding the 
influences of these sources over time. For studies assessing peak concentrations or 
loading, runoff-associated CECs should be monitored during high-flow periods at 
upstream areas when the greatest concentrations and loadings will occur. Effluent-
associated CECs should be monitored in low-flows to show the greatest detectability and 
potential concentrations of concern. Mixed-source/transport CECs should be monitored 
in a range of temporal conditions. If mixed-use CECs are detected at watershed 
collection points, then source characterization should assess WWTPs and upstream 
areas. 
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Our results demonstrated that certain CECs may indeed serve as markers of 
related CECs or of specific sources related to CEC contamination or water quality 
impairments (e.g., metal, nutrient, biotic). The utility of carbamazepine as a recalcitrant 
marker of urban/residential land uses was confirmed by its high concentrations and 
loadings at SFZR-DS and its frequent low-level detections at Bear Creek. 
Sulfamethoxazole may be a useful labile wastewater marker based on its exclusive 
detections at SFZR-DS and in effluent. Metolachlor or acetochlor should be considered 
over atrazine as markers of agricultural influences. Although they are not ideal WWTP 
markers, acetaminophen and trimethoprim were associated with mixed-use over 
agricultural areas, and may thus represent diffuse urban/residential sources such as 
septic systems, stormwater discharges, or land-applied sludge.  
Effective and efficient risk assessment and pollution mitigation strategies require 
information on CEC sources and transport [209], yet significant gaps remain in these 
areas [73, 113, 186-189]. While we understand that myriad sources contribute CECs to 
surface waters, relatively little work has quantified CEC sources in mixed-use [12, 61-62, 
72] and agricultural areas [57, 60-61]. The source characterizations and comparisons 
that were developed in this study provided insight on locations and times that may show 
increased concentrations and loadings of different types of CECs. This information can 
be used to target locations for contaminant or effect-based monitoring, to identify 
particular CECs of concern in a given setting, and to track CEC sources in impacted 
areas. This exposure and risk assessment knowledge can in turn be applied to focus 
mitigation efforts (e.g., pollutant prevention, fish consumption advisories) on locations, 
CECs, sources, and transport pathways that may pose the greatest risks and 
opportunities for risk reduction. If certain CECs are deemed candidates for regulation, 
these tools and data will assist in stressor identifications, source assessments, load 
allocations, and implementation and monitoring activities.  
Together, the outcomes of this study have characterized the dominant sources, 
temporal patterns, and clustering behavior in the aqueous occurrences, concentrations, 
and loadings of a diverse set of CECs in this mixed-use watershed. We have confirmed 
some previously observed patterns in the instream profiles of agricultural and 
wastewater-dominated CECs. For the wastewater-dominated CECs, source controls or 
additional WWTP-based treatment may be recommended. For the agricultural and 
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mixed-source/transport CECs, WWTP retrofits alone may not sufficiently reduce their 
loads. This suggests that pollution prevention efforts that target upstream sources and 
transport may be needed if mitigation of these CECs is desired. Agricultural and 
stormwater best management practices may be useful in concert with source reductions 
and WWTP-based mitigation strategies in agricultural or mixed-use areas where 
additional sources and transport mechanisms will likely be important [303]. 
While some CECs have previously shown ubiquitous and mixed sources that 
were difficult to characterize [61, 69], we have shown that spatiotemporal patterns in 
concentration and loading can be used to trace their sources and transport. Therefore, 
prediction of influential source, pathways, and events is possible even for ubiquitous 
CECs. These methods and characterizations can be applied in a wide range of settings 
to inform CEC monitoring, models, screening/risk assessments, and pollution 
prevention/mitigation strategies. This will increase our ability to predict impacts and allow 
us to focus future efforts on relevant CECs and their likely sources and transport to 
surface waters. 
 103 
 
REFERENCES 
 
1. MDH Contaminants of Emerging Concern (CEC) Clean Water Legacy. 
<http://www.health.state.mn.us/divs/eh/risk/guidance/dwec/index.html> (accessed 5/23/2015). 
2. EPA, U. S. White Paper: Aquatic Life Criteria for Contaminants of Emerging Concern Part 
I - General Challenges and Recommendations; U.S Environmental Protection Agency: 
Washington, D.C, 2008; p 31. 
3. USGS Research Projects - Emerging Contaminants http://toxics.usgs.gov/regional/emc/ 
(accessed 5/23/2015). 
4. Maruya, K. A.; Schlenk, D.; Anderson, P. D.; Denslow, N. D.; Drewes, J. E.; Olivieri, A. 
W.; Scott, G. I.; Snyder, S. A. An adaptive, comprehensive monitoring strategy for chemicals of 
emerging concern (CECs) in California's aquatic ecosystems. Integr. Environ. Assess. Manage. 
2014, 10 (1), 69-77. 
5. Colborn, T.; Dumanoski, D.; Myers, J. P.; Murden, M. Our Stolen Future: Are We 
Threatening Our Fertility, Intelligence, And Survival?: A Scientific Detective Story. Dutton: New 
York, NY, 1996; p 306. 
6. Petrie, B.; Barden, R.; Kasprzyk-Hordern, B. A review on emerging contaminants in 
wastewaters and the environment: Current knowledge, understudied areas and recommendations 
for future monitoring. Water Res. 2014, 72, 3–27. 
7. Caliman, F.; Gavrilescu, M. Pharmaceuticals, personal care products and endocrine 
disrupting agents in the environment- a review. Clean - Soil, Air, Water 2009, 37 (4-5), 277-303. 
8. Kolpin, D. W.; Furlong, E. T.; Meyer, M. T.; Thurman, E. M.; Zaugg, S. D.; Barber, L. B.; 
Buxton, H. T. Pharmaceuticals, hormones, and other organic wastewater contaminants in US 
streams, 1999-2000: a national reconnaissance. Environ. Sci. Technol. 2002, 36 (6), 1202-1211. 
9. Boreen, A.; Arnold, W.; McNeill, K. Photodegradation of pharmaceuticals in the aquatic 
environment: a review. Aquatic Sciences-Research Across Boundaries 2003, 65 (4), 320-341. 
10. Boxall, A. B. A.; Fogg, L.; Blackwell, P.; Blackwell, P.; Kay, P.; Pemberton, E.; Croxford, 
A. Veterinary medicines in the environment. Rev Environ Contam Toxicol 2004, 180, 1-91. 
11. Brain, R. A.; Hanson, M. L.; Solomon, K. R.; Brooks, B. W. Aquatic plants exposed to 
pharmaceuticals: effects and risks. Rev Environ Contam Toxicol 2008, 192, 67-115. 
12. Burkholder, J.; Libra, B.; Weyer, P.; Heathcote, S.; Kolpin, D.; Thorne, P.; Wichman, M. 
Impacts of waste from concentrated animal feeding operations on water quality. Environ. Health 
Perspect. 2007, 115 (2), 308-312. 
13. Campbell, C.; Borglin, S.; Green, F.; Grayson, A.; Wozei, E.; Stringfellow, W. Biologically 
directed environmental monitoring, fate, and transport of estrogenic endocrine disrupting 
compounds in water: a review. Chemosphere 2006, 65 (8), 1265-1280. 
14. Clarke, B. O.; Smith, S. R. Review of ‘emerging’organic contaminants in biosolids and 
assessment of international research priorities for the agricultural use of biosolids. Environ. Int. 
2011, 37 (1), 226-247. 
15. Du, L.; Liu, W. Occurrence, fate, and ecotoxicity of antibiotics in agro-ecosystems. a 
review. Agronomy for sustainable development 2012, 32 (2), 309-327. 
16. Evgenidou, E. N.; Konstantinou, I. K.; Lambropoulou, D. A. Occurrence and removal of 
transformation products of PPCPs and illicit drugs in wastewaters: a review. Sci. Total Environ. 
2015, 505, 905-926. 
17. Focazio, M.; Kolpin, D.; Furlong, E. Occurrence of human pharmaceuticals in water 
resources of the United States: a review. In Pharmaceuticals in the environment: sources, fate, 
effects and risks, Springer: New York, NY, 2004; pp 91-105. 
18. Hanselman, T. A.; Graetz, D. A.; Wilkie, A. C. Manure-borne estrogens as potential 
environmental contaminants: a review. Environ. Sci. Technol. 2003, 37 (24), 5471-5478. 
19. Kaplan, S. Review: pharmacological pollution in water. Crit. Rev. Environ. Sci. Technol. 
2013, 43 (10), 1074-1116. 
 104 
 
20. Kolok, A.; Sellin, M. The environmental impact of growth-promoting compounds 
employed by the United States beef cattle industry: history, current knowledge, and future 
directions. Rev Environ Contam Toxicol 2008, 1-30. 
21. Kümmerer, K. Antibiotics in the aquatic environment-a review-part I. Chemosphere 2009, 
75 (4), 417-434. 
22. Liu, Z.; Kanjo, Y.; Mizutani, S. Urinary excretion rates of natural estrogens and androgens 
from humans, and their occurrence and fate in the environment: A review. Sci. Total Environ. 
2009, 407 (18), 4975-4985. 
23. Liu, Z.; Kanjo, Y.; Mizutani, S. A review of phytoestrogens: their occurrence and fate in 
the environment. Water Res. 2010, 44 (2), 567-577. 
24. Mnif, W.; Hassine, A. I. H.; Bouaziz, A.; Bartegi, A.; Thomas, O.; Roig, B. Effect of 
endocrine disruptor pesticides: a review. Int. J. Env. Res. Public Health 2011, 8 (6), 2265-2303. 
25. Pal, A.; Gin, K. Y. H.; Lin, A. Y. C.; Reinhard, M. Impacts of emerging organic 
contaminants on freshwater resources: review of recent occurrences, sources, fate and effects. 
Sci. Total Environ. 2010, 408 (24), 6062-6069. 
26. Soares, A.; Guieysse, B.; Jefferson, B.; Cartmell, E.; Lester, J. Nonylphenol in the 
environment: a critical review on occurrence, fate, toxicity and treatment in wastewaters. Environ. 
Int. 2008, 34 (7), 1033-1049. 
27. Suarez, S.; Carballa, M.; Omil, F.; Lema, J. How are pharmaceutical and personal care 
products (PPCPs) removed from urban wastewaters? Reviews in Environmental Science and 
Biotechnology 2008, 7 (2), 125-138. 
28. Tolls, J. Sorption of veterinary pharmaceuticals in soils: a review. Environ. Sci. Technol. 
2001, 35 (17), 3397-3406. 
29. Ying, G. G.; Williams, B.; Kookana, R. Environmental fate of alkylphenols and alkylphenol 
ethoxylates--a review. Environ. Int. 2002, 28 (3), 215-226. 
30. Kolpin, D.; Furlong, E.; Meyer, M.; Thurman, E.; Zaugg, S.; Barber, L.; Buxton, H. 
Pharmaceuticals, hormones, and other organic wastewater contaminants in US streams, 1999- 
2000: A national reconnaissance. Environ. Sci. Technol 2002, 36 (6), 1202-1211. 
31. Heberer, T.; Dünnbier, U.; Reilich, C.; Stan, H. Detection of drugs and drug metabolites in 
ground water samples of a drinking water treatment plant. Fresenius Environmental Bulletin 1997, 
6 (7), 438-443. 
32. Lee, K. E.; Barber, L. B.; Furlong, E. T.; Cahill, J. D.; Kolpin, D.; Meyer, M.; Zaugg, S. 
Presence and distribution of organic wastewater compounds in wastewater, surface, ground, and 
drinking waters, Minnesota, 2000-02; SIR 5138; U.S. Geological Survey: Reston, VA., 2004; p 39. 
33. Heberer, T.; Schmidt-Bäumler, K.; Stan, H. Occurrence and distribution of organic 
contaminants in the aquatic system in Berlin. Part I: Drug residues and other polar contaminants 
in Berlin surface and groundwater. Acta Hydroch. Hydrob. 1998, 26 (5), 272-278. 
34. Buser, H.; Müller, M.; Theobald, N. Occurrence of the pharmaceutical drug clofibric acid 
and the herbicide mecoprop in various Swiss lakes and in the North Sea. Environ. Sci. Technol 
1998, 32 (1), 188-192. 
35. Ternes, T.; Stumpf, M.; Schuppert, B.; Haberer, K. Simultaneous determination of 
antiseptics and acidic drugs in sewage and river water. Vom Wasser 1998, 90, 295-309. 
36. Metcalfe, C.; Miao, X.; Koenig, B.; Struger, J. Distribution of acidic and neutral drugs in 
surface waters near sewage treatment plants in the lower Great Lakes, Canada. Environ. Toxicol. 
Chem. 2003, 22 (12), 2881-2889. 
37. Lee, K. E.; Yaeger, C. S.; Jahns, N. D.; Schoenfuss, H. L. Occurrence of endocrine active 
compounds and biological responses in the Mississippi River - study design and data, June 
through August 2006; Data Series 368; United States Geological Survey: Reston, VA., 2008; p 
22. 
38. Lee, K. E.; Schoenfuss, H. L.; Jahns, N. D.; Brown, G. K.; Barber, L. B. Alkylphenols, 
other endocrine-active chemicals, and fish responses in three streams in Minnesota—Study 
 105 
 
design and data, February–September 2007; Data Series 405; United States Geological Survey: 
Reston, VA, 2008; p 44. 
39. Acuña, V.; von Schiller, D.; García-Galán, M. J.; Rodríguez-Mozaz, S.; Corominas, L.; 
Petrovic, M.; Poch, M.; Barceló, D.; Sabater, S. Occurrence and in-stream attenuation of 
wastewater-derived pharmaceuticals in Iberian rivers. Sci. Total Environ. 2014, 503-504, 133-
141. 
40. Backus, S.; Carson, O.; Konefal, M.; Bradley, L.; Mccrea, R.; Dove, A. Occurrence of the 
polycyclic musks HHCB and AHTN in surface waters of the Laurentian Great Lakes, In Annual 
Conference on Great Lakes Research, International Association for Great Lakes Research: 2006. 
41. Choi, K.; Kim, Y.; Jung, J.; Kim, M.; Kim, C.; Kim, N.; Park, J. Occurrences and ecological 
risks of roxithromycin, trimethoprim, and chloramphenicol in the Han River, Korea. Environ. 
Toxicol. Chem. 2008, 27 (3), 711-719. 
42. Esteban, S.; Gorga, M.; Petrovic, M.; González-Alonso, S.; Barceló, D.; Valcárcel, Y. 
Analysis and occurrence of endocrine-disrupting compounds and estrogenic activity in the 
surface waters of Central Spain. Sci. Total Environ. 2014, 466, 939-951. 
43. Feitosa-Felizzola, J.; Chiron, S. Occurrence and distribution of selected antibiotics in a 
small Mediterranean stream (Arc River, Southern France). Journal of Hydrology 2009, 364 (1-2), 
50-57. 
44. Gong, J.; Ran, Y.; Chen, D.; Yang, Y.; Ma, X. Occurrence and environmental risk of 
endocrine-disrupting chemicals in surface waters of the Pearl River, South China. Environ. Monit. 
Assess. 2009, 156 (1), 199-210. 
45. Hoerger, C.; Wettstein, F.; Hungerbu hler, K.; Bucheli, T. Occurrence and origin of 
estrogenic isoflavones in Swiss river waters. Environ. Sci. Technol. 2009, 43 (16), 6151-6157. 
46. Lin, A.; Tsai, Y. Occurrence of pharmaceuticals in Taiwan's surface waters: impact of 
waste streams from hospitals and pharmaceutical production facilities. Sci. Total Environ. 2009, 
407 (12), 3793-3802. 
47. Luo, Y.; Xu, L.; Rysz, M.; Wang, Y.; Zhang, H.; Alvarez, P. J. Occurrence and transport of 
tetracycline, sulfonamide, quinolone, and macrolide antibiotics in the Haihe River Basin, China. 
Environ. Sci. Technol. 2011, 45 (5), 1827-1833. 
48. Tomasek, A. A.; Lee, K. E.; Hansen, D. S. Wastewater indicator compounds in 
wastewater effluent, surface water, and bed sediment in the St. Croix National Scenic Riverway 
and implications for water resources and aquatic biota, Minnesota and Wisconsin, 2007-08; SIR 
2011–5208; United States Geological Survey: Reston, VA, 2012; p 40. 
49. Pojana, G.; Gomiero, A.; Jonkers, N.; Marcomini, A. Natural and synthetic endocrine 
disrupting compounds (EDCs) in water, sediment and biota of a coastal lagoon. Environ. Int. 
2007, 33 (7), 929-936. 
50. Kinney, C. A.; Furlong, E. T.; Kolpin, D. W.; Burkhardt, M. R.; Zaugg, S. D.; Werner, S. L.; 
Bossio, J. P.; Benotti, M. J. Bioaccumulation of pharmaceuticals and other anthropogenic waste 
indicators in earthworms from agricultural soil amended with biosolid or swine manure. Environ. 
Sci. Technol. 2008, 42 (6), 1863-1870. 
51. Fries, E.; Puttman, W. Occurrence of 4-nonylphenol in rain and snow. Atmos. Environ. 
2004, 38 (13), 2013-2016. 
52. Hüskes, R.; Levsen, K. Pesticides in rain. Chemosphere 1997, 35 (12), 3013-3024. 
53. Balk, F.; Blok, H.; Salvito, D. Environmental risks of musk fragrance ingredients. In ACS 
Symp. Ser., ACS Publications: 2001; Vol. 791, pp 168-191. 
54. Hoffman, R.; Capel, P.; Larson, S. Comparison of pesticides in eight US urban streams. 
Environ. Toxicol. Chem. 2000, 19 (9), 2249-2258. 
55. Rice, P.; McConnell, L.; Heighton, L.; Sadeghi, A.; Isensee, A.; Teasdale, J.; Abdul-Baki, 
A.; Harman-Fetcho, J.; Hapeman, C. Runoff loss of pesticides and soil: a comparison between 
vegetative mulch and plastic mulch in vegetable production systems. Journal of Environmental 
Quality 2001, 30 (5), 1808-1821. 
 106 
 
56. Weston, D.; Holmes, R.; Lydy, M. Residential runoff as a source of pyrethroid pesticides 
to urban creeks. Environmental Pollution 2009, 157 (1), 287-294. 
57. Brooks, B. W.; Huggett, D. B.; Boxall, A. Pharmaceuticals and personal care products: 
research needs for the next decade. Environ. Toxicol. Chem. 2009, 28 (12), 2469-2472. 
58. Rahman, M.; Yanful, E.; Jasim, S. Endocrine disrupting compounds (EDCs) and 
pharmaceuticals and personal care products (PPCPs) in the aquatic environment: implications for 
the drinking water industry and global environmental health. J. Water Health 2009, 7 (2), 224-243. 
59. Ferrey, M. L.; Lee, K. E.; Barber, L. B.; Writer, J. H.; Schoenfuss, H. L.; Martinovic, D. 
Wastewater treatment plant endocrine disrupting chemical monitoring study lrp-ei-1sy11; 
Minnesota Pollution Control Agency: St. Paul, MN, 2011; p 15. 
60. Veach, A. M.; Bernot, M. J. Temporal variation of pharmaceuticals in an urban and 
agriculturally influenced stream. Sci. Total Environ. 2011, 409 (21), 4553-4563. 
61. Bernot, M. J.; Smith, L.; Frey, J. Human and veterinary pharmaceutical abundance and 
transport in a rural central Indiana stream influenced by confined animal feeding operations 
(CAFOs). Sci. Total Environ. 2013, 445, 219-230. 
62. Musolff, A.; Leschik, S.; Moder, M.; Strauch, G.; Reinstorf, F.; Schirmer, M. Temporal and 
spatial patterns of micropollutants in urban receiving waters. Environ. Pollut. 2009, 157 (11), 
3069-3077. 
63. Carrara, C.; Ptacek, C.; Robertson, W.; Blowes, D.; Moncur, M.; Sverko, E.; Backus, S. 
Fate of pharmaceutical and trace organic compounds in three septic system plumes, Ontario, 
Canada. Environmental science & technology 2008, 42 (8), 2805-2811. 
64. Conn, K.; Barber, L.; Brown, G.; Siegrist, R. Occurrence and fate of organic contaminants 
during onsite wastewater treatment. Environ. Sci. Technol. 2006, 40 (23), 7358-7366. 
65. Swartz, C.; Reddy, S.; Benotti, M.; Yin, H.; Barber, L.; Brownawell, B.; Rudel, R. Steroid 
estrogens, nonylphenol ethoxylate metabolites, and other wastewater contaminants in 
groundwater affected by a residential septic system on Cape Cod, MA. Environ. Sci. Technol 
2006, 40 (16), 4894-4902. 
66. Goel, A.; McConnell, L.; Torrents, A. Wet deposition of current use pesticides at a rural 
location on the Delmarva Peninsula: Impact of rainfall patterns and agricultural activity. J. Agric. 
Food Chem 2005, 53 (20), 7915-7924. 
67. Barber, L. B.; Keefe, S. H.; Brown, G. K.; Furlong, E. T.; Gray, J. L.; Kolpin, D. W.; Meyer, 
M. T.; Sandstrom, M. W.; Zaugg, S. D. Persistence and potential effects of complex organic 
contaminant mixtures in wastewater-impacted streams. Environ. Sci. Technol. 2013, 47 (5), 2177-
2188. 
68. Writer, J. H.; Ryan, J. N.; Keefe, S. H.; Barber, L. B. Fate of 4-nonylphenol and 17β-
estradiol in the Redwood River of Minnesota. Environ. Sci. Technol. 2011, 46 (2), 860-868. 
69. Shala, L.; Foster, G. D. Surface water concentrations and loading budgets of 
pharmaceuticals and other domestic-use chemicals in an urban watershed (Washington, DC, 
USA). Arch. Environ. Contam. Toxicol. 2010, 58 (3), 551-561. 
70. Diamond, J. M.; Latimer, H. A.; Munkittrick, K. R.; Thornton, K. W.; Bartell, S. M.; Kidd, K. 
A. Prioritizing contaminants of emerging concern for ecological screening assessments. Environ. 
Toxicol. Chem. 2011, 30 (11), 2385-2394. 
71. Boxall, A. B. A. Fate of veterinary medicines in the environment. Chemistry 2004, 53 (6), 
2192-2201. 
72. Campagnolo, E. R.; Johnson, K. R.; Karpati, A.; Rubin, C. S.; Kolpin, D. W.; Meyer, M. T.; 
Esteban, J. E.; Currier, R. W.; Smith, K.; Thu, K. M. Antimicrobial residues in animal waste and 
water resources proximal to large-scale swine and poultry feeding operations. Sci. Total Environ. 
2002, 299 (1-3), 89-95. 
73. Kemper, N. Veterinary antibiotics in the aquatic and terrestrial environment. Ecol. 
Indicators 2008, 8 (1), 1-13. 
 107 
 
74. Radke, M.; Lauwigi, C.; Heinkele, G.; Mu rdter, T.; Letzel, M. Fate of the antibiotic 
sulfamethoxazole and its two major human metabolites in a water sediment test. Environ. Sci. 
Technol. 2009, 43 (9), 3135-3141. 
75. Lim, S. J.; Seo, C.-K.; Kim, T.-H.; Myung, S.-W. Occurrence and ecological hazard 
assessment of selected veterinary medicines in livestock wastewater treatment plants. Journal of 
Environmental Science and Health, Part B 2013, 48 (8), 658-670. 
76. Lintelmann, J.; Katayama, A.; Kurihara, N.; Shore, L.; Wenzel, A. Endocrine disruptors in 
the environment. Pure Appl. Chem 2003, 75 (5), 631-681. 
77. Monteiro, S.; Boxall, A. Occurrence and fate of human pharmaceuticals in the 
environment. Rev Environ Contam Toxicol 2010, 202, 53-154. 
78. Kümmerer, K. Pharmaceuticals in the Environment: Souces, Fate, Effects and Risks. 
Springer-Verlag (Heidelberg): Heidelberg, Germany, 2004; p 527. 
79. Jobling, S.; Nolan, M.; Tyler, C.; Brighty, G.; Sumpter, J. Widespread sexual disruption in 
wild fish. Environ. Sci. Technol. 1998, 32 (17), 2498-2506. 
80. Jobling, S.; Casey, D.; Rodgers-Gray, T.; Oehlmann, J.; Schulte-Oehlmann, U.; 
Pawlowski, S.; Baunbeck, T.; Turner, A.; Tyler, C. Comparative responses of molluscs and fish to 
environmental estrogens and an estrogenic effluent. Aquat. Toxicol. 2003, 65 (2), 205-220. 
81. Snyder, S. A.; Westerhoff, P.; Yoon, Y.; Sedlak, D. L. Pharmaceuticals, personal care 
products, and endocrine disruptors in water: implications for the water industry. Environmental 
Engineering Science 2003, 20 (5), 449-469. 
82. Damstra, T. Potential effects of certain persistent organic pollutants and endocrine 
disrupting chemicals on the health of children. Clin. Toxicol. 2002, 40 (4), 457-465. 
83. Halling-Sørensen, B. Algal toxicity of antibacterial agents used in intensive farming. 
Chemosphere 2000, 40 (7), 731-739. 
84. Chee-Sanford, J.; Mackie, R.; Koike, S.; Krapac, I.; Lin, Y.; Yannarell, A.; Maxwell, S.; 
Aminov, R. Fate and transport of antibiotic residues and antibiotic resistance genes following land 
application of manure waste. J Environ Qual 2009, 38 (3), 1086–1108. 
85. Schmitt, H.; Haapakangas, H.; van Beelen, P. Effects of antibiotics on soil 
microorganisms: time and nutrients influence pollution-induced community tolerance. Soil Biol. 
Biochem. 2005, 37 (10), 1882-1892. 
86. Sengeløv, G.; Agersø¸, Y.; Halling-Sørensen, B.; Baloda, S. B.; Andersen, J. S.; Jensen, 
L. B. Bacterial antibiotic resistance levels in Danish farmland as a result of treatment with pig 
manure slurry. Environ. Int. 2003, 28 (7), 587-595. 
87. Schmitt, H.; Stoob, K.; Hamscher, G.; Smit, E.; Seinen, W. Tetracyclines and tetracycline 
resistance in agricultural soils: microcosm and field studies. Microb. Ecol. 2006, 51 (3), 267-276. 
88. Richardson, B.; Lam, P.; Martin, M. Emerging chemicals of concern: pharmaceuticals and 
personal care products (PPCPs) in Asia, with particular reference to Southern China. Mar. Pollut. 
Bull. 2005, 50 (9), 913-920. 
89. Karnjanapiboonwong, A.; Morse, A. N.; Maul, J. D.; Anderson, T. A. Sorption of 
estrogens, triclosan, and caffeine in a sandy loam and a silt loam soil. J. Soils Sed. 2010, 10 (7), 
1300-1307. 
90. Segner, H.; Caroll, K.; Fenske, M.; Janssen, C.; Maack, G.; Pascoe, D.; Schäfers, C.; 
Vandenbergh, G.; Watts, M.; Wenzel, A. Identification of endocrine-disrupting effects in aquatic 
vertebrates and invertebrates: report from the European IDEA project. Ecotoxicol. Environ. Saf. 
2003, 54 (3), 302-314. 
91. Stuer-Lauridsen, F.; Kjølholt, J.; Høibye, L.; Hinge-Christensen, S.; Ingerslev, F.; Hansen, 
M.; Andersen Krogh, K.; Andersen, H.; Halling-Sørensen, B.; Hansen, N. Survey of estrogenic 
activity in the Danish aquatic environment; Environmental Project: Copenhagen, Denmark, 2005; 
p 170. 
92. Lange, I.; Daxenberger, A.; Schiffer, B.; Witters, H.; Ibarreta, D.; Meyer, H. Sex hormones 
originating from different livestock production systems: fate and potential disrupting activity in the 
environment. Anal. Chim. Acta 2002, 473 (1-2), 27-37. 
 108 
 
93. Ankley, G.; Brooks, B.; Huggett, D.; Sumpter, J. Repeating history: phmaceuticals in the 
environment. Environ. Sci. Technol. 2007, 41 (24), 8211-8217. 
94. Ardia, D.; Clotfelter, E. The novel application of an immunological technique reveals the 
immunosuppressive effect of phytoestrogens in Betta splendens. Journal of Fish Biology 2006, 68 
(A), 144-149. 
95. Mellanen, P.; Petanen, T.; Lehtimaki, J.; Makela, S.; Bylund, G.; Holmbom, B.; Mannila, 
E.; Oikari, A.; Santti, R. Wood-derived estrogens: studies in vitro with breast cancer cell lines and 
in vivo in trout. Toxicology and applied pharmacology 1996, 136 (2), 381-388. 
96. Zhang, L.; Khan, I.; Foran, C. Characterization of the estrogenic response to genistein in 
Japanese medaka (Oryzias latipes). Comparative Biochemistry and Physiology Part C: 
Toxicology & Pharmacology 2002, 132 (2), 203-211. 
97. Clotfelter, E.; Rodriguez, A. Behavioral changes in fish exposed to phytoestrogens. 
Environmental Pollution 2006, 144 (3), 833-839. 
98. Kidd, K. A.; Blanchfield, P. J.; Mills, K. H.; Palace, V. P.; Evans, R. E.; Lazorchak, J. M.; 
Flick, R. W. Collapse of a fish population after exposure to a synthetic estrogen. Proceedings of 
the National Academy of Sciences 2007, 104 (21), 8897-8901. 
99. Damstra, T.; Barlow, S.; Bergman, A.; Kavlock, R.; Van der Kraak, G. Global assessment 
of the state-of-the-science of endocrine disruptors; WHO/PCS/EDC/02.2; World Health 
Organization: 2002; p 132. 
100. Birnbaum, L. S.; Fenton, S. E. Cancer and developmental exposure to endocrine 
disruptors. Environ. Health Perspect. 2003, 111 (4), 389. 
101. Velicu, M.; Suri, R. Presence of steroid hormones and antibiotics in surface water of 
agricultural, suburban and mixed-use areas. Environ. Monit. Assess. 2009, 154 (1), 349-359. 
102. Sharpe, R. M.; Skakkebaek, N. E. Are oestrogens involved in falling sperm counts and 
disorders of the male reproductive tract? The Lancet 1993, 341 (8857), 1392-1396. 
103. Peak, N.; Knapp, C. W.; Yang, R. K.; Hanfelt, M. M.; Smith, M. S.; Aga, D. S.; Graham, 
D. W. Abundance of six tetracycline resistance genes in wastewater lagoons at cattle feedlots 
with different antibiotic use strategies. Environ. Microbiol. 2007, 9 (1), 143-151. 
104. Sapkota, A.; Curriero, F.; Gibson, K.; Schwab, K. Antibiotic-resistant enterococci and 
fecal indicators in surface water and groundwater impacted by a concentrated swine feeding 
operation. Environ. Health Perspect. 2007, 115 (7), 1040. 
105. Chen, J.; Michel, F. C.; Sreevatsan, S.; Morrison, M.; Yu, Z. Occurrence and persistence 
of erythromycin resistance genes (erm) and tetracycline resistance genes (tet) in waste treatment 
systems on swine farms. Microb. Ecol. 2010, 60 (3), 479-486. 
106. Liu, F.; Ying, G. G.; Tao, R.; Zhao, J. L.; Yang, J. F.; Zhao, L. F. Effects of six selected 
antibiotics on plant growth and soil microbial and enzymatic activities. Environ. Pollut. 2009, 157 
(5), 1636-1642. 
107. Samsøe-Petersen, L.; Winther-Nielsen, M.; Madsen, T. Fate and effects of triclosan; 861 
2003; Danish Environmental Protection Agency: Copenhagen, Denmark, 2003; p 45. 
108. Alavanja, M. C. R.; Hoppin, J. A.; Kamel, F. Health effects of chronic pesticide exposure: 
cancer and neurotoxicity. Annu. Rev. Public Health 2004, 25, 155-197. 
109. Kolpin, D. W.; Thurman, E. M.; Linhart, S. The environmental occurrence of herbicides: 
the importance of degradates in ground water. Arch. Environ. Contam. Toxicol. 1998, 35 (3), 385-
390. 
110. Gilliom, R.; Barbash, J.; Crawford, C.; Hamilton, P.; Martin, J.; Nakagaki, N.; Nowell, L.; 
Scott, J.; Stackelberg, P.; Thelin, G.; Wolock, D. Pesticides in the Nation's Streams and Ground 
Water, 1992-2001; Circular 1291; United States Geological Survey: Reston, VA, 2006; p 172. 
111. Stone, W. W.; Gilliom, R. J.; Martin, J. D. An overview comparing results from two 
decades of monitoring for pesticides in the Nation’s streams and Rrvers, 1992–2001 and 2002–
2011; SIR 2014–5154; U.S. Geological Survey: Reston, VA, 2014; p 23. 
112. Winchester, P.; Huskins, J.; Ying, J. Agrichemicals in surface water and birth defects in 
the United States. Acta Pædiatrica 2009, 98 (4), 664-669. 
 109 
 
113. Nikolaou, A.; Meric, S.; Fatta, D. Occurrence patterns of pharmaceuticals in water and 
wastewater environments. Anal. Bioanal. Chem. 2007, 387 (4), 1225-1234. 
114. Nikolai, L. N.; McClure, E. L.; MacLeod, S. L.; Wong, C. S. Stereoisomer quantification of 
the-blocker drugs atenolol, metoprolol, and propranolol in wastewaters by chiral high-
performance liquid chromatography-tandem mass spectrometry. J. Chromatogr. A 2006, 1131 (1-
2), 103-109. 
115. Wilson, C. J.; Richard, A.; Sanderson, H.; Johnson, D. J.; Bestari, K. T.; Sibley, P. K.; 
Solomon, K. R. Structural and functional responses of plankton to a mixture of four tetracyclines 
in aquatic microcosms. Environ. Sci. Technol. 2004, 38 (23), 6430-6439. 
116. Larson, R. A.; Weber, E. J. Reaction mechanisms in environmental organic chemistry. 
CRC press: 1994. 
117. Sanderson, H.; Ingerslev, F.; Brain, R. A.; Halling-Sørensen, B.; Bestari, J. K.; Wilson, C. 
J.; Johnson, D. J.; Solomon, K. R. Dissipation of oxytetracycline, chlortetracycline, tetracycline 
and doxycycline using HPLC-UV and LC/MS/MS under aquatic semi-field microcosm conditions. 
Chemosphere 2005, 60 (5), 619-629. 
118. Lunestad, B.; Samuelsen, O. B.; Fjelde, S.; Ervik, A. Photostability of eight antibacterial 
agents in seawater. Aquaculture 1995, 134 (3-4), 217-225. 
119. Lam, M. W.; Young, C. J.; Brain, R. A.; Johnson, D. J.; Hanson, M. A.; Wilson, C. J.; 
Richards, S. M.; Solomon, K. R.; Mabury, S. A. Aquatic persistence of eight pharmaceuticals in a 
microcosm study. Environ. Toxicol. Chem. 2004, 23 (6), 1431-1440. 
120. Kümmerer, K.; Al-Ahmad, A.; Mersch-Sundermann, V. Biodegradability of some 
antibiotics, elimination of the genotoxicity and affection of wastewater bacteria in a simple test. 
Chemosphere 2000, 40 (7), 701-710. 
121. Grady, C. Factors influencing biodegradation of synthetic organic chemicals in natural 
and engineered aquatic environments. Pure Appl. Chem. 1998, 70 (7), 1363-1373. 
122. Yang, K.; Zhu, L.; Lou, B.; Chen, B. Correlations of nonlinear sorption of organic solutes 
with soil/sediment physicochemical properties. Chemosphere 2005, 61 (1), 116-128. 
123. Karickhoff, S. W.; Brown, D. S.; Scott, T. A. Sorption of hydrophobic pollutants on natural 
sediments. Water Res. 1979, 13 (3), 241-248. 
124. Yamamoto, H.; Nakamura, Y.; Moriguchi, S.; Honda, Y.; Tamura, I.; Hirata, Y.; Hayashi, 
A.; Sekizawa, J. Persistence and partitioning of eight selected pharmaceuticals in the aquatic 
environment: Laboratory photolysis, biodegradation, and sorption experiments. Water Res. 2009, 
43 (2), 351-362. 
125. Antonic, J.; Heath, E. Determination of NSAIDs in river sediment samples. Anal. Bioanal. 
Chem. 2007, 387 (4), 1337-1342. 
126. Yamamoto, H.; Liljestrand, H. M.; Shimizu, Y.; Morita, M. Effects of physical-chemical 
characteristics on the sorption of selected endocrine disruptors by dissolved organic matter 
surrogates. Environ. Sci. Technol. 2003, 37 (12), 2646-2657. 
127. Linde, C. D. Physicochemical properties and environmental fate of pesticides; State of 
California Environmental Protection Agency: Sacramento, CA, 1994; p 53. 
128. Lin, A. Y. C.; Lin, C. A.; Chary, N. S. Potential for biodegradation and sorption of 
acetaminophen, caffeine, propranolol and acebutolol in lab-scale aqueous environments. J. 
Hazard. Mater. 2010, 180 (1-3), 242-250. 
129. Buerge, I. J.; Poiger, T.; Müller, M. D.; Buser, H.-R. Caffeine, an anthropogenic marker 
for wastewater contamination of surface waters. Environ. Sci. Technol. 2003, 37 (4), 691-700. 
130. Jacobs, L. E.; Weavers, L. K.; Houtz, E. F.; Chin, Y.-P. Photosensitized degradation of 
caffeine: role of fulvic acids and nitrate. Chemosphere 2012, 86 (2), 124-129. 
131. Calza, P.; Medana, C.; Sarro, M.; Baiocchi, C.; Minero, C. Photolytic degradation of N, N-
diethyl-m-toluamide in ice and water: implications in its environmental fate. J. Photochem. 
Photobiol. A: Chem. 2013, 271 (1), 99-104. 
 110 
 
132. Benitez, F. J.; Acero, J. L.; Real, F. J.; Roldan, G.; Rodriguez, E. Photolysis of model 
emerging contaminants in ultra-pure water: kinetics, by-products formation and degradation 
pathways. Water Res. 2013, 47 (2), 870-880. 
133. Alexy, R.; Kumpel, T.; Kummerer, K. Assessment of degradation of 18 antibiotics in the 
closed bottle test. Chemosphere 2004, 57 (6), 505-512. 
134. Huang, C.; Renew, J.; Smeby, K.; Pinkston, K.; Sedlak, D. Assessment of potential 
antibiotic contaminants in water and preliminary occurrence analysis. Water Resour. Update 
2001, 120, 30-40. 
135. Lam, M. W.; Mabury, S. A. Photodegradation of the pharmaceuticals atorvastatin, 
carbamazepine, levofloxacin, and sulfamethoxazole in natural waters. Aquatic Sciences-
Research Across Boundaries 2005, 67 (2), 177-188. 
136. Khan, S.; Roser, D.; Davies, C.; Peters, G.; Stuetz, R.; Tucker, R.; Ashbolt, N. Chemical 
contaminants in feedlot wastes: concentrations, effects and attenuation. Environ. Int. 2008, 34 
(6), 839-859. 
137. Snow, D.; Bartelt-Hunt, S.; Brown, D.; Sangster, J.; Cassada, D. Detection, occurrence 
and fate of pharmaceuticals and steroid hormones in agricultural environments. Water Environ. 
Res 2010, 82 (10), 869-882. 
138. Teske, S. S.; Arnold, R. G. Removal of natural and xeno-estrogens during conventional 
wastewater treatment. Reviews in Environmental Science and Biotechnology 2008, 7 (2), 107-
124. 
139. Sarmah, A.; Meyer, M.; Boxall, A. A global perspective on the use, sales, exposure 
pathways, occurrence, fate and effects of veterinary antibiotics (VAs) in the environment. 
Chemosphere 2006, 65 (5), 725-759. 
140. Kümmerer, K.; Henninger, A. Promoting resistance by the emission of antibiotics from 
hospitals and households into effluent. Clin. Microbiol. Infect. 2003, 9 (12), 1203-1214. 
141. Combalbert, S.; Hernandez-Raquet, G. Occurrence, fate, and biodegradation of 
estrogens in sewage and manure. Appl. Microbiol. Biotechnol. 2010, 86 (6), 1671-1692. 
142. Topp, E.; Metcalfe, C.; Boxall, A.; Lapen, D. Transport of PPCPs and veterinary 
medicines from agricultural fields following application of biosolids or manure. In ACS Symp. Ser., 
Americal Chemical Society: Washington, D.C. , 2010; Vol. 1048, pp 227-240. 
143. Morthorst, J. E.; Holbech, H.; Bjerregaard, P. Trenbolone causes irreversible 
masculinization of zebrafish at environmentally relevant concentrations. Aquat. Toxicol. 2010, 98 
(4), 336-343. 
144. Benotti, M.; Trenholm, R.; Vanderford, B.; Holady, J.; Stanford, B.; Snyder, S. 
Pharmaceuticals and endocrine disrupting compounds in US drinking water. Environ. Sci. 
Technol. 2009, 43 (3), 597-603. 
145. Yang, S.; Cha, J.; Carlson, K. Trace analysis and occurrence of anhydroerythromycin 
and tylosin in influent and effluent wastewater by liquid chromatography combined with 
electrospray tandem mass spectrometry. Anal. Bioanal. Chem. 2006, 385 (3), 623-636. 
146. Watkinson, A.; Murby, E.; Kolpin, D.; Costanzo, S. The occurrence of antibiotics in an 
urban watershed: From wastewater to drinking water. Sci. Total Environ. 2009, 407 (8), 2711-
2723. 
147. Kim, J.; Yoon, S.; Lee, S.; Narumiya, M.; Nakada, N.; Han, I.; Tanaka, H. Occurrence and 
fate of PPCPs wastewater treatment plants in Korea, In 2nd International Conference on 
Environment and Industrial Innovation, Singapore, 2012; pp 57-61. 
148. Pedersen, J. A.; Soliman, M.; §, I. S. Human pharmaceuticals, hormones, and personal 
care product ingredients in runoff from agricultural fields irrigated with treated wastewater. J. 
Agric. Food. Chem. 2005, 53 (5), 1625-1632. 
149. Song, W.; Dying, Y.; Chiou, C.; Li, H. Selected veterinary pharmaceuticals in agricultural 
water and soil from land application of animal manure. J Environ Qual 2010, 39 (4), 1211-1217. 
 111 
 
150. Pruden, A.; Shore, L. Enviromental Impact and Risk of CAFOs. In Hormones and 
Pharmaceuticals Generated by Concentrated Animal Feeding Operations, Springer US: 2009; pp 
125-135. 
151. Osorio, V.; Marcé, R.; Pérez, S.; Ginebreda, A.; Cortina, J. L.; Barceló, D. Occurrence 
and modeling of pharmaceuticals on a sewage-impacted Mediterranean river and their dynamics 
under different hydrological conditions. Sci. Total Environ. 2012, 440, 3-13. 
152. Tran, N. H.; Li, J.; Hu, J.; Ong, S. L. Occurrence and suitability of pharmaceuticals and 
personal care products as molecular markers for raw wastewater contamination in surface water 
and groundwater. Environmental Science and Pollution Research 2013, 21 (6), 4727-4740. 
153. Adams, C.; Wang, Y.; Loftin, K.; Meyer, M. Removal of antibiotics from surface and 
distilled water in conventional water treatment processes. J. Environ. Eng. 2002, 128, 253. 
154. Pollack, K.; Balazs, K.; Ogunseitan, O. Proteomic assessment of caffeine effects on coral 
symbionts. Environ. Sci. Technol. 2009, 43 (6), 2085-2091. 
155. del Rey, Z. R.; Granek, E. F.; Buckley, B. A. Expression of HSP70 in Mytilus californianus 
following exposure to caffeine. Ecotoxicology 2011, 20 (4), 855-861. 
156. Kim, Y.; Choi, K.; Jung, J.; Park, S.; Kim, P.; Park, J. Aquatic toxicity of acetaminophen, 
carbamazepine, cimetidine, diltiazem and six major sulfonamides, and their potential ecological 
risks in Korea. Environ. Int. 2007, 33 (3), 370-375. 
157. Aronson, D.; Weeks, J.; Meylan, B.; Guiney, P. D.; Howard, P. H. Environmental release, 
environmental concentrations, and ecological risk of N,N-Diethyl-meta-toluamide (DEET). Integr. 
Environ. Assess. Manage. 2012, 8 (1), 135-166. 
158. Moore, M.; Greenway, S.; Farris, J.; Guerra, B. Assessing caffeine as an emerging 
environmental concern using conventional approaches. Arch. Environ. Contam. Toxicol. 2008, 54 
(1), 31-35. 
159. Erbs, M.; Hoerger, C.; Hartmann, N.; Bucheli, T. Quantification of six phytoestrogens at 
the nanogram per liter level in aqueous environmental samples using 13C3-labeled internal 
standards. J. Agric. Food. Chem. 2007, 55 (21), 8339-8345. 
160. Bacaloni, A.; Cavaliere, C.; Faberi, A.; Foglia, P.; Samperi, R.; Lagan, A. Determination 
of isoflavones and coumestrol in river water and domestic wastewater sewage treatment plants. 
Anal. Chim. Acta 2005, 531 (2), 229-237. 
161. Lundgren, M.; Novak, P. Quantification of phytoestrogens in industrial waste streams. 
Environ. Toxicol. Chem. 2009, 28 (11), 2318-2323. 
162. Kolpin, D.; Hoerger, C.; Meyer, M.; Wettstein, F.; Hubbard, L.; Bucheli, T. Phytoestrogens 
and mycotoxins in Iowa streams: an examination of underinvestigated compounds in agricultural 
basins. J Environ Qual 2010, 39 (6), 2089-2099. 
163. Jarošová, B.; Javůrek, J.; Adamovský, O.; Hilscherová, K. Phytoestrogens and 
mycoestrogens in surface waters—Their sources, occurrence, and potential contribution to 
estrogenic activity. Environ. Int. 2015, 81, 26-44. 
164. Kuster, M.; Díaz-Cruz, S.; Rosell, M.; López de Alda, M.; Barceló, D. Fate of selected 
pesticides, estrogens, progestogens and volatile organic compounds during artificial aquifer 
recharge using surface waters. Chemosphere 2010, 79 (8), 880-886. 
165. VanRyswyk, B.; Tollefson, D. Minnesota national lakes assessment project: Pesticides in 
Minnesota lakes Minnesota Department Of Agriculture: St. Paul, MN, 2008; p 14. 
166. Kolpin, D. W.; Skopec, M.; Meyer, M. T.; Furlong, E. T.; Zaugg, S. D. Urban contribution 
of pharmaceuticals and other organic wastewater contaminants to streams during differing flow 
conditions. Sci. Total Environ. 2004, 328 (1), 119-130. 
167. Kodes, V.; Grabic, R. Pesticide monitoring in surface water and groundwater using 
passive samplers, In EGU General Assembly Conference Abstracts, Vienna, Austria, EGU 
General Assembly: Vienna, Austria, 2009; p 3797. 
168. Capel, P. D.; Lin, M.; Wotzka, P. J. Wet atmospheric deposition of pesticides in 
Minnesota, 1989-94; 97-4026; U.S. Geological Survey: Mounds View, Minnesota, 1998; p 25. 
 112 
 
169. Rice, P. J.; Anderson, T. A.; Coats, J. R. Effect of sediment on the fate of metolachlor 
and atrazine in surface water. Environ. Toxicol. Chem. 2004, 23 (5), 1145-1155. 
170. Xu, J.; Yang, M.; Dai, J.; Cao, H.; Pan, C.; Qiu, X.; Xu, M. Degradation of acetochlor by 
four microbial communities. Bioresour. Technol. 2008, 99 (16), 7797-7802. 
171. Gillespie, W. E.; Czapar, G. F.; Hager, A. G. Pesticide fate in the environment: a guide for 
field inspectors; 2011-07; University of Illinois at Urbana-Champaign: Champaign, Illinois, 2011; p 
17. 
172. Malherbe, W.; Van Vuren, J.; Wepener, V. Preliminary risk assessment of common-use 
pesticides using PRIMET and PERPEST pesticide risk models in a semi-arid subtropical region. 
Water SA 2013, 39 (5), 599-610. 
173. Brezonik, P. L.; Fulkerson-Brekken, J. Nitrate-induced photolysis in natural waters: 
controls on concentrations of hydroxyl radical photo-intermediates by natural scavenging agents. 
Environ. Sci. Technol. 1998, 32 (19), 3004-3010. 
174. Solomon, K. R.; Baker, D. B.; Richards, R. P.; Dixon, K. R.; Klaine, S. J.; La Point, T. W.; 
Kendall, R. J.; Weisskopf, C. P.; Giddings, J. M.; Giesy, J. P. Ecological risk assessment of 
atrazine in North American surface waters. Environ. Toxicol. Chem. 1996, 15 (1), 31-76. 
175. Sellin, M.; Snow, D.; Schwarz, M.; Carter, B.; Kolok, A. Agrichemicals in Nebraska, USA, 
watersheds: occurrence and endocrine effects. Environ. Toxicol. Chem. 2009, 28 (11), 2443-
2448. 
176. Belden, J.; Gilliom, R.; Martin, J.; Lydy, M. Relative toxicity and occurrence patterns of 
pesticide mixtures in streams draining agricultural watersheds dominated by corn and soybean 
production. Integr. Environ. Assess. Manage. 2007, 3 (1), 90-100. 
177. Alvarez, D.; Cranor, W.; Perkins, S.; Clark, R.; Smith, S. Chemical and toxicologic 
assessment of organic contaminants in surface water using passive samplers. J Environ Qual 
2008, 37 (3), 1024-1033. 
178. Haith, D. A.; Duffany, M. W. Pesticide runoff loads from lawns and golf courses. J. 
Environ. Eng. 2007, 133 (4), 435-446. 
179. Strömqvist, J.; Jarvis, N. Sorption, degradation and leaching of the fungicide iprodione in 
a golf green under Scandinavian conditions: measurements, modelling and risk assessment. Pest 
Manage. Sci. 2005, 61 (12), 1168-1178. 
180. Radke, M.; Ulrich, H.; Wurm, C.; Kunkel, U. Dynamics and attenuation of acidic 
pharmaceuticals along a river stretch. Environ. Sci. Technol. 2010, 44 (8), 2968-2974. 
181. Liu, H.; Zhang, G.; Liu, C. Q.; Li, L.; Xiang, M. The occurrence of chloramphenicol and 
tetracyclines in municipal sewage and the Nanming River, Guiyang City, China. J. Environ. Monit. 
2009, 11 (6), 1199-1205. 
182. Ort, C.; Lawrence, M. G.; Rieckermann, J.; Joss, A. Sampling for pharmaceuticals and 
personal care products (PPCPs) and illicit drugs in wastewater systems: are your conclusions 
valid? a critical review. Environ. Sci. Technol. 2010, 44 (16), 26024-6035. 
183. Johnson, A. C. Natural variations in flow are critical in determining concentrations of point 
source contaminants in rivers: an estrogen example. Environ. Sci. Technol. 2010, 44 (20), 7865-
7870. 
184. Alvarez, D.; Perkins, S.; Nilsen, E.; Morace, J. Spatial and temporal trends in occurrence 
of emerging and legacy contaminants in the Lower Columbia River 2008–2010. Sci. Total 
Environ. 2014, 484, 322-330. 
185. Vidal‐Dorsch, D. E.; Bay, S. M.; Maruya, K.; Snyder, S. A.; Trenholm, R. A.; Vanderford, 
B. J. Contaminants of emerging concern in municipal wastewater effluents and marine receiving 
water. Environ. Toxicol. Chem. 2012, 31 (12), 2674-2682. 
186. Boxall, A.; Kolpin, D.; Halling-Sørensen, B.; Tolls, J. Peer reviewed: are veterinary 
medicines causing environmental risks? Environ. Sci. Technol. 2003, 37 (15), 286-294. 
187. Tamtam, F.; Mercier, F.; Le Bot, B.; Eurin, J.; Tuc Dinh, Q.; Clement, M.; Chevreuil, M. 
Occurrence and fate of antibiotics in the Seine River in various hydrological conditions. Sci. Total 
Environ. 2008, 393 (1), 84-95. 
 113 
 
188. Yang, J. F.; Ying, G. G.; Zhao, J. L.; Tao, R.; Su, H. C.; Chen, F. Simultaneous 
determination of four classes of antibiotics in sediments of the Pearl Rivers using RRLC-MS/MS. 
Sci. Total Environ. 2010, 408 (16), 3424-3432. 
189. Conley, J.; Symes, S.; Schorr, M.; Richards, S. Spatial and temporal analysis of 
pharmaceutical concentrations in the upper Tennessee River basin. Chemosphere 2008, 73 (8), 
1178-1187. 
190. Bergman, Å.; Heindel, J. J.; Jobling, S.; Kidd, K. A.; Zoeller, R. T. Endocrine Disrupting 
Chemicals 2012; United Nations Environment Programme and the World Health Organization: 
Geneva, Switzerland, 2013; p 296. 
191. Crews, D.; Willingham, E.; Skipper, J. K. Endocrine disruptors: present issues, future 
directions. The Quarterly review of biology 2000, 75 (3), 243-260. 
192. Esplugas, S.; Bila, D. M.; Krause, L. G. T.; Dezotti, M. Ozonation and advanced oxidation 
technologies to remove endocrine disrupting chemicals (EDCs) and pharmaceuticals and 
personal care products (PPCPs) in water effluents. J. Hazard. Mater. 2007, 149 (3), 631-642. 
193. Yan, S.; Subramanian, S. B.; Tyagi, R.; Surampalli, R. Y.; Zhang, T. C. Emerging 
contaminants of environmental concern: source, transport, fate, and treatment. Pract. Periodical 
Hazard., Toxic, Radioact. Waste Manage. 2010, 14 (1), 2-20. 
194. Joss, A.; Andersen, H.; Ternes, T.; Richle, P. R.; Siegrist, H. Removal of estrogens in 
municipal wastewater treatment under aerobic and anaerobic conditions: consequences for plant 
optimization. Environ. Sci. Technol. 2004, 38 (11), 3047-3055. 
195. Petrovic, M.; Gonzalez, S.; Barceló, D. Analysis and removal of emerging contaminants 
in wastewater and drinking water. TrAC, Trends Anal. Chem. 2003, 22 (10), 685-696. 
196. Auriol, M.; Filali-Meknassi, Y.; Tyagi, R. D.; Adams, C. D.; Surampalli, R. Y. Endocrine 
disrupting compounds removal from wastewater, a new challenge. Process Biochem. 2006, 41 
(3), 525-539. 
197. Sengupta, A.; Lyons, J. M.; Smith, D. J.; Drewes, J. E.; Snyder, S. A.; Heil, A.; Maruya, K. 
A. The occurrence and fate of chemicals of emerging concern in coastal urban rivers receiving 
discharge of treated municipal wastewater effluent. Environ. Toxicol. Chem. 2014, 33 (2), 350-
358. 
198. Barber, L.; Murphy, S.; Verplanck, P.; Sandstrom, M.; Taylor, H.; Furlong, E. Chemical 
loading into surface water along a hydrological, biogeochemical, and land use gradient: a holistic 
watershed approach. Environ. Sci. Technol. 2006, 40 (2), 475-486. 
199. Ying, G. G.; Kookana, R. S.; Kumar, A.; Mortimer, M. Occurrence and implications of 
estrogens and xenoestrogens in sewage effluents and receiving waters from South East 
Queensland. Sci. Total Environ. 2009, 407 (18), 5147-5155. 
200. Ying, G. G.; Kookana, R. S.; Kumar, A. Fate of estrogens and xenoestrogens in four 
sewage treatment plants with different technologies. Environ. Toxicol. Chem. 2008, 27 (1), 87-94. 
201. Wittmer, I.; Bader, H.; Scheidegger, R.; Singer, H.; Lück, A.; Hanke, I.; Carlsson, C.; 
Stamm, C. Significance of urban and agricultural land use for biocide and pesticide dynamics in 
surface waters. Water Res. 44 (9), 2850-2862. 
202. Struger, J.; Fletcher, T. Occurrence of lawn care and agricultural pesticides in the Don 
River and Humber River watersheds (1998-2002). J. Great Lakes Res. 2007, 33 (4), 887-905. 
203. Hutchins, S.; White, M.; Hudson, F.; Fine, D. Analysis of lagoon samples from different 
concentrated animal feeding operations for estrogens and estrogen conjugates. Environ. Sci. 
Technol. 2007, 41 (3), 738-744. 
204. Zhang, D.; Lin, L.; Luo, Z.; Yan, C.; Zhang, X. Occurrence of selected antibiotics in 
Jiulongjiang River in various seasons, South China. J. Environ. Monit. 2011, 13 (7), 1953-1960. 
205. Lissemore, L.; Hao, C.; Yang, P.; Sibley, P.; Mabury, S.; Solomon, K. An exposure 
assessment for selected pharmaceuticals within a watershed in Southern Ontario. Chemosphere 
2006, 64 (5), 717-729. 
206. Yang, S.; Carlson, K. Evolution of antibiotic occurrence in a river through pristine, urban 
and agricultural landscapes. Water Res. 2003, 37 (19), 4645-4656. 
 114 
 
207. Arikan, O.; Rice, C.; Codling, E. Occurrence of antibiotics and hormones in a major 
agricultural watershed. Desalination 2008, 226 (1-3), 121-133. 
208. Nakada, N.; Kiri, K.; Shinohara, H.; Harada, A.; Kuroda, K.; Takizawa, S.; Takada, H. 
Evaluation of pharmaceuticals and personal care products as water-soluble molecular markers of 
sewage. Environ. Sci. Technol. 2008, 42 (17), 6347-6353. 
209. Buerge, I. J.; Buser, H. R.; Kahle, M.; Mu ller, M. D.; Poiger, T. Ubiquitous occurrence of 
the artificial sweetener acesulfame in the aquatic environment: an ideal chemical marker of 
domestic wastewater in groundwater. Environ. Sci. Technol. 2009, 43 (12), 4381-4385. 
210. Glassmeyer, S. T.; Furlong, E. T.; Kolpin, D. W.; Cahill, J. D.; Zaugg, S. D.; Werner, S. L.; 
Meyer, M. T.; Kryak, D. D. Transport of chemical and microbial compounds from known 
wastewater discharges: potential for use as indicators of human fecal contamination. Environ. 
Sci. Technol. 2005, 39 (14), 5157-5169. 
211. Takada, H.; Eganhouse, R. Molecular markers of anthropogenic waste. In Encyclopedia 
of environmental analysis and remediation. New York: John Wiley, Meyers, R. A., Ed. Wiley: 
Hoboken, NJ, 1998; Vol. 5, pp 2883-2940. 
212. Scheurer, M.; Storck, F. R.; Graf, C.; Brauch, H. J.; Ruck, W.; Lev, O.; Lange, F. T. 
Correlation of six anthropogenic markers in wastewater, surface water, bank filtrate, and soil 
aquifer treatment. J. Environ. Monit. 2011, 13 (4), 966-973. 
213. Buerge, I. J.; Poiger, T.; Müller, M. D.; Buser, H. R. Combined sewer overflows to surface 
waters detected by the anthropogenic marker caffeine. Environ. Sci. Technol. 2006, 40 (13), 
4096-4102. 
214. Poiger, T.; Field, J. A.; Field, T. M.; Siegrist, H.; Giger, W. Behavior of fluorescent 
whitening agents during sewage treatment. Water Res. 1998, 32 (6), 1939-1947. 
215. Buerge, I. J.; Buser, H. R.; Müller, M. D.; Poiger, T. Behavior of the polycyclic musks 
HHCB and AHTN in lakes, two potential anthropogenic markers for domestic wastewater in 
surface waters. Environ. Sci. Technol. 2003, 37 (24), 5636-5644. 
216. Buerge, I. J.; Keller, M.; Buser, H. R.; Mu ller, M. D.; Poiger, T. Saccharin and other 
artificial sweeteners in soils: estimated inputs from agriculture and households, degradation, and 
leaching to groundwater. Environ. Sci. Technol. 2011, 45 (2), 615-621. 
217. Löffler, D.; Römbke, J.; Meller, M.; Ternes, T. A. Environmental fate of pharmaceuticals in 
water/sediment systems. Environ. Sci. Technol. 2005, 39 (14), 5209-5218. 
218. Vieno, N. M.; Tuhkanen, T.; Kronberg, L. Seasonal variation in the occurrence of 
pharmaceuticals in effluents from a sewage treatment plant and in the recipient water. Environ. 
Sci. Technol. 2005, 39 (21), 8220-8226. 
219. Vieno, N. M.; Härkki, H.; Tuhkanen, T.; Kronberg, L. Occurrence of pharmaceuticals in 
river water and their elimination in a pilot-scale drinking water treatment plant. Environ. Sci. 
Technol. 2007, 41 (14), 5077-5084. 
220. Standley, L. J.; Kaplan, L. A.; Smith, D. Molecular tracers of organic matter sources to 
surface water resources. Environ. Sci. Technol. 2000, 34 (15), 3124-3130. 
221. Kim, S.; Carlson, K. Occurrence of ionophore antibiotics in water and sediments of a 
mixed-landscape watershed. Water Res. 2006, 40 (13), 2549-2560. 
222. Benotti, M. J.; Brownawell, B. J. Distributions of pharmaceuticals in an urban estuary 
during both dry-and wet-weather conditions. Environ. Sci. Technol. 2007, 41 (16), 5795-5802. 
223. Roslev, P.; Bukh, A. S. State of the art molecular markers for fecal pollution source 
tracking in water. Appl. Microbiol. Biotechnol. 2011, 89 (5), 1341-1355. 
224. Dougherty, J.; Swarzenski, P.; Dinicola, R.; Reinhard, M. Occurrence of herbicides and 
pharmaceutical and personal care products in surface water and groundwater around Liberty 
Bay, Puget Sound, Washington. J Environ Qual 2010, 39 (4), 1173-1180. 
225. Swartz, C.; Reddy, S.; Benotti, M.; Yin, H.; Barber, L.; Brownawell, B.; Rudel, R. Steroid 
estrogens, nonylphenol ethoxylate metabolites, and other wastewater contaminants in 
groundwater affected by a residential septic system on Cape Cod, MA. Environ. Sci. Technol. 
2006, 40 (16), 4894-4902. 
 115 
 
226. Carrara, C.; Ptacek, C.; Robertson, W.; Blowes, D.; Moncur, M.; Sverko, E.; Backus, S. 
Fate of pharmaceutical and trace organic compounds in three septic system plumes, Ontario, 
Canada. Environ. Sci. Technol. 2008, 42 (8), 2805-2811. 
227. Page, D.; Miotliński, K.; Gonzalez, D.; Barry, K.; Dillon, P.; Gallen, C. Environmental 
monitoring of selected pesticides and organic chemicals in urban stormwater recycling systems 
using passive sampling techniques. J. Contam. Hydrol. 2014, 158, 65-77. 
228. Sauvé, S.; Aboulfadl, K.; Dorner, S.; Payment, P.; Deschamps, G.; Prévost, M. Fecal 
coliforms, caffeine and carbamazepine in stormwater collection systems in a large urban area. 
Chemosphere 2012, 86 (2), 118-123. 
229. Sim, W.-J.; Lee, J.-W.; Lee, E.-S.; Shin, S.-K.; Hwang, S.-R.; Oh, J.-E. Occurrence and 
distribution of pharmaceuticals in wastewater from households, livestock farms, hospitals and 
pharmaceutical manufactures. Chemosphere 2011, 82 (2), 179-186. 
230. Benson, V. S.; VanLeeuwen, J. A.; Sanchez, J.; Dohoo, I. R.; Somers, G. H. Spatial 
analysis of land use impact on ground water nitrate concentrations. J. Environ. Qual 2006, 35, 
421-432. 
231. Dauer, D. M.; Ranasinghe, J. A.; Weisberg, S. B. Relationships between benthic 
community condition, water quality, sediment quality, nutrient loads, and land use patterns in 
Chesapeake Bay. Estuar Coasts 2000, 23 (1), 80-96. 
232. Kim, S.; Carlson, K. Temporal and spatial trends in the occurrence of human and 
veterinary antibiotics in aqueous and river sediment matrices. Environ. Sci. Technol. 2007, 41 (1), 
50-57. 
233. Hua, W.; Bennett, E.; Maio, X.; Metcalfe, C.; Letcher, R. Seasonality effects on 
pharmaceuticals and s triazine herbicides in wastewater effluent and surface water from the 
Canadian side of the upper Detroit River. Environ. Toxicol. Chem. 2006, 25 (9), 2356-2365. 
234. Brown, J. B.; Battaglin, W. A.; Zuellig, R. E. Lagrangian sampling for emerging 
contaminants through an urban stream corridor in Colorado. JAWRA Journal of the American 
Water Resources Association 2009, 45 (1), 68-82. 
235. Sandstrom, M. W.; Kolpin, D. W.; Thurman, E. M.; Zaugg, S. D. Widespread detection of 
N, N‐diethyl‐m‐toluamide in US Streams: Comparison with concentrations of pesticides, personal 
care products, and other organic wastewater compounds. Environ. Toxicol. Chem. 2005, 24 (5), 
1029-1034. 
236. Massey, L.; Haggard, B.; Galloway, J.; Loftin, K.; Meyer, M.; Green, W. Antibiotic fate and 
transport in three effluent-dominated Ozark streams. Ecol. Eng. 2010, 36 (7), 930–938. 
237. Rose, P. E.; Pedersen, J. A. Fate of oxytetracycline in streams receiving aquaculture 
discharges: model simulations. Environ. Toxicol. Chem. 2005, 24 (1), 40-50. 
238. Gómez, M. J.; Herrera, S.; Solé, D.; García-Calvo, E.; Fernández-Alba, A. R. Spatio-
temporal evaluation of organic contaminants and their transformation products along a river basin 
affected by urban, agricultural and industrial pollution. Sci. Total Environ. 2012, 420, 134-145. 
239. Vryzas, Z.; Vassiliou, G.; Alexoudis, C.; Papadopoulou-Mourkidou, E. Spatial and 
temporal distribution of pesticide residues in surface waters in northeastern Greece. Water Res. 
2009, 43 (1), 1-10. 
240. Sabaliunas, D.; Webb, S. F.; Hauk, A.; Jacob, M.; Eckhoff, W. S. Environmental fate of 
triclosan in the River Aire Basin, UK. Water Res. 2003, 37 (13), 3145-3154. 
241. Morrall, D.; McAvoy, D.; Schatowitz, B.; Inauen, J.; Jacob, M.; Hauk, A.; Eckhoff, W. A 
field study of triclosan loss rates in river water (Cibolo Creek, TX). Chemosphere 2004, 54 (5), 
653-660. 
242. Karickhoff, S. W. Organic pollutant sorption in aquatic systems. Journal of Hydraulic 
Engineering 1984, 110 (6), 707-735. 
243. Wang, L.; Ying, G. G.; Zhao, J. L.; Liu, S.; Yang, B.; Zhou, L. J.; Tao, R.; Su, H. C. 
Assessing estrogenic activity in surface water and sediment of the Liao River system in northeast 
China using combined chemical and biological tools. Environ. Pollut. 2011, 159 (1), 148-156. 
 116 
 
244. Dussault, È. B.; Balakrishnan, V. K.; Sverko, K. R. S.; Sibley, P. K. Toxicity of human 
pharmaceuticals and personal care products to benthic invertebrates. Environ. Toxicol. Chem. 
2008, 27 (2), 425-432. 
245. Magnusson, M.; Heimann, K.; Ridd, M.; Negri, A. P. Pesticide contamination and 
phytotoxicity of sediment interstitial water to tropical benthic microalgae. Water Res. 2013, 47 
(14), 5211-5221. 
246. MacKay, A. A.; Vasudevan, D. Polyfunctional ionogenic compound sorption: challenges 
and new approaches to advance predictive models. Environ. Sci. Technol. 2012, 46 (17), 9209-
9223. 
247. Doucette, W. J. Soil and sediment sorption coefficients. In Handbook of Property 
Estimation Methods for Chemicals: Environmental and Health Sciences, Mackay, D.; Boethling, 
R. S., Eds. CRC Press LLC: Boca Raton, Florida, 2000; pp 141-188. 
248. Huang, W.; Peng, P. a.; Yu, Z.; Fu, J. Effects of organic matter heterogeneity on sorption 
and desorption of organic contaminants by soils and sediments. Appl. Geochem. 2003, 18 (7), 
955-972. 
249. Figueroa-Diva, R. A.; Vasudevan, D.; MacKay, A. A. Trends in soil sorption coefficients 
within common antimicrobial families. Chemosphere 2010, 79 (8), 786-793. 
250. Drillia, P.; Stamatelatou, K.; Lyberatos, G. Fate and mobility of pharmaceuticals in solid 
matrices. Chemosphere 2005, 60 (8), 1034-1044. 
251. Gao, J.; Pedersen, J. A. Adsorption of sulfonamide antimicrobial agents to clay minerals. 
Environ. Sci. Technol. 2005, 39 (24), 9509-9516. 
252. Sheng, G.; Johnston, C. T.; Teppen, B. J.; Boyd, S. A. Potential contributions of smectite 
clays and organic matter to pesticide retention in soils. J. Agric. Food. Chem. 2001, 49 (6), 2899-
2907. 
253. Lai, K.; Johnson, K.; Scrimshaw, M.; Lester, J. Binding of waterborne steroid estrogens to 
solid phases in river and estuarine systems. Environ. Sci. Technol. 2000, 34 (18), 3890-3894. 
254. Kinney, C. A.; Furlong, E. T.; Zaugg, S. D.; Burkhardt, M. R.; Werner, S. L.; Cahill, J. D.; 
Jorgensen, G. R. Survey of organic wastewater contaminants in biosolids destined for land 
application. Environ. Sci. Technol. 2006, 40 (23), 7207-7215. 
255. Scheytt, T.; Mersmann, P.; Lindstadt, R.; Heberer, T. Determination of sorption 
coefficients of pharmaceutically active substances carbamazepine, diclofenac, and ibuprofen, in 
sandy sediments. Chemosphere 2005, 60 (2), 245-253. 
256. Yamamoto, H.; Hayashi, A.; Nakamura, Y.; Sekizawa, J. Fate and partitioning of selected 
pharmaceuticals in aquatic environment. Environ Sci 2005, 12 (6), 347-358. 
257. Nguyen, T. H.; Goss, K.-U.; Ball, W. P. Polyparameter linear free energy relationships for 
estimating the equilibrium partition of organic compounds between water and the natural organic 
matter in soils and sediments. Environ. Sci. Technol. 2005, 39 (4), 913-924. 
258. Davis, J.; Truman, C.; Kim, S.; Ascough, J.; Carlson, K. Antibiotic transport via runoff and 
soil loss. J Environ Qual 2006, 35 (6), 2250-2260. 
259. Lei, B.; Huang, S.; Zhou, Y.; Wang, D.; Wang, Z. Levels of six estrogens in water and 
sediment from three rivers in Tianjin area, China. Chemosphere 2009, 76 (1), 36-42. 
260. Maity, N.; Payne, G. F.; Ernest Jr, M. V.; Albright, R. L. Caffeine adsorption from aqueous 
solutions onto polymeric sorbents: the effect of surface chemistry on the adsorptive affinity and 
adsorption enthalpy. Reactive Polymers 1992, 17 (3), 273-287. 
261. Schenzel, J.; Goss, K.-U.; Schwarzenbach, R.; Bucheli, T.; Droge, S. Experimentally 
determined soil organic matter−water sorption coefficients for different classes of natural toxins 
and comparison with estimated numbers. Environ. Sci. Technol. 2012, 46 (11), 6118-6126. 
262. Gao, J.; Maguhn, J.; Spitzauer, P.; Kettrup, A. Sorption of pesticides in the sediment of 
the Teufelsweiher pond (Southern Germany). I: Equilibrium assessments, effect of organic 
carbon content and pH. Water Res. 1998, 32 (5), 1662-1672. 
 117 
 
263. Krutz, L. J.; Senseman, S. A.; McInnes, K. J.; Zuberer, D. A.; Tierney, D. P. Adsorption 
and desorption of atrazine, desethylatrazine, deisopropylatrazine, and hydroxyatrazine in 
vegetated filter strip and cultivated soil. J. Agric. Food. Chem. 2003, 51 (25), 7379-7384. 
264. Wauchope, R.; Myers, R. Adsorption-desorption kinetics of atrazine and linuron in 
freshwater-sediment aqueous slurries. J Environ Qual 1985, 14 (1), 132-136. 
265. Figueroa, R. A.; Leonard, A.; MacKay, A. A. Modeling tetracycline antibiotic sorption to 
clays. Environ. Sci. Technol. 2004, 38 (2), 476-483. 
266. Smaraweera, M.; Jolin, W.; Vasudevan, D.; MacKay, A. A.; Gascón, J. A. Atomistic 
prediction of sorption free energies of cationic aromatic amines on montmorillonite: a linear 
interaction energy method. Environmental Science and Technology Letters 2014, 1 (6), 284-289. 
267. Doll, T.; Frimmel, F. Fate of pharmaceuticals--photodegradation by simulated solar UV-
light. Chemosphere 2003, 52 (10), 1757-1769. 
268. DNR, M. Blufflands/Rochester Plateau Subsection Forest Resource Management 
Planning Assessment; Minnesota Department of Natural Resources Division of Forestry: St. Paul, 
MN, 2000; p 94. 
269. Land Application of Manure: Minimum State Requirements; Minnesota Pollution Control 
Agency: St. Paul, MN, 2011; p. 
270. United States Census; United States Departement of Commerce - Census Bureau: 
Suitland, MD, 2013; p. 
271. USDA Minnesota Crop-Weather Report; United States Department of Agriculture - 
National Agricultural Statistics Service St. Paul, MN, 2012; p. 
272. Alvarez, D.; Stackelberg, P.; Petty, J.; Huckins, J.; Furlong, E.; Zaugg, S.; Meyer, M. 
Comparison of a novel passive sampler to standard water-column sampling for organic 
contaminants associated with wastewater effluents entering a New Jersey stream. Chemosphere 
2005, 61 (5), 610-622. 
273. Karpuzcu, M. E.; Fairbairn, D.; Arnold, W.; Barber, B. L.; Kaufenberg, E.; Koskinen, W.; 
Novak, P.; Rice, P.; Swackhamer, D. L. Identifying sources of emerging organic contaminants in 
a mixed use watershed using principal components analysis. Environmental Science: Processes 
& Impacts 2014, 16 (10), 2390-2399. 
274. Fairbairn, D. J.; Karpuzcu, M. E.; Arnold, W. A.; Barber, B. L.; Kaufenberg, E. F.; 
Koskinen, W. C.; Novak, P. J.; Rice, P. J.; Swackhamer, D. L. Sediment–water distribution of 
contaminants of emerging concern in a mixed use watershed. Sci. Total Environ. 2015, 505, 896-
904. 
275. EPA, U. S. Guidelines Establishing Test Procedures for the Analysis of Pollutants Under 
the Clean Water Act: Analysis and Sampling Procedures. In 40 CFR Part 136, Agency, U. S. E. 
P., Ed. Federal Register: Washington, D.C., 2012; Vol. 40 CFR Part 136. 
276. Sandstrom, M. W.; Stroppel, M. E.; Foreman, W. T.; Schroeder, M. P. Methods of 
analysis by the US Geological Survey National Water Quality Laboratory: Determination of 
moderate-use pesticides and selected degradates in water by C-18 solid-phase extraction and 
gas chromatography/mass spectrometry; Report 01-4098; US Geological Survey: Reston, VA, 
2001; p 70. 
277. Helsel, D.; Hirsch, R. Hypothesis Tests. In Statistical Methods in Water Resources, 
Techniques of Water-Resources Investigations of the United States Geological Survey. Book 4, 
Hydrologic Analysis and Interpretation. Chapter A3, US Geological Survey: Reston, VA, 2002; pp 
1-524. 
278. EPA, U. S. Nonylphenol (NP) and Nonylphenol Ethoxylates (NPEs) Action Plan; RIN 
2070-ZA09; United States Environmental Protection Agency: Washington, D.C., 2010; p. 
279. MDA Pesticide Sales Database Search. 
http://www2.mda.state.mn.us/webapp/lis/chemsold_default.jsp (accessed 6/26/2014). 
280. EPA, U. S. Reregistration Eligibility Decision (RED) for Mecoprop-p (mcpp); 738-R-07-
009; United States Environmental Protection Agency: Washington, D.C., 2007; p. 
 118 
 
281. Kelly, M. M.; Arnold, W. A. Direct and indirect photolysis of the phytoestrogens genistein 
and daidzein. Environ. Sci. Technol. 2012, 46 (10), 5396-5403. 
282. Mast, M. A.; Foreman, W. T.; Skaates, S. V. Organochlorine compounds and current-use 
pesticides in snow and lake sediment in Rocky Mountain National Park, Colorado, and Glacier 
National Park, Montana, 2002-03; SIR 2006-5119; US Geological Survey: Reston, VA., 2006; p 
54. 
283. Xu, W.; Zhang, G.; Li, X.; Zou, S.; Li, P.; Hu, Z.; Li, J. Occurrence and elimination of 
antibiotics at four sewage treatment plants in the Pearl River Delta (PRD), South China. Water 
Res. 2007, 41 (19), 4526-4534. 
284. Gasser, G.; Rona, M.; Voloshenko, A.; Shelkov, R.; Lev, O.; Elhanany, S.; Lange, F.; 
Scheurer, M.; Pankratov, I. Evaluation of micropollutant tracers. II. Carbamazepine tracer for 
wastewater contamination from a nearby water recharge system and from non-specific sources. 
Desalination 2011, 273 (2), 398-404. 
285. Zhang, W.; Keller, A. A.; Yue, D.; Wang, X. Management of urban road runoff containing 
PAHs: probabilistic modeling and its application in Beijing, China. JAWRA Journal of the 
American Water Resources Association 2009, 45 (4), 1009-1018. 
286. Heberer, T. Occurrence, fate, and removal of pharmaceutical residues in the aquatic 
environment: a review of recent research data. Toxicol. Lett. 2002, 131 (1-2), 5-17. 
287. Xue, N.; Xu, X.; Jin, Z. Screening 31 endocrine-disrupting pesticides in water and surface 
sediment samples from Beijing Guanting reservoir. Chemosphere 2005, 61 (11), 1594-1606. 
288. Karickhoff, S. W. Semi-empirical estimation of sorption of hydrophobic pollutants on 
natural sediments and soils. Chemosphere 1981, 10 (8), 833-846. 
289. Keefe, S.; Barber, L.; Brown, G.; Schoenfuss, H.; Kiesling, R.; Gray, J. Occurrence, fate, 
and ecosystem implications of endocrine active compounds in select rivers of Minnesota, In 
American Geophysical Union, Fall Meeting 2009, 2009; p 1034. 
290. EPA, U. S. Estimation Programs Interface Suite™ for Microsoft® Windows; United States 
Environmental Protection Agency: Washington, DC, 2013; p. 
291. Harris, C.; Sheets, T. Influence of soil properties on adsorption and phytotoxicity of CIPC, 
diuron, and simazine. Weeds 1965, 215-219. 
292. Brown, D.; Flagg, E. Empirical prediction of organic pollutant sorption in natural 
sediments. J Environ Qual 1981, 10 (3), 382-386. 
293. Schaffer, M.; Boxberger, N.; Börnick, H.; Licha, T.; Worch, E. Sorption influenced 
transport of ionizable pharmaceuticals onto a natural sandy aquifer sediment at different pH. 
Chemosphere 2012, 87 (5), 513-520. 
294. Laird, D. A.; Yen, P. Y.; Koskinen, W. C.; Steinheimer, T. R.; Dowdy, R. H. Sorption of 
atrazine on soil clay components. Environ. Sci. Technol. 1994, 28 (6), 1054-1061. 
295. Grundl, T.; Small, G. Mineral contributions to atrazine and alachlor sorption in soil 
mixtures of variable organic carbon and clay content. J. Contam. Hydrol. 1993, 14 (2), 117-128. 
296. Erickson, M. L.; Langer, S. K.; Roth, J. L.; Kroening, S. E. Contaminants of Emerging 
Concern in Ambient Groundwater in Urbanized Areas of Minnesota, 2009-12; SIR 5096; U.S. 
Geological Survey: Reston, VA, 2014; p. 
297. Schenck, K.; Rosenblum, L.; Ramakrishnan, B.; Carson, J.; Macke, D.; Nietch, C. 
Correlation of trace contaminants to wastewater management practices in small watersheds. 
Environmental Science: Processes & Impacts 2015, 17 (5), 956-964. 
298. Lapen, D.; Topp, E.; Metcalfe, C.; Li, H.; Edwards, M.; Gottschall, N.; Bolton, P.; Curnoe, 
W.; Payne, M.; Beck, A. Pharmaceutical and personal care products in tile drainage following 
land application of municipal biosolids. Sci. Total Environ. 2008, 399 (1), 50-65. 
299. Fairbairn, D. J.; Karpuzcu, M. E.; Arnold, W. A.; Barber, B. L.; Kaufenberg, E. F.; 
Koskinen, W. C.; Novak, P. J.; Rice, P. J.; Swackhamer, D. L. Contaminants of emerging concern 
in a mixed land use watershed: a two year study of fluvial occurrence and spatiotemporal 
variation. Environ. Toxicol. Chem. in review. 
 119 
 
300. NOAA Quantitative Precipitation Forecasts. http://www.hpc.ncep.noaa.gov/qpf/qpf2.shtml 
(accessed May 5th, 2015). 
301. Kelly Registration Systems, I. North Dakota Department of Agriculture Pesticide 
Database. http://www.kellysolutions.com/ND/pesticideindex.asp (accessed May 5th, 2015). 
302. Ashton, D.; Hilton, M.; Thomas, K. Investigating the environmental transport of human 
pharmaceuticals to streams in the United Kingdom. Sci. Total Environ. 2004, 333 (1), 167-184. 
303. Zhang, K.; Randelovic, A.; Page, D.; McCarthy, D. T.; Deletic, A. The validation of 
stormwater biofilters for micropollutant removal using in situ challenge tests. Ecol. Eng. 2014, 67, 
1-10. 
304. O'Dell, C. personal communication. 04/23/2015 
305. FDA, U. S. Listing of Environmental Assessments and Findings of No Significant Impact; 
U.S. Food and Drug Administration: Silver Springs, MD, 2014; p. 
306. SRC Interactive PhysProp Database. http://esc.syrres.com/fatepointer/search.asp 
(accessed 05/01/2015). 
307. Jones, O.; Voulvoulis, N.; Lester, J. Aquatic environmental assessment of the top 25 
English prescription pharmaceuticals. Water Res. 2002, 36 (20), 5013-5022. 
308. Hiller, E.; Krascsenits, Z.; Čerňanský, S.; Milička, J. Effect of soil and sediment 
composition on acetochlor sorption and desorption. Environmental Science and Pollution 
Research 2009, 16 (5), 546-554. 
309. Ling, W.; Xu, J.; Gao, Y. Dissolved organic matter enhances the sorption of atrazine by 
soil. Biol. Fertility Soils 2006, 42 (5), 418-425. 
310. Stein, K.; Ramil, M.; Fink, G.; Sander, M.; Ternes, T. Analysis and sorption of 
psychoactive drugs onto sediment. Environ. Sci. Technol. 2008, 42 (17), 6415-6423. 
311. Ternes, T. A.; Herrmann, N.; Bonerz, M.; Knacker, T.; Siegrist, H.; Joss, A. A rapid 
method to measure the solid-water distribution coefficient (Kd) for pharmaceuticals and musk 
fragrances in sewage sludge. Water Res. 2004, 38 (19), 4075-4084. 
312. Conkle, J. L.; Gan, J.; Anderson, M. A. Degradation and sorption of commonly detected 
PPCPs in wetland sediments under aerobic and anaerobic conditions. J. Soils Sed. 2012, 12 (7), 
1164-1173. 
 
 121 
 
APPENDIX 
 
Table A-1. Characteristics of South Fork of the Zumbro River (SFZR) sampling sites and associated drainage areas. WWTP = wastewater treatment plant. 
Sampling Sites Characteristics of Associated Drainage Area 
Site Median 
Flow a 
(m3/s) 
Area 
(km2) 
Land Use 
Category 
Extent 
Developed 
(%) 
Agricultural 
Extent (%) 
Est. Human Pop. (% 
Sewer/%Septic) b 
Human Pop. 
Density 
(ppl/km2) 
Livestock Types 
(Pop.) 
Willow Creek 0.08 18.7 Agricultural 2.6 53.2 432 (15/85) 23 Poultry (35k) 
Bear Creek 1.5 212 Mixed 12.0 52.3 28.2k (75/25) 133 Poultry (50k)/Swine 
(20k)/Cattle (7k) 
SFZR Upstream 2 
(SFZR-US2) 
3.7 404 Agricultural 3.0 73.3 13.2k (70/30) 33 Poultry (8k)/Swine 
(47k)/ Cattle (12k) 
SFZR Upstream 1 
(SFZR-US1) 
5.1 785 Mixed 8.1 64.9 97.2k (85/15)  Poultry (101k)/Swine 
(68k)/Cattle (22k) 
WWTP Effluent 0.62 142 Urban/Resid
ential 
64.1 23.6 106.8kc(100/0) 124 N/Ad 
SFZR Downstream 
(SFZR-DS) 
5.7 786 Mixed 9.4 63.9 97.2k (85/15) 122 Poultry (101k)/Swine 
(73k)/Cattle 
(22k)/Mink (13k) 
a Average flows are for 2011-2012. 
b Percent sewer or septic indicates the portion of the given population using municipal sewer or private onsite sanitary (septic) systems, respectively. 
c the population served by the WWTP is greater that of the SFZR drainage area because a portion of the WWTP service area lies outside of the SFZR drainage 
area 
d N/A: not applicable 
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Table A-2. Quality assurance/quality control data and selected characteristics of studied compounds. 
Compound Primary Use - Class CAS# MRL 
(ng/L), 
grab and 
composit
e water 
samples 
Labor
atory 
Spike 
Recov
ery 
(%) 
RSD, 
laborat
ory 
spikes 
(n=7) 
Matrix 
Recove
ry, 
mean 
(%) 
(n=4) 
RPD, 
mean, 
duplicate 
water 
sample 
analyses 
(n=3 pairs) 
Solubil
ity 
(mg/L) 
Log 
Kow 
pKa 
Acetochlor Agricultural - Herbicide 34256-82-1 0.89/1.8 97.8 2.6 72.6 10.6 223a 3.03a N/A 
Atrazine Agricultural - Herbicide 1912-24-9 0.30/0.62 91.2 2.0 85.1 11.3 30a 2.61a 1.68 
Metolachlor Agricultural - Herbicide 51218-45-2 0.90/1.9 104.8 1.9 77.2 24.5 480, 
530a 
3.13e N/A 
Monensin Veterinary – Antibiotic 17090-79-8 12/24 89.6 35 65.1 N/A 0.003a 5.43b 4.3e 
Tylosin Veterinary – Antibiotic 1401-69-0 3.3/6.8 53.3 3.9 35.3 6.0 5a 1.63a 7.7e 
Virginiamycin 
M1 
Veterinary – Antibiotic 21411-53-0 1.8/3.6 101.6 2.0 86.6 N/A 1.6k 0.06k N/A 
Zeranol Veterinary – Synthetic hormone 26538-44-3 0.59/1.2 91.3 12.5 85.3 N/A 2.9d 5.37b 8.4, 11.4c 
Carbaryl Mixedg – Insecticide 63-25-2 0.49/1.0 161.2 0.7 130.9 25.3 110a 2.36a 10.4e 
Chlorpyrifos Mixedg – Insecticide 2921-88-2 700/1400 116.6 22 97.5 N/A 1.12a 4.94a F/A 
Iprodione Mixedg – Fungicide 36734-19-7 14/30 100.6 17.1 71.4 N/A 13.9a 3.00a F/A 
Mecoprop Urban/Residential – Herbicide 93-65-2 0.28/0.57 92.3 9.6 100.7 11.0 620-
860a 
3.13a 3.1e 
Daidzein Mixedh – Phytoestrogen 486-66-8 0.51/1.0 103.8 2.1 85.7 14.5 570, 
620a 
2.51, 
2.55b 
7.4, 9.9f 
Formononetin Mixedh – Phytoestrogen 485-72-3 0.61/1.2 90.6 16.1 96.6 N/A 52.2d 3.11b 7.5 
Genistein Mixedh – Phytoestrogen 446-72-0 15/31 98.3 4.3 78.9 N/A 258, 
412 
2.84b 6.7, 9.6, 
13.0f 
Erythromycin Mixedi - PPCP prescription 
antibiotic 
114-07-8 170/340 94.5 8.3 82.5 2.8 25a 1.6, 
3.06a 
8.8e 
Oxytetracycline Mixedi – PPCP prescription 
antibiotic 
79-57-2 3.8/7.9 130.8 4.3 114.0 N/A 313a -
1.22e 
3.27, 
7.32, 
9.11e 
Sulfamethoxaz
ole 
Mixedi - PPCP prescription 
antibiotic 
723-46-6 8.5/17 99.8 5.4 87.1 7.2 610a 0.89a 5.6e 
17-β-
Trenbolone 
Mixedi – Synthetic hormone 10161-33-8 3.4/6.9 87.6 2.4 81.7 N/A 40-42c 2.7 c N/A 
Trimethoprim Mixedi – PPCP prescription 
antibiotic 
738-70-5 2.5/5.1 102.6 2.8 95.8 3.8 400a 0.91a 7.1e 
 123 
 
4-Nonylphenol Urban/Residential – 
Industrial/commercial surfactant 
104-40-5 69/140 112.9 14.0 101.6 6.7 6.35a 5.76a 10.7e 
Acetaminophen Urban/Residential – PPCP 
nonprescription 
analgesic/antipyretic 
103-90-2 0.56/1.2 98.6 22.1 63.5 17.0 14000a 0.46a 9.4e 
Caffeine Urban/Residential - PPCP 
nonprescription stimulant 
58-08-2 0.58/1.2 103.8 7.4 88.0 8.7 21600a -
0.07a 
3.6e 
Carbamazepin
e 
Urban/Residential - PPCP 
prescription anticonvulsant 
298-46-4 0.11/.0.2
3 
106.4 2.1 84.8 11.7 112e 2.45a 13.9a 
Cotinine Urban/Residential - PPCP 
metabolite 
486-56-6 2.1/4.2 102.5 7.7 58.8 15.6 ~5000
0a 
0.07a 4.5 
Ibuprofen Urban/residential – PPCP 
nonprescription non-steroidal anti-
inflammatory drug 
15687-27-1 0.97/2.0 104.7 10.9 92.8 N/A 21a 3.97a 4.91a 
N,N-Diethyl-
meta-toluamide 
(DEET) 
Urban/Residential – PPCP insect 
repellant 
134-62-3 6.4/13 96.6 4.1 75.8 12.1 912e 2.18a N/A 
Metazachlor 
(surrogate) 
Herbicide – not approved for use in 
the U.S. 
67129-08-2 17/35 93.9 18.7 73.4 3.2 420a 2.13a N/A 
a US EPA (EPI Suite experimental database) [290], b EPI Suite KOWWIN v1.68 [290], c U.S. Food and Drug Administration [305], d EPI Suite WSKOW [290], e 
Environmental Science SRC PhysProp Database [306], f Kelly and Arnold [281], g agricultural and urban/residential pesticide, h may result from agriculture and 
industrial food processing (urban), i approved for human and veterinary use. PPCP = pharmaceuticals and personal care products; N/A = Not Applicable.  
 
Table A-3. Liquid chromatography-tandem mass spectrometry parameters.a 
Positive mode scan conditions 
Compound  
Q1 mass 
(Da) 
Q3 mass 
(Da) 
scan 
time 
(min) 
Parameter     
    
DP EP CEP CE CXP 
Cotinine 177.194 146.100 2.170 51.00 4.00 14.56 23.00 4.00 
Acetaminophen 152.171 110.200 2.250 46.00 8.00 10.00 23.00 4.00 
Caffeine 195.135 138.100 2.410 46.00 6.50 15.15 23.00 4.00 
Sulfamethoxazole 254.157 156.100 9.500 70.00 10.00 17.10 23.00 4.00 
Daidzein 255.136 199.300 9.600 61.00 9.50 17.13 23.00 4.00 
Erythromycin 734.388 158.300 10.000 46.00 9.00 32.94 23.00 4.00 
Genistein 271.137 153.100 10.000 61.00 11.00 17.66 23.00 4.00 
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Carbamazepine 237.223 194.300 10.740 46.00 4.50 16.54 23.00 4.00 
Carbaryl 202.250 145.200 12.090 26.00 3.50 15.38 23.00 4.00 
Atrazine 216.216 174.100 12.240 36.00 15.38 23.00 23.00 4.00 
Deet 192.235 119.100 12.550 41.00 8.00 15.05 23.00 4.00 
Metolachlor 284.295 252.200 15.750 46.00 2.00 18.09 23.00 4.00 
Acetochlor 270.253 224.200 15.870 26.00 6.50 13.00 23.00 6.00 
Iprodione 331.277 246.100 16.700 36.00 1.50 19.64 23.00 6.00 
Monensin 693.443 479.400 25.720 86.00 12.00 31.59 23.00 4.00 
Trimethoprim 291.160 230.200 2.300 61.00 11.00 14.0 31.00 4.00 
Oxytetracycline 461.000 426.300 3.400 36.00 5.00 18.00 25.00 6.00 
Tylosin 916.500 174.207 10.300 66.00 4.00 30.00 51.00 4.00 
Metazachlor 278.260 134.200 13.400 26.00 5.00 12.00 27.00 4.00 
Trenbolone 271.300 115.161 13.500 56.00 6.5 14.00 89.00 4.00 
Virginamcin M1 824.171 205.200 14.500 70.00 10.00 29.338 50.00 4.00 
Chlorpyrifos 350.054 198.100 18.900 70.00 10.00 16.536 50.00 4.00 
 Negative mode scan conditions 
Compound  
Q1 mass 
(Da) 
Q3 mass 
(Da) 
scan 
time 
(min) 
Parameter     
    
DE EP CEP CE CXP 
Genistein 268.792 132.800 10.620 -65.00 -8.00 -20.00 -42.00 -2.00 
Formononetin 266.864 251.900 11.830 -60.00 -8.00 -22.00 -30.00 -4.00 
Zeranol 320.938 276.781 12.620 -85.00 -10.00 -14.00 -32.00 -4.00 
MCPP-d3 215.832 143.747 13.150 -25.00 -4.00 -12.00 -22.00 -2.00 
MCPP 212.773 140.691 13.150 -30.00 -4.00 -16.33 -20.00 -2.00 
Ibuprofen 204.937 161.000 14.900 -20.00 -10.00 -16.06 -10.00 -4.00 
4-Nonlyphenol 219.000 105.900 18.900 -75.00 -7.50 -16.00 -28.00 0.00 
a Curtain gas = 25 psi, GS1 gas = 30 psi, GS2 gas 30 psi, positive mode ionization voltage 5500.00, negative mode ionization voltage -4500.00, temperature 
300°C. Collision energy (CE), CXP = collision cell exit potential, declustering potential (DP), entrance potential (EP) collision cell entrance potential (CEP). 
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Table A-4. CEC data for grab water samples (n=68) (Chapter 4). Concentration values (ng/L) are listed with two significant figures. 
Sample 
Date 
Site Seas
on 
Flow 
(cfs) 
Acetami
nophen 
Aceto
chlor 
Atrazi
ne 
Caffei
ne 
Carbam
azepine 
Carbar
yl 
Cotinin
e 
Daidze
in 
DEET Erythro
mycin 
Metol
achlor 
Sulfamet
hoxazole 
4-
Nonylphenol 
Meco
prop 
Trimeth
oprim 
Tylosi
n 
02.10.2011 BC W 27.6 2.5 2.7 23 19 1.0 <MRL <MRL <MRL 18 <MRL 46 <MRL <MRL <MRL <MRL <MRL 
01.30.2012 BC W 13.6 4.2 1.4 23 3.8 1.3 <MRL <MRL <MRL 7.3 <MRL 5.7 <MRL <MRL <MRL <MRL <MRL 
02.10.2011 US2 W 130 <MRL 2.1 5.2 200 <MRL <MRL <MRL <MRL 14 <MRL 11 <MRL <MRL <MRL <MRL <MRL 
01.30.2012 US2 W 10.5 4.7 <MRL 31 5.1 <MRL <MRL <MRL 1.2 7.9 <MRL 1.2 <MRL <MRL <MRL 3.4 <MRL 
02.10.2011 WC W 0.5 2.7 15 20 11 <MRL <MRL <MRL 1.1 16 <MRL 18 <MRL <MRL <MRL <MRL <MRL 
01.30.2012 WC W 0.5 4.1 <MRL 27 1.9 <MRL <MRL <MRL 1.5 7.5 <MRL <MRL <MRL <MRL <MRL 5.5 <MRL 
02.10.2011 DS W 124 9.8 <MRL 11 130 210 <MRL <MRL <MRL 62 250 5.6 2400 11000 0.61 40 <MRL 
01.30.2012 DS W 77.9 3.8 <MRL 9.6 15 88 0.59 8.7 0.67 21 340 <MRL 230 190 0.35 33 9.1 
03.18.2011 BC Sp 305 6.4 <MRL 0.7 1.5 1.7 1.5 4.7 1.7 <MRL <MRL 2.3 <MRL <MRL <MRL <MRL <MRL 
03.23.2012 BC Sp 30 4.0 13 32 10 <MRL <MRL <MRL 1.4 19 <MRL 54 <MRL <MRL <MRL <MRL <MRL 
03.18.2011 US2 Sp 1670 9.1 <MRL <MRL <MRL <MRL <MRL <MRL <MRL <MRL <MRL <MRL <MRL 380 <MRL <MRL <MRL 
03.23.2012 US2 Sp 65.3 <MRL 8.0 21 17 <MRL <MRL <MRL 0.7 19 <MRL 11 <MRL <MRL <MRL <MRL <MRL 
03.18.2011 WC Sp 5.0 7.2 <MRL 7.0 20 <MRL <MRL <MRL 2.1 21 <MRL 17 <MRL 430 <MRL <MRL <MRL 
03.23.2012 WC Sp 2.0 <MRL <MRL 19 2.2 <MRL <MRL <MRL 1.4 8.7 <MRL 1.5 <MRL <MRL <MRL <MRL <MRL 
03.18.2011 DS Sp 2110 13 66 11 28 26 <MRL <MRL <MRL 34 <MRL 440 68 1100 1.4 7.9 <MRL 
03.23.2012 DS Sp 138 4.8 1.4 16 59 96 <MRL 4.3 3.1 44 260 3.0 430 120 2.4 27 15 
05.03.2012 BC ES 31.2 4.0 44 56 28 <MRL <MRL 2.5 1.4 13 <MRL 72 <MRL <MRL 11 7.0 <MRL 
05.03.2012 US2 ES 52.2 4.3 17 39 15 <MRL <MRL <MRL 1.1 7.2 <MRL 6.7 <MRL <MRL 0.58 10 <MRL 
05.03.2012 WC ES 1.8 4.5 8.5 19 2.5 <MRL <MRL <MRL 0.74 <MRL <MRL 2.4 <MRL <MRL <MRL <MRL <MRL 
05.03.2012 DS ES 117 2.6 35 42 54 73 2.7 <MRL 0.72 110 200 41 120 75 14 39 4.0 
06.03.2011 BC ES 91 3.7 13 30 10 0.37 <MRL <MRL <MRL 9.6 <MRL 46 <MRL <MRL 0.33 <MRL <MRL 
05.10.2012 BC ES 75.4 3.9 25 46 17 <MRL <MRL <MRL 0.88 19 <MRL 38 <MRL <MRL 4.0 <MRL <MRL 
06.03.2011 US2 ES 166 7 7.3 36 11 <MRL <MRL <MRL <MRL 25 <MRL 26 <MRL <MRL <MRL <MRL <MRL 
05.10.2012 US2 ES 91.7 4.4 150 160 11 <MRL <MRL <MRL <MRL 15 <MRL 45 <MRL <MRL <MRL 4.6 <MRL 
06.3.2011 WC ES 14 3 11 30 42 <MRL <MRL <MRL <MRL 11 <MRL 110 <MRL <MRL <MRL 7.6 <MRL 
05.10.2012 WC ES 2.7 7.6 50 42 12 <MRL <MRL <MRL <MRL 35 <MRL 28 <MRL <MRL <MRL <MRL <MRL 
06.03.2011 DS ES 334 4.1 58 27 14 69 3.0 3.5 <MRL 37 340 95 150 <MRL 3.6 32 <MRL 
05.10.2012 DS ES 235 3.4 98 68 24 87 0.54 5.4 1.2 120 390 27 210 390 19 68 3.6 
06.10.2011 BC ES 80 2.5 <MRL 50 9.8 0.28 <MRL <MRL <MRL 5.7 <MRL 36 <MRL <MRL 13 3.2 <MRL 
05.17.2012 BC ES 42.1 4.3 14 57 15 <MRL <MRL <MRL 1.4 13 <MRL 31 <MRL <MRL 0.5 4.6 <MRL 
06.10.2011 US2 ES 90 4 10 54 <MRL <MRL <MRL <MRL 0.44 14 <MRL 33 <MRL <MRL <MRL <MRL <MRL 
05.17.2012 US2 ES 45.2 3.9 20 74 13 <MRL <MRL <MRL <MRL 14 <MRL 23 <MRL <MRL <MRL 5.2 <MRL 
06.10.2011 WC ES 5.6 3.9 12 32 0.84 <MRL <MRL <MRL <MRL 19 <MRL 70 <MRL <MRL <MRL <MRL <MRL 
05.17.2012 WC ES 1.4 4.7 59 46 91 <MRL <MRL <MRL <MRL 11 <MRL 26 <MRL <MRL <MRL <MRL <MRL 
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06.10.2011 DS ES 275 7 16 60 53 45 <MRL 2.7 0.8 35 560 35 170 <MRL 18 34 4.4 
05.17.2012 DS ES 118 3.9 11 38 81 99 5.0 5.5 <MRL 100 430 14 180 350 30 48 <MRL 
08.23.2011 BC LS 43.7 <MRL <MRL 1.9 12 0.52 <MRL <MRL <MRL 16 <MRL 49 <MRL <MRL 3.0 5.7 <MRL 
08.27.2012 BC LS 15.1 3.3 1.2 44 230 <MRL <MRL <MRL <MRL 13 <MRL 9.1 <MRL <MRL 0.58 6.0 <MRL 
08.23.2011 US2 LS 27.3 1.9 <MRL 32 230 <MRL <MRL <MRL <MRL 17 <MRL 6.8 <MRL <MRL 0.65 3.9 <MRL 
08.27.2012 US2 LS 68.2 2.7 <MRL 17 8.4 1.0 <MRL <MRL 0.86 <MRL <MRL 21 <MRL <MRL 0.55 7.3 <MRL 
08.23.2011 WC LS 2.8 2.3 <MRL 34 140 <MRL <MRL <MRL <MRL 22 <MRL <MRL <MRL 170 <MRL 8.3 <MRL 
08.27.2012 WC LS 0.06 2.2 <MRL 32 76 <MRL <MRL 3.1 0.64 <MRL <MRL 1.2 <MRL <MRL <MRL 6.1 <MRL 
08.23.2011 DS LS 134 2 <MRL 29 160 85 <MRL 2.4 <MRL 90 110 10 240 2700 4.5 16 <MRL 
08.27.2012 DS LS 59.2 5.9 <MRL 17 120 100 <MRL 5.8 0.54 23 370 5.0 490 1100 9.7 15 5.8 
08.30.2011 BC LS 37 0.44 <MRL 31 2.9 0.53 <MRL <MRL 0.38 20 <MRL 33 <MRL <MRL 0.44 14 <MRL 
09.04.2012 BC LS 13.3 3.1 <MRL 15 250 0.83 <MRL <MRL 1.3 55 <MRL 12 <MRL <MRL <MRL 8.7 <MRL 
08.30.2011 US2 LS 30.2 1.1 <MRL 27 7.2 <MRL <MRL <MRL <MRL 9.1 <MRL 7.6 <MRL <MRL <MRL 3.4 <MRL 
09.04.2012 US2 LS 3.9 3.1 <MRL 43 6.0 <MRL <MRL <MRL 0.92 23 <MRL 8.8 <MRL <MRL 1.1 8.7 <MRL 
08.30.2011 WC LS 2.8 1.7 <MRL 28 14 <MRL <MRL <MRL <MRL 11 <MRL 10 <MRL <MRL <MRL 4.5 <MRL 
09.04.2012 WC LS 0.1 4.2 <MRL 44 89 <MRL <MRL <MRL <MRL 42 <MRL <MRL <MRL <MRL <MRL 6.3 <MRL 
08.30.2011 DS LS 141 2.6 <MRL 40 8.4 80 <MRL <MRL <MRL 15 1200 10 770 2300 1.4 6.8 4.1 
09.04.2012 DS LS 54.6 5.9 <MRL 19 47 110 <MRL 3.9 <MRL 78 600 <MRL 460 1100 2.7 17 3.4 
11.23.2011 BC F 20 1.1 0.85 29 27 1.7 <MRL <MRL <MRL 7.3 <MRL 20 <MRL <MRL <MRL 5.3 <MRL 
10.22.2012 BC F 9.2 1.8 <MRL 18 110 0.81 <MRL 3.9 <MRL 29 <MRL 8.4 <MRL <MRL 4.5 5.5 <MRL 
11.23.2011 US2 F 24.3 1.0 <MRL 29 4.9 <MRL <MRL <MRL <MRL 17 <MRL 7.5 <MRL <MRL <MRL 4 <MRL 
10.22.2012 US2 F 25 1.2 <MRL 45 100 <MRL <MRL 2.2 <MRL 15 <MRL 4.4 <MRL <MRL 6.9 8.5 <MRL 
11.23.2011 WC F 0.8 3.2 <MRL 28 9.1 <MRL <MRL <MRL <MRL 43 <MRL 3.8 <MRL <MRL <MRL 24 <MRL 
10.22.2012 WC F 0.3 0.99 <MRL 45 43 <MRL <MRL <MRL <MRL 40 <MRL <MRL <MRL 200 <MRL 4.5 <MRL 
11.23.2011 DS F 91.8 6.1 <MRL 22 23 59 <MRL 3.5 0.69 13 1800 5 2400 2700 1.3 11 8.3 
10.22.2012 DS F 81.9 3.2 <MRL 25 61 150 <MRL 3.4 <MRL 47 220 7 59 630 12 11 3.6 
11.30.2011 BC F 16 1.4 1.4 28 5.0 2.2 0.61 <MRL <MRL <MRL <MRL 22 8.5 <MRL <MRL 8.7 4.0 
10.29.2012 BC F 9.3 <MRL 0.84 19 130 0.77 <MRL <MRL <MRL 9.8 <MRL 17 <MRL <MRL <MRL 5 <MRL 
11.30.2011 US2 F 23.3 1.1 <MRL 28 4.0 0.27 <MRL 1.9 0.44 10 <MRL 7 <MRL <MRL <MRL 6.8 <MRL 
10.29.2012 US2 F 28 <MRL <MRL 390 17 <MRL <MRL <MRL <MRL 9.9 <MRL 4.7 <MRL <MRL <MRL 7.5 <MRL 
11.30.2011 WC F 1.04 1.7 <MRL 26 1.9 <MRL <MRL <MRL <MRL <MRL <MRL 3.1 <MRL <MRL <MRL 28 <MRL 
10.29.2012 WC F 0.05 <MRL <MRL 40 27 <MRL <MRL <MRL <MRL 27 <MRL <MRL <MRL <MRL <MRL <MRL <MRL 
11.30.2011 DS F 93 5.9 <MRL 17 17 49 <MRL 3.8 <MRL <MRL 28 4.0 1700 2200 1.3 10 8.9 
10.29.2012 DS F 60.4 2.1 1.2 21 71 130 <MRL <MRL <MRL 23 390 13 270 2200 19 7.6 3.5 
03.23.2012 US1 Sp 116 0.97 3.1 29 140 <MRL <MRL 4.5 2.1 13 <MRL <MRL <MRL <MRL 2.4 <MRL <MRL 
05.03.2012 US1 ES 90 4.9 82 86 110 <MRL <MRL 4.4 0.91 11 <MRL <MRL <MRL <MRL 23 10 <MRL 
05.10.2012 US1 ES 209 4.6 220 160 19 <MRL <MRL <MRL <MRL 18 <MRL <MRL <MRL <MRL 4.4 6.7 <MRL 
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05.17.2012 US1 ES 91 3.6 18 53 28 <MRL <MRL <MRL <MRL 9 <MRL <MRL <MRL <MRL 1.4 9.9 <MRL 
08.27.2012 US1 LS 36 4.5 1.2 31 61 <MRL <MRL 4.8 1.49 18 <MRL <MRL <MRL <MRL 17 15 <MRL 
09.04.2012 US1 LS 31 4.1 1.2 29 29 <MRL <MRL <MRL <MRL 15 <MRL <MRL <MRL <MRL 1.3 34 <MRL 
10.22.2012 US1 F 58 1.4 0.88 34 90 0.35 <MRL 2.4 <MRL 27 <MRL 64 <MRL <MRL 13 16 <MRL 
10.29.2012 US1 F 38 0.7 2.1 26 71 0.18 <MRL <MRL <MRL 14 <MRL 40 <MRL 91 25 13 <MRL 
 
 
 
Table A-5. Results of statistical comparisons (non-parametric multi-factor ANOVA) of grab water sample data (Chapter 4).a 
 Parameter Factor 
Acetami
nophen 
Acetoc
hlor 
Atrazine Caffeine 
Carbam
azepine 
 
Carbary
l 
Cotinin
e 
Daidze
in 
DEET 
Erythro
mycin 
Metolac
hlor 
Sulfame
thoxazol
e 
4-
Nonylp
henol 
MCPP 
Trimeth
oprim 
Tylosin 
Concentration Site  0..013* 0.05*  0.153 0.03*  <0.001* 0.008* <0.001* 0.867 <0.001* <0.001* 0.005*  <0.001*  <0.001* <0.001* <0.001*  <0.001* 
Concentration 
Seaso
n 
0.001* <0.001* 0.002* 0.23 0.243 0.115 0.931 0.002* 0.796 0.623 <0.001* 0.180 0.026* 0.003* 0.001* 0.397 
Concentration 
Site*Se
ason  
<0.001* 
   
<0.001* 
        
0.041* 
 
Flux Site <0.001* 0.008*  <0.001*  <0.001*  <0.001* 0.007* <0.001* 0.833 <0.001* <0.001* <0.001*  <0.001*  <0.001* <0.001* <0.001*  <0.001* 
Flux 
Seaso
n 
<0.001* <0.001* <0.001* 0.579 0.771 0.100 0.799 0.040* 0.002* 0.155 0.001* 0.680 0.020* 0.013* 0.002* 0.466 
Flux 
Site*Se
ason  
<0.001* 
   
<0.001* 
       
<0.001* 0.039* 
 
a An asterisk (*) indicates that the results is statistically significant at the α=0.05 level. Figures 4-3 to 4-6 in the manuscript display the significant differences among 
groups by sites and seasons. The interaction term is indicated by the factor “site*season”. P-values for interactions are only presented if they were significant. If 
interactions were not significant, they were removed from the ANOVA model, and the p-values presented for the main effects of site and season for that CEC are 
the p-values for the model that did not include the interaction term. 
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Figure A-1. Plots of significant interactions of season and site on CEC concentrations (Chapter 4). 
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Table A-6. Occurrence data for in sediment (n=60) and water (n=60) samples for the 7 CECs detected in sediment (Chapter 5).a 
aAll sediment concentrations are in units of ng/g dry weight. Method reporting limits (MRL), detection frequencies, summary concentration data, and mean Kd-obs 
(over all sampling events in which the CEC was detected in both water and sediment) for the CECs in sediment and water are included. For each CEC, the 
difference between its mean log Kd-obs and a Kow-based prediction [288] is given. Rows are arranged in order of increasing Kow. 
 
Table A-7. P-values of ANOVA results and pairwise comparisons for the significance of site, year, and seasonal factors on CEC variability (Chapter 5).a  
Factor Parameter Acetaminophen Acetochlor Atrazine Caffeine Carbamazepine Daidzein DEET 
Season [C]sed 0.072 0.192 0.829 0.125 0.577 0.334 0.342 
  [C]water 0.004*  0.001* 0.001* 0.005* 0.170 0.010* 0.208 
Kd-obs 0.013*  0.0001* (F/W/LS) 0.109 <0.0001*  0.084 NC 0.443 
        
 Site [C]sed 0.0003* <.0001* 0.021* 0.001* 0.031* 0.449 0.462 
  [C]water <0.0001* 0.017* 0.083 0.003* <0.0001* 0.641 0.0004* 
  Kd-obs 0.015* (BC) 0.023* (BC) 0.071 0.082 0.0084* (WWTP) NC 0.765 
        
 Year [C]sed 0.003* (2012) 0.016* (2012) 0.292 0.032* (2012) 0.939 0.404 0.656 
  [C]water 0.236 0.133  0.063 0.094 0.169 0.956  0.134 
  Kd-obs 0.317 0.854 0.227 0.347 0.024* (2011) NC 0.153 
a Significant p-values are indicated with an asterisk (*). For significant effects on Kd-obs, the factor level listed in parenthesis indicates the group(s) that was 
significantly higher than other groups. For significant effects of site or season on water or sediment concentrations, see Figures 5-2 and 5-3 for point estimates of 
the mean; for effect of year on water or sediment concentrations, the higher of the two years is listed in parentheses. NC = not calculated due to lack of sufficient 
number of data points; winter (W), late summer (LS), fall (F), Bear Creek (BC), SFZR-WWTP (WWTP). 
CEC MRL in Sediment 
(ng/g)/ Water 
(ng/L) 
Detection 
Frequency 
Sediment/ Water, % 
Concentration 
Range (Mean) in 
Sediment (ng/g) 
Concentration Range 
(Mean) in Water 
(ng/L) 
Avg. log Kd-obs Difference between ave. 
measured log Kd-obs and 
predicted log Kd 
Caffeine 0.12/0.58 100/98.3 0.16-1.3 (0.44) 0.84-250    (44) 1.3 4.1 
Acetaminophen 0.11/0.56 90.0/88.3 0.16-21     (2.8) 0.99-7.0    (3.5) 2.5 4.8 
DEET 1.3 /6.4 30.0/88.3 1.3-3.5      (2.2) 7.2-110      (27) 2.0 2.6 
Carbamazepine 0.02/0.11 13.3/45.0 0.03-0.11 (0.06) 0.27-150   (49) -0.2 0.1 
Daidzein 0.10/0.51 21.7/31.7 0.17-1.1   (0.50) 0.54-3.1    (1.1) 2.3 2.5 
Atrazine 0.06/0.30 21.7/100 0.06-0.28 (0.13) 1.8-390     (40) 0.6 0.7 
Acetochlor 0.18/0.89 56.7/43.3 0.21-49     (5.2) 1.2-180     (28) 2.2 1.9 
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Table A-8. Sediment data, water data, and observed sediment-water distribution coefficients (Kd-obs) for detected CECs (Chapter 5). A Kd-obs was only 
calculated if the CEC was quantified above the MRL in both water and sediment at the same site and time (an empty cell indicates no Kd-obs was calculated for that 
paired sampling event). Note: additional water samples were collected, but only sampling events that have a paired water and sediment sample are reported 
herein. Metolachlor was detected in a single sediment sample at a concentration of 0.21 ng/g at site BC on 9.4.2012 (not displayed in this table). Kd-obs values were 
calculated by: [CEC]sed (ng/g) / [CEC]water (ng/L) * (1000g/kg). BC = Bear Creek, GC = South Fork Zumbro River – Golf Course, WC = Willow Creek, WWTP = 
South Fork Zumbro River – Wastewater Treatment Plant, Acetaminophen (ACM), acetochlor (ACC), atrazine (ATR), caffeine (CAF), carbamazepine (CBZ), 
daidzein (DAID). Early Summer (ES), Late Summer (LS), Winter (W), Spring (Sp) 
Sampling Time and 
Location 
Sediment CEC Concentrations (ng/g dry 
weight)  
Water CEC Concentrations (ng/L) of CECs 
detected in sediment 
Log Kd-obs 
Date Site Sea
son 
ACM ACC ATR CAF CBZ DAID DEET ACM ACC AT
R 
CAF CBZ DAID DEET ACM ACC ATR CAF CBZ DAI
D 
DE
ET 
 6.3.11 BC ES 3.2 0.37 <MRL 0.25 <MRL <MRL 2.3 3.7 13 30 10 0.37 <MRL 9.6 2.9 1.4   1.4     2.4 
 6.10.11  BC ES 0.66 0.77 <MRL 0.46 <MRL <MRL 3.5 2.5 <MRL 50 9.8 0.28 <MRL <MRL 2.4     1.7       
 8.23.11 BC LS 7.6 2.1 <MRL 0.23 <MRL <MRL <MRL <MRL <MRL 1.8 12 0.52 <MRL 16       1.3       
 8.30.11 BC LS 0.27 <MRL <MRL 0.45 <MRL 0.38 <MRL <MRL <MRL 31 2.9 0.53 <MRL 20       2.2       
11.23.11 BC Fall 1.2 10 <MRL 0.28 <MRL <MRL <MRL 1.1 <MRL 29 27 1.6 <MRL 7.3 3.0     1.0       
11.30.11 BC Fall 12 8.5 <MRL 0.37 <MRL <MRL <MRL 1.4 1.4 28 5.0 2.2 <MRL <MRL 3.9 3.8   1.9       
 1.30.12 BC W 2.2 7.9 <MRL 0.75 <MRL <MRL <MRL 4.2 1.4 23 3.8 1.2 <MRL 7.3 2.7 3.7   2.3       
 3.23.12 BC Sp 0.56 2.5 <MRL 1.1 <MRL <MRL <MRL 4.0 13 32 10 <MRL 1.4 19 2.2 2.3   2.1       
 5.3.12 BC ES 8.8 14 <MRL 0.65 <MRL <MRL <MRL 4.0 44 56 27 <MRL 1.4 13 3.3 2.5   1.4       
 5.10.12 BC ES 5.8 7.1 <MRL 0.48 <MRL <MRL <MRL 4.3 28 43 20 <MRL 0.88 22 3.1 2.4   1.4       
 5.17.12 BC ES 0.31 3.5 <MRL 0.39 <MRL <MRL <MRL 4.3 14 57 15 <MRL 1.4 13 1.9 2.4   1.4       
 8.27.12 BC LS 1.3 0.57 <MRL 0.71 <MRL 0.30 <MRL 3.3 1.2 44 230 <MRL <MRL 13 2.6 2.7   0.49       
 9.4.12 BC LS 16 49 0.18 1.3 <MRL 0.69 2.2 3.1 <MRL 14 250 0.83 1.3 55 3.7   1.1 0.71   2.7 1.6 
 10.2.12 BC Fall 6.2 23 <MRL 0.82 <MRL <MRL <MRL 1.8 <MRL 18 110 0.81 <MRL 29 3.5     0.88       
 0.29.12 BC Fall 21 11 <MRL 1.2 <MRL 0.45 <MRL <MRL <MRL 19 130 0.77 <MRL 9.8       0.96       
 6.3.11 GC ES 0.57 1.0 <MRL 0.28 <MRL <MRL 2.1 7.0 7.3 36 11 <MRL <MRL 25 1.9 2.1   1.4     1.9 
 6.10.11 GC ES 0.46 0.63 <MRL 0.93 <MRL <MRL 2.1 4.0 10 54 <MRL <MRL <MRL 14 2.1 1.8         2.2 
 8.23.11 GC LS 0.42 <MRL <MRL 0.31 <MRL <MRL <MRL 1.9 <MRL 32 230 <MRL <MRL 17 2.4     0.14       
 8.30.11 GC LS <MRL <MRL <MRL 0.34 <MRL <MRL 1.7 1.1 <MRL 27 7.2 <MRL <MRL 9.1       1.7     2.3 
11.23.11 GC Fall 1.1 6.2 0.16 0.27 <MRL <MRL 1.5 1.0 <MRL 29 4.9 <MRL <MRL 17 3.0   0.73 1.7     2.0 
11.30.11 GC Fall 0.28 <MRL <MRL 0.42 <MRL <MRL <MRL 1.1 <MRL 28 4.0 0.27 <MRL 10 2.4     2.0       
 1.30.12 GC W <MRL 6.2 <MRL 0.19 <MRL <MRL <MRL 4.7 <MRL 30 5.0 <MRL 1.2 7.9       1.6       
 3.23.12 GC Sp 1.9 3.4 <MRL 0.42 <MRL <MRL <MRL <MRL 7.9 21 17 <MRL 0.70 19   2.6   1.4       
 5.3.12 GC ES 12 2.6 <MRL 0.40 <MRL <MRL <MRL 4.3 17 39 15 <MRL <MRL 7.2 3.4 2.2   1.4       
 5.10.12  GC ES 6.0 1.9 0.11 0.19 <MRL <MRL <MRL 4.0 180 130 14 <MRL <MRL 15 3.2 1.0 -0.073 1.1       
 5.17.12 GC ES 0.18 <MRL <MRL 0.24 <MRL 0.17 <MRL 3.9 20 74 13 <MRL <MRL 14 1.7     1.3       
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 8.27.12 GC LS 0.45 0.49 0.08 0.20 <MRL <MRL <MRL 2.7 <MRL 17 8.4 1.0 0.86 <MRL 2.2   0.67 1.4       
 9.4.12 GC LS 0.70 0.63 0.15 0.45 <MRL 1.1 <MRL 3.1 <MRL 43 6.0 <MRL <MRL 23 2.4   0.54 1.9       
10.22.12 GC Fall 0.96 0.21 <MRL 0.27 <MRL <MRL 2.8 1.2 <MRL 45 100 <MRL <MRL 15 2.9     0.42     2.3 
10.29.12 GC Fall 0.66 0.49 <MRL 1.0 <MRL <MRL 2.8 <MRL <MRL 390 17 <MRL <MRL 9.9       1.8     2.4 
 6.3.11 WC ES <MRL <MRL <MRL 0.23 <MRL <MRL <MRL 3.0 11 30 42 <MRL <MRL 11       0.74       
 6.10.11 WC ES 0.30 <MRL 0.28 0.37 <MRL <MRL 1.3 3.9 12 32 0.84 <MRL <MRL 19 1.9   0.95 2.6     1.8 
 8.23.11 WC LS <MRL <MRL <MRL 0.16 <MRL <MRL <MRL 2.3 <MRL 34 140 <MRL <MRL 22       0.05       
 8.30.11 WC LS 0.19 <MRL <MRL 0.34 <MRL <MRL 3.4 1.7 <MRL 28 14 <MRL <MRL 11 2.1     1.4     2.5 
11.23.11 WC Fall 0.24 <MRL 0.068 0.24 <MRL <MRL <MRL 3.2 <MRL 28 9.1 <MRL <MRL 43 1.9   0.38 1.4       
11.30.11 WC Fall 0.38 <MRL 0.069 0.34 <MRL 0.69 <MRL 1.7 <MRL 26 1.9 <MRL <MRL <MRL 2.3   0.43 2.3       
 1.30.12 WC W 12 <MRL 0.27 0.58 <MRL <MRL 1.8 4.1 <MRL 27 1.9 <MRL 1.5 7.5 3.5   1.0 2.5     2.4 
 3.23.12 WC Sp 0.33 <MRL <MRL 0.55 <MRL <MRL <MRL <MRL <MRL 19 2.2 <MRL 1.4 8.7       2.4       
 5.3.12 WC ES 0.31 <MRL <MRL 0.32 <MRL <MRL <MRL 4.5 8.5 19 2.5 <MRL 0.74 <MRL 1.8     2.1       
 5.10.12  WC ES 5.1 0.24 0.064 0.31 <MRL 0.49 <MRL 6.7 49 34 13 <MRL <MRL 33 2.9 0.70 0.28 1.4       
 5.17.12 WC ES 0.25 <MRL <MRL 0.26 <MRL 0.46 <MRL 4.4 63 38 51 <MRL <MRL 9.7 1.8     0.71       
 8.27.12 WC LS 0.78 <MRL 0.083 0.18 <MRL <MRL <MRL 2.2 <MRL 32 76 <MRL 0.64 <MRL 2.6   0.41 0.37       
 9.4.12 WC LS <MRL <MRL <MRL 0.52 <MRL <MRL 1.9 4.2 <MRL 44 89 <MRL <MRL 42       0.77     1.7 
10.22.12 WC Fall 0.36 <MRL <MRL 0.19 <MRL 0.19 2.4 0.99 <MRL 45 43 <MRL <MRL 40 2.6     0.63     1.8 
10.29.12 WC Fall 1.1 <MRL 0.16 0.57 <MRL 1.0 1.4 <MRL <MRL 40 27 <MRL <MRL 27     0.61 1.3     1.7 
 6.3.11 WWTP ES 4.7 <MRL <MRL 0.32 <MRL <MRL <MRL 4.1 58 27 14 69 <MRL 37 3.1     1.3       
 6.10.11  WWTP ES 0.4 <MRL <MRL 0.34 0.032 <MRL <MRL 7.0 16 60 53 45 0.80 35 1.8     0.82       
 8.23.11 WWTP LS 2.6 <MRL <MRL 0.22 0.11 <MRL <MRL 2.0 <MRL 29 160 85 <MRL 90 3.1     0.14 0.112     
 8.30.11 WWTP LS <MRL <MRL <MRL 0.32 <MRL <MRL 1.7 2.6 <MRL 40 8.4 80 <MRL 15       1.6     2.0 
11.23.11 WWTP Fall 0.60 2.3 <MRL 0.42 0.063 <MRL <MRL 6.1 <MRL 22 23 59 0.69 13 2.0     1.3 0.028     
11.30.11 WWTP Fall 0.21 <MRL <MRL 0.47 0.085 <MRL <MRL 5.9 <MRL 17 17 49 <MRL <MRL 1.5     1.4 0.24     
 1.30.12  WWTP W 0.46 1.0 <MRL 0.41 <MRL <MRL <MRL 3.8 <MRL 9.6 15 88 0.67 21 2.1             
 3.23.12 WWTP Sp 0.16 <MRL <MRL 0.68 0.11 0.24 <MRL 4.8 1.4 16 59 96 3.1 44 1.5     1.1 0.06 1.9   
 5.3.12 WWTP ES 0.55 <MRL <MRL 0.36 0.036 <MRL <MRL 2.6 35 42 54 73 0.72 110 2.3     0.82 -0.31     
 5.10.12 WWTP ES 2.3 2.8 <MRL 0.50 <MRL <MRL <MRL 5.7 98 56 14 82 0.73 110 2.6 1.5   1.6       
 5.17.12 WWTP ES 0.34 1.3 <MRL 0.46 <MRL 0.28 2.3 3.9 10 38 81 99 <MRL 100 1.9 2.1   0.76     1.4 
 8.27.12 WWTP LS 1.7 0.22 <MRL 0.46 <MRL <MRL <MRL 5.9 <MRL 17 120 100 0.54 23 2.5     0.59       
 9.4.12 WWTP LS 1.5 3.4 0.067 0.40 <MRL <MRL <MRL 5.9 <MRL 19 47 110 <MRL 78 2.4     0.93       
10.22.12 WWTP Fall 1.5 0.77 <MRL 0.40 0.045 <MRL <MRL 3.2 <MRL 25 61 150 <MRL 47 2.7     0.82 -0.53     
10.29.12 WWTP Fall 0.85 0.22 <MRL 0.20 0.027 <MRL 1.8 2.1 1.2 21 71 130 <MRL 23 2.6 2.3   0.44 -0.7   1.9 
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Table A-9. Mean characteristics of sediment (n=8) and water samples (n=41) collected from the study sites (Chapter 5). TOC=total organic carbon; 
SFZR=South Fork of Zumbro. 
Parameter Bear Creek Willow Creek SFZR-Golf Course SFZR-WWTP 
Sediment TOC (%) 0.55 0.26 0.50 0.53 
Sediment pH 8.3 8.2 8.5 8.0 
Sand/Silt/Clay (%) 83.8/<2.0/16.3 83.8/<2.0/15.0 82.5/<2.0/16.2 82.5/<2.0/16.3 
In-stream pH - mean (range) 8.2 (7.3-8.6) 7.3 (6.8-8.2) 8.0 (7.5-8.3) 7.0 (6.6-7.3) 
 
Table A-10. Detection frequencies of CECs in grab sediment and water samples by season and by site (Chapter 5).  
 Acetaminophen Acetochlor Atrazine Caffeine Carbamazepine Daidzein DEET 
 Sed. Water Sed. Water Sed. Water Sed. Water Sed. Water Sed. Water Sed. Water 
Bear Creek (n=15) 100% 80% 93% 53% 6.7% 100% 100% 100% 0% 67% 27% 33% 20% 87% 
SFZR-Golf Course 
(n=15) 87% 87% 73% 40% 27% 100% 100% 93% 0% 13% 13% 20% 40% 93% 
Willow Creek (n=15) 80% 87% 6.7% 33% 47% 100% 100% 100% 0% 0% 33% 27% 40% 80% 
SZFR-WWTP (n=15) 93% 100% 53% 47% 6.7% 100% 100% 100% 53% 100% 13% 47% 20% 93% 
Winter (n=4) 75% 100% 75% 25% 25% 100% 100% 100% 0% 50% 0% 75% 25% 100% 
Spring (n=4) 100% 50% 50% 75% 0% 100% 100% 100% 25% 25% 25% 100% 0% 100% 
Early Summer (n=20) 95% 100% 60% 95% 15% 100% 100% 95% 10% 35% 20% 35% 30% 90% 
Late Summer (n=16) 75% 88% 44% 6.3% 31% 100% 100% 100% 6.3% 50% 25% 25% 31% 88% 
Fall (n=16) 100% 81% 63% 13% 25% 100% 100% 100% 25% 56% 25% 6.3% 38% 81% 
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Table A-11. Literature and estimated values for Kd (Chapter 5). 
Compound 
 
log Kd (Estimation Methods) 
(displayed in Fig. 4) 
log Kd (Literature) 
(displayed in Fig. 4) 
Kd Koc Reference 
Acetaminophen  0.085 1.2 270 [124] (Tamiya river sediment, TOC: 0.87%) 
   1.8 59 13000 [124] (Akui River, TOC: 0.075%) 
   0.12 1.3 290 [128] (TOC: 1.7%) 
   0.17 1.5 330 [256] (river sediment, TOC: 0.72%)  
   -0.12 0.77 170 [124] (Tatara river, TOC: 1.7%) 
  -1.0  0.09 20 [290] (Kow method) 
  -0.69  0.20 45 [290] (MCI method) 
    0.41 92 [307] 
Acetochlor 0.12  1.3 290 [290] (Kow method) 
   -0.20 0.63 140 [308] (TOC: 2.46%) 
  0.13  1.3 300 [290] (MCI method) 
   1.1 12 2700 [287] (TOC: ~5%) 
  -0.027  0.94 210 [290] 
   -0.26 0.55 120 [308] (TOC 3.46%) 
   -0.16 0.69 150 [308] (TOC 0.89%) 
Atrazine  -0.03 0.93 210 [309] (TOC: 0.79%) 
   -0.066 0.86 190 [309] (TOC: 1.1%) 
  -0.20  0.64 140 [290] (Kow method) 
   -0.12 0.76 170 [262] (2.6-4.1% OC) 
   -0.39 0.41 91 [263] (TOC: 2.5%) 
   -0.018 1.0 230 [264] (TOC: 0.69%) 
   -0.45 0.35 78 [264] (TOC: 0.51%) 
Caffeine -1.4  0.043 9.5 [290] (Kow method) 
  -1.3  0.045 10 [290] (MCI method) 
   1.8 66 15000 [128] (TOC: 1.7%) 
Carbamazepine -0.12  0.76 170 [290] (Kow method) 
  0.78  6.0 1300 [290] (MCI method) 
   -0.35 0.45 100 [124] (Tatara River, TOC: 1.7%)) 
   0.053 1.1 250 [310] (TOC: 0.74%) 
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   0.09   [311] 
   -0.20 0.63 140 [124] Koc (Tamiya River, TOC: 0.87%)) 
   -0.22 0.60 130 [250] (TOC: 0.37%) 
   0.15 1.4 320 [310] (TOC: 4.36%) 
   1.1 12 2700 [255] (TOC: 0.2%) 
   0.11 1.3  [217] 
   -0.31 0.50 110 [124] (Akui River, TOC: 0.075%) 
   0.5 3.2 700 [255] (TOC 0.2%, water pH 7.1) 
Daidzein 0.57  3.7 830 [290] (Kow method) 
  1.0  10 2300 [290] (MCI method) 
   0.94 8.8 1900 [261] (exp’t. using NOM) 
DEET  1.3 21 2400 [312] (TOC 0.89%) high value 
   0.0043 1.0 32 [312] (TOC 0.89%) low value 
  -0.30  0.50 110 [290] (MCI method) 
  -0.49  0.33 72 [290] (Kow method) 
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Table A-12. Concentrations of CECs in 35 water samples (ng/L) collected in 2012 (Chapter 6). SFZR = South Fork of the Zumbro River. “<MRL” indicated the CEC 
was not quantified above the method reporting limit in the sample. 
Date Site 
Aceta
minop
hen 
Aceto
chlor 
Atra
zine 
Caffein
e 
Carbam
azepine 
Carbar
yl 
Cotini
ne 
Daidzei
n 
DEE
T 
Erythro
mycin 
Metola
chlor 
Sulfame
thoxazol
e 
4-
Nonylphen
ol 
Meco
prop 
Trimetho
prim 
Tylosin 
Mar 12 Effluent 10 <MRL 8.1 46 220 <MRL 7.5 <MRL 120 1300 <MRL 1200 460 4.6 53 17 
May 3 Effluent 11 5.1 22 48 210 7.9 12 <MRL 380 1100 <MRL 460 600 20 70 10 
May 10 Effluent 19 <MRL 15 35 170 <MRL 14 <MRL 260 890 <MRL 980 500 42 140 11 
May 17 Effluent 9 <MRL 13 18 170 11 7.6 <MRL 210 580 <MRL 260 530 72 120 9.2 
Sept 4 Effluent 12 <MRL 10 16 260 <MRL 10 <MRL 170 1200 <MRL 760 2000 4.0 11 10 
Oct 22 Effluent 8.6 10 10 17 520 <MRL 6.3 <MRL 100 1100 <MRL 150 2800 6.3 8 10 
Oct 29 Effluent 7.0 <MRL 11 12 440 <MRL <MRL <MRL 42 1200 <MRL 790 5200 1.5 8.3 8.9 
Mar 12 SFZR-US1 1.0 3.1 29 140 <MRL <MRL 4.5 2.1 13 <MRL 8.5 <MRL <MRL 2.4 <MRL <MRL 
May 3 SFZR-US1 4.9 82 86 110 <MRL <MRL 4.4 0.9 11 <MRL 98 <MRL <MRL 23 7.2 <MRL 
May 10 SFZR-US1 4.4 240 160 23 <MRL <MRL <MRL <MRL 19 <MRL 55 <MRL <MRL 4.4 5.1 <MRL 
May 17 SFZR-US1 3.6 18 53 28 <MRL <MRL <MRL <MRL 9 <MRL 26 <MRL <MRL 1.4 6.9 <MRL 
Sept 4 SFZR-US1 4.1 1.2 29 29 <MRL <MRL <MRL <MRL 15 <MRL 6.5 <MRL <MRL 1.3 25 <MRL 
Oct 22 SFZR-US1 1.4 0.9 34 90 0.35 <MRL 2.4 <MRL 27 <MRL 11 <MRL <MRL 13 12 <MRL 
Oct 29 SFZR-US1 0.7 2.1 26 71 0.18 <MRL <MRL <MRL 14 <MRL 22 <MRL 92 25 8.6 <MRL 
Mar 12 Bear Creek 4.0 13 32 10 <MRL <MRL <MRL 1.4 19 <MRL 54 <MRL <MRL <MRL <MRL <MRL 
May 3 Bear Creek 4.0 44 56 28 <MRL <MRL 2.5 1.4 13 <MRL 71 <MRL <MRL 11 7.0 <MRL 
May 10 Bear Creek 3.9 25 46 17 <MRL <MRL <MRL 0.9 19 <MRL 38 <MRL <MRL 4.0 <MRL <MRL 
May 17 Bear Creek 4.3 14 57 15 <MRL <MRL <MRL 1.4 13 <MRL 31 <MRL <MRL 0.5 4.6 <MRL 
Sept 4 Bear Creek 3.1 <MRL 15 250 0.83 <MRL <MRL 1.3 55 <MRL 12 <MRL <MRL <MRL 8.7 <MRL 
Oct 22 Bear Creek 1.8 <MRL 18 110 0.81 <MRL 3.9 <MRL 29 <MRL 8.4 <MRL <MRL 4.5 5.5 <MRL 
Oct 29 Bear Creek <MRL 0.8 19 130 0.77 <MRL <MRL <MRL 10 <MRL 17 <MRL <MRL <MRL 5.0 <MRL 
Mar 12 SFZR-US2 <MRL 8.0 21 17 <MRL <MRL <MRL 0.7 19 <MRL 11 <MRL <MRL <MRL <MRL <MRL 
May 3 SFZR-US2 4.3 17 39 15 <MRL <MRL <MRL 1.1 7 <MRL 6.7 <MRL <MRL 0.6 11 <MRL 
May 10 SFZR-US2 4.4 150 160 11 <MRL <MRL <MRL <MRL 15 <MRL 45 <MRL <MRL <MRL 4.6 <MRL 
May 17 SFZR-US2 3.9 20 74 13 <MRL <MRL <MRL <MRL 14 <MRL 23 <MRL <MRL <MRL 5.2 <MRL 
Sept 4 SFZR-US2 2.5 <MRL 42 6.2 <MRL <MRL <MRL <MRL 22 <MRL 6.4 <MRL <MRL 1.1 8.7 <MRL 
Oct 22 SFZR-US2 1.2 <MRL 45 100 <MRL <MRL 2.2 <MRL 15 <MRL 4.4 <MRL <MRL 6.9 8.5 <MRL 
Oct 29 SFZR-US2 <MRL <MRL 390 17 <MRL <MRL <MRL <MRL 10 <MRL 4.7 <MRL <MRL <MRL 7.5 <MRL 
Mar 12 SFZR-DS 4.8 1.4 16 59 96 <MRL 4.3 3.1 44 260 3.0 430 120 2.5 27 15 
May 3 SFZR-DS 2.6 35 42 54 73 2.7 <MRL 0.72 110 200 41 120 75 14 39.0 4.0 
May 10 SFZR-DS 6.0 92 63 28 96 0.54 5.4 1.2 110 390 22 580 390 19 68.0 3.6 
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May 17 SFZR-DS 3.9 11 38 81 99 5.0 5.5 <MRL 100 430 14 180 350 30 48.0 3.2 
Sept 4 SFZR-DS 5.9 <MRL 19 47 110 <MRL 3.9 <MRL 78 600 <MRL 460 1100 2.7 17.0 3.4 
Oct 22 SFZR-DS 3.2 <MRL 25 61 150 <MRL 3.4 <MRL 47 220 7.0 59 630 12 11.0 3.6 
Oct 29 SFZR-DS 2.1 1.2 21 71 130 <MRL <MRL <MRL 23 390 13 270 2200 19 7.6 3.5 
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Table A-13. Results of statistical comparisons (Chapter 6). Wilcoxon Signed-Rank test results were used to assess the accuracy of the predicted loadings at 
SFZR-DS by comparing them with measured loadings at SFZR-DS. Predictions that differ significantly from measured loadings are indicated by p-values less than 
0.05 in the Wilcoxon Signed-Rank column. Analysis of variance (ANOVA) on ranks was completed to assess differences among loadings due to sampling location. 
When ANOVA models showed significant variation due to location, the protected Least Significant Difference procedure was used to determine which sites differed 
from each other. Sites that do not differ significantly in terms of loading of a given CEC share common letters in the row for that CEC. Note that ANOVA was 
conducted to compare loading in effluent with aggregated upstream areas (i.e., SFZR-DS vs. SFZR-US1 vs. the sum of Bear Creek plus SFZR-US2) and to 
compare loading in effluent against the individual upstream sites (i.e., SFZR-DS vs. Bear Creek vs. SFZR-US2). The pairwise comparisons given under each 
ANOVA indicate significant differences related to the associated ANOVA models. 
 
Compound of 
Interest 
Wilcoxon 
Signed-Rank 
Test of Pred. 
vs. Obs. 
Loadings 
ANOVA on Ranks of Loadings of WWTP-
Effluent, SFZR-US1, and Sum (Bear Creek + 
SFZR-US2) 
ANOVA on Ranks of Loadings of 
WWTP-Effluent, Bear Creek, and 
SFZR-US2 
ANOVA on Ranks of Concentrations 
of WWTP-Effluent, SFZR-DS, and 
SFZR-US1 
p-value of 
group effect 
WWTP 
Effluent 
SFZR-
US1 
Bear Creek + 
SFZR-US2 
p-value of 
group effect 
WWTP 
Effluent 
Bear 
Creek 
SFZR-
US2 
p-value of 
group effect 
WWTP 
Effluent 
SFZR-
DS 
SFZR
-US1 
Acetaminophen 0.176 0.687 A A A 0.034* A B B <0.001* A B B 
Acetochlor 0.018* 0.021* B A A 0.179 A A A 0.071 B B A 
Atrazine 0.028* <0.001* B A A 0.096 B AB A <0.001* B AB A 
Caffeine 0.866 <0.001* B A A 0.481 A A A 0.018* B A A 
Carbamazepine 0.128 <0.001* A B B <0.001* A B C <0.001* A B C 
Carbaryl 0.109 0.119 A A A 0.119 A A A 0.217 A A A 
Cotinine 0.917 0.046* A AB B 0.001* A B B 0.005* A B B 
Daidzein 0.109 0.021* B AB A 0.014* B A AB 0.185 A A A 
DEET 0.176 0.007* A B B <0.001* A B B <0.001* A B C 
Erythromycin 0.499 <0.001* A B B <0.001* A B B <0.001* A B C 
Metolachlor 0.018* <0.001* B A A <0.001* B A A <0.001* B A A 
Sulfamethoxazole 0.028* <0.001* A B B <0.001* A B B <0.001* A B C 
4-Nonylphenol 0.176 <0.001* A B B <0.001* A B B <0.001* A A B 
Mecoprop 0.237 0.059 AB A B 0.006* A B B 0.554 A A A 
Trimethoprim 0.176 0.247 A A A 0.014* A B AB 0.021* A A B 
Tylosin 0.043* <0.001* A B B <0.001* A B B <0.001* A B C 
 
